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ABSTRACT 

 

The occurrence of pharmaceutical residues has long been recognized as a potential health concern; 

however, the fate of these pharmaceuticals has not been thoroughly investigated. In this regard, 

the present thesis aims to investigate the environmental behaviour of two model pharmaceuticals: 

Imipenem (IMP), an antibiotic, and Fluoxetine (FLX), an antidepressant, focusing on stability and 

metal interactions, and devising removal/degradation strategies where applicable.  

 

The findings of the present dissertation indicate that the antibiotic IMP is photolabile and 

thermosensitive, undergoing rapid degradation under ambient light and temperature. The presence 

of dissolved organic matter (DOM) and Cu (II) further accelerate its degradation. The drug also 

exhibits potential to form Imipenem-metal complexes (IMP-Me), exhibiting increased 

antibacterial activity compared to IMP. Since the drug was observed to be labile, no degradation 

strategy was proposed. 

 

In contrast to IMP, FLX resists natural attenuation, resulting in its persistence in aquatic 

environments and making its removal challenging. The present dissertation, thereby, investigates 

physically activated olive-stone-derived biochar for FLX removal. The optimized biochar 

demonstrated superior FLX adsorption, surpassing previously reported waste-derived biochar. To 

further improve practical implementation and achieve FLX degradation, an integration of biochar-

based adsorption and UVC-based photocatalysis was employed. The proposed CuO-BC/UVC 

composite photocatalytic system achieved >95% FLX removal under 2 minutes of treatment. The 

synergistic CuO-BC/UVC system offers a practical, scalable, and safer alternative to more energy-

intensive or chemically harsh oxidation processes. 

 

Overall, the findings for both drugs represent the two extremes of emerging contaminants and 

highlight opposite ends of a decision framework. For IMP, intervention was not deemed necessary 

due to its chemically labile structure and natural attenuation; however, toxicity to bacteria persists 

both with and without transformation, indicating that risk is chemically dynamic and significant, 

despite rapid transformation. On the contrary, FLX is chemically stable, exhibits no metal 

complexation, remains bioavailable, and poses a risk for long-term exposure. This persistence, 
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coupled with chronic effects, makes the invention essential. With these contrasting case studies of 

IMP and FLX, this dissertation aims to establish that the decision to intervene should be guided 

by stability, interaction dynamics, and toxicity of the contaminant.  

 

Keywords: Emerging contaminants, Environment, Fluoxetine, Imipenem, Metals, Toxicity, 

Wastewater 
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Chapter 1: Introduction  

 

Emerging contaminants have garnered increasing attention from regulatory authorities worldwide, 

primarily because of their widespread detection in aquatic environments. Among these, human 

pharmaceuticals have been identified as a key concern and officially recognized by UNESCO as 

contaminants of emerging concern (CECs). Addressing their presence in the environment, 

including their detection and removal, has been included in the 2030 Agenda for Sustainable 

Development Goals by UNESCO 1,2. Among these, antibiotics and antidepressants are of particular 

concern because of their unique modes of action and ecological implications, coupled with 

widespread consumption and frequent detection in the environment.  

While antibiotics are a crucial component of modern medicine for the treatment and prevention of 

existing and 'new' clinical infections, the misuse, overuse, and inappropriate prescription of 

antibiotics directly contribute to an increase in the incidence of multi-drug resistant (MDR) 

infections. For instance, in Canada, from 2018 to 2023, the consumption of the 'Reserve' category 

antimicrobial increased by 52.3%, while total human antibiotic use decreased in all Canadian 

jurisdictions for 'Access' and 'Watch' antibiotics 3. Similarly, the use of 'Reserve' antibiotics 

increased from <1% to 10% between 2014-2018, with an increase of more than 120% in the use 

of carbapenems alone 4. Carbapenems are a class of antibiotics used to treat MDR infections, 

making them an important class for research. In this sense, Imipenem (IMP), which was the first 

carbapenem, was selected as a model antibiotic for the new class of antimicrobials. IMP is a broad-

spectrum carbapenem antibiotic, commonly employed in combination therapies for MDR 

infections. 

In addition to the antibiotic IMP, an antidepressant, Fluoxetine (FLX) was selected as the other 

model pharmaceutical. During the COVID-19 pandemic, the increased rates of incidence of 

psychiatric and mental disorders have led to an increase in the prescription rates and consumption 

of antidepressants globally. For instance, Canada has seen a 26% increase in the use of 

antidepressants from 2019 to 2023, with over 2.5 billion units (tablets/capsules) dispensed in 2023 

5. Among all the antidepressants, FLX, a selective serotonin reuptake inhibitor, is the most 

commonly prescribed antidepressant globally for the treatment of depression, because of its 

tolerance, effectiveness, safety and prolonged half-life 6,7. In the US in 2017, approximately 21 
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million prescriptions of FLX were filled, suggesting a relatively high level of consumption 8. 

Owing to its ability to cross the blood-brain barrier (BBB) and human placenta due to its lipophilic 

nature, FLX poses a risk to all biomes 9. The drug’s uptake in fish has been reported to have 

consequences on growth and behaviour, reproductive axis, metabolism, accumulation, and gene 

expression 10–15. This emerging pharmaceutical contaminant presents unique environmental 

challenges due to its resistance to natural degradation and its endocrine-disrupting potential, 

making its remediation an underexplored yet critical area of research.  

Overall, both of these pharmaceuticals are significant in their own right and widely used and 

detected in aquatic environments, raising concerns about their environmental fate and impact. 

However, both these drugs exhibit widely varying behaviour based on their intrinsic chemical 

stability and interaction potential with metals, which play a crucial role in defining their behaviour 

in such environments and influencing the decision regarding the need for their intervention. It also 

helps determine if active removal strategies are required or if natural attenuation/transformation 

processes are sufficient for their management. In complex environments, interactions with metal 

ions can significantly influence the transformation, mobility, and toxicity of these parent drugs. 

Previous studies have reported that the co-occurrence of pharmaceutical residues and metals can 

facilitate the formation of pharmaceutical-metal complexes with altered bioactivity profiles and 

physicochemical properties, including solubility, photolysis, partition coefficient, and toxicity 

profiles 16–19. It is speculated that the structural features of pharmaceutical residues allow them to 

act as organic ligands for metal complexation, and these metal complexes have higher persistence 

and toxicity than parent drugs due to electron delocalization and increased lipophilicity. However, 

minimal studies have been directed at the occurrence of metal complexes of these pharmaceutical 

residues. This knowledge gap limits the ability to prioritize these contaminants accurately and 

select suitable intervention measures in the treatment chain. In this regard, the present research 

analyses pharmaceutical-metal complexity for two model pharmaceuticals with contrasting 

behaviour: IMP, an antibiotic, and FLX, an antidepressant. Their occurrence in wastewater has 

frequently been reported; however, the potential of these pharmaceuticals to interact with co-

existing metals has not been thoroughly investigated.  

The objective of this thesis, therefore, is to investigate their environmental behaviour, focusing on 

their stability and metal interactions, and devising removal/degradation strategies where 
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applicable. The antibiotic served as a model compound for an unstable pharmaceutical, whereas 

FLX represents a structurally stable, persistent pharmaceutical that requires intervention. The 

selection of IMP and FLX is intended to represent two contrasting classes of pharmaceuticals with 

fundamentally different environmental stability, reactivity, and treatment requirements. In this 

dissertation, IMP served as a representative model of a relatively unstable and environmentally 

labile pharmaceutical, enabling assessment of whether intrinsic degradation and metal interactions 

may reduce the necessity for engineered treatment inventions. In contrast, FLX represents a 

structurally persistent pharmaceutical with no natural attenuation, thereby necessitating the 

development and evaluation of engineered removal strategies.  

The thesis is divided into two parts: Part A, dedicated to IMP, and Part B, dedicated to FLX, 

respectively, with two research objectives each. Part A (Imipenem: Stability, Metal Interactions, 

and Toxicity) includes chapters 2 to 5, which are outlined as follows: Chapter 2 is the review of 

literature, which critically examines the existing literature for the antibiotic IMP and identifies the 

knowledge gaps that underpin this study. Chapter 3 introduces the research gaps, outlines the 

objectives (objectives 1 and 2) and states the originality of the study. Chapter 4 is devoted to the 

first objective of Part A of this dissertation and explores the effect of dissolved organic matter and 

metals on the occurrence and stability of IMP in aqueous solutions, while Chapter 5 continues to 

study the metal complexation of IMP and investigates their toxicity towards wastewater model 

bacterial species E. coli and B. subtilis. However, since the drug was found to be sensitive to light, 

temperature, and ambient conditions, a degradation technique was not deemed necessary and 

therefore, not developed for the antibiotic. 

Following that, Part B (Fluoxetine: Literature insights and treatment strategies) includes chapters 

6 to 9, drafted as: Chapter 6 provides a review of the literature for the structural features, 

environmental fate and persistence of the antidepressant FLX, and elaborates on the various 

removal techniques reported for FLX-polluted waters. Chapter 7 identifies the research gaps, 

discusses the objectives, and lists the originality of the study. Chapter 8 introduces olive-stone-

derived activated biochar (BC) as a high-capacity adsorbent and a potent removal strategy for 

FLX, followed by Chapter 9, which proposes CuO-BC as a potential composite photocatalyst 

under UVC irradiation for the rapid degradation of FLX. 
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The findings of both parts are then followed by chapter 10, which presents conclusions, a 

comparative review of environmental fate, toxicity and treatment implications of both the 

pharmaceuticals, limitations of the present study and recommendations for future research. Both 

these pollutants possess distinct physicochemical properties that enabled the exploration of a 

diverse range of behaviours exhibited by pharmaceutical residues in the environment. 
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*IMP= Imipenem; FLX= Fluoxetine; DOM= Dissolved Organic Matter;  IMP-Me= Imipenem-metal complexes; BC= Biochar; CuO= 

Cupric (II) Oxide 
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Chapter 2: Review of Literature 

(Some of the content of this chapter is based on the Review article as communicated as a part of 

the present study:  Khurana, P., Pulicharla, R., Kaur Brar, S., 2021. Antibiotic-metal complexes in 

wastewaters: fate and treatment trajectory. Environment International 157, 106863. 

https://doi.org/10.1016/j.envint.2021.106863) 

 

2.1 Introduction 

The use of pharmaceuticals, including antibiotics, has greatly improved the lives of people across 

the globe. However, due to high prescription rates, improper disposal (expired/unused medication), 

incomplete utilization (not completing the antibiotic course) and low absorption (30-70%), these 

drugs are continuously released into different environmental compartments, either unchanged or 

in the form of active metabolites, including wastewater, surface and drinking water. This has long 

been acknowledged as a potential health concern due to the development and dissemination of 

antibiotic-resistant bacteria and genes, primarily due to prolonged exposure to residual antibiotics 

in environmental reservoirs 18,19.  

Further, these antibiotic residues go through a vicious cycle of physical, chemical, and biological 

transformations or degradation once they are released into the environment, which may result in 

the generation of unknown intermediate by-products that might have unpredictable effects on 

ecosystems 20,21. They can interact with co-existing pollutants, such as heavy metals, and exhibit 

changes in physicochemical properties due to metal complexation. The structural features of 

antibiotic molecules, such as hydroxyl, ether, carboxylic acid, carbonyl, enable them to chelate 

with several divalent and trivalent metal ions such as Cu (II), Co (II), Fe (II), Ca (II), Al (III), 

coexisting in the water matrix, and form stable coordination antibiotic-metal complexes (AMCs) 

with altered properties, including solubility, photolysis, partition coefficient, and toxicity profiles 

18,19,22,23. Metal complexation can also influence the natural degradation processes of antibiotics, 

for example, photo-degradation of tetracyclines is affected by metals (Mg2+, Ca2+), further 

increasing the risk of bioaccumulation due to prolonged exposure 24. AMCs are more probable in 

wastewater matrices that are co-contaminated with antibiotics and heavy metals, such as 

pharmaceutical, hospital, livestock, poultry, municipal, and domestic wastewaters, and can induce 

https://doi.org/10.1016/j.envint.2021.106863
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the selection and growth of antibiotic-resistant bacteria and genes, as reported in recent years 

19,25,26.  

Although there is a lack of information about the prevalence and concentrations of these 

contaminants in wastewater and sludge matrices, these complexes are studied to possess increased 

antibacterial properties than parent compounds. This can affect microbial communities in receiving 

environments, including activated sludge, and can adversely affect existing water treatment 

systems 19. Further, due to electron delocalization during metal chelation, the lipophilicity of the 

antibiotic can increase, which facilitates the interactions of AMCs with the bacterial cell membrane 

27. However, the toxicity and activity against microorganisms depend on several factors, including 

the nature of metal ions and antibiotic, the chelate effect, and the charge of the complex19,28. 

Since they are more toxic than parent compounds, they may also affect microbial communities, 

like bacteria and fungi, which are an integral part of our ecosystem. Recent studies corroborate 

that the interaction between metals and antibiotics alters the behaviour of the complexes towards 

existing biological methods of water treatment 24,25,29. In general, these complexes are toxic 

towards bacteria and might reduce bacterial communities present in activated sludge on longer 

exposure and adversely affect the existing biological water treatment systems 19. Besides, these 

communities are inevitably under pressure, as long-term exposure to these diverse AMCs might 

result in the development of multi-resistant bacteria 19,30,31. Therefore, this joint toxicity of 

antibiotics and metals, and formation of AMCs, is seen to be more severe than single toxicity and 

is, therefore, perceived as an emerging area of interest in environmental chemistry 32,33. To the best 

of our knowledge, the formation of AMCs in complex environmental matrices, such as 

wastewaters, has been overlooked, and no attempt has been made for their detection, 

quantification, and characterization. 

 

2.2 Fundamentals of antibiotic-metal complexation  

This section presents a general overview of properties, which allow metal ions to bond well and 

produce stable adducts with antibiotics in real-time WWTPs (wastewater treatment plants).  
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2.2.1 Structural features of Antibiotics related to the complexation 

Antibiotics contain several electron-rich functional groups which act as potential metal binding 

sites for AMC formation. For example, the ligand characteristics of Penicillins and Cephalosporins 

are due to the penam and cefem groups, i.e., β-lactam ring linked to thiazolidine, and 

dihydrothiazine, respectively 34. They, along with their respective aliphatic side chains, bind to 

metal centers to form stable complexes comprising 5-membered ring structures. Likewise, the 

tetracyclines, too, contain various electron-donating groups, such as acetamides (-CH2CONH2) at 

C2, dimethylammonium (-N(CH3)2) at C4, and beta-diketone at C10-12, that allow metal linkage 

in different stoichiometries 22,35. They act as a monodentate, or bidentate, or bridging ligand, 

depending upon the pH and the relative concentrations of metal ions and the ligands in the 

wastewater streams.  

Treatment plants' working conditions, such as pH, often influence the ability of antibiotics to form 

metal complexes. The functional groups ionize and display dynamic conformations with varying 

pH of the medium. The pH variations of the medium further change the preference order of the 

donor sites for metal coordination and the efficiency of the binding. A pH-dependent study of 

tetracyclines and divalent metal ions by Carlotti et al. (2012) pointed out the effect of pH, which 

dominates over the metal ion concentration, to decide the stoichiometry of the complexes 22.  

Besides the several ionizable chemical functional groups, the relative energies of HOMO (Highest 

Occupied Molecular Orbital) and LUMO (Lowest Unoccupied Molecular Orbital) (showed as 

EHOMO and ELUMO) also play a crucial role. The energy profiles of molecular orbitals measure the 

electron-donating and accepting tendencies and the nature of the complexation between these 

entities. For complexation between antibiotic ligands and metal centres, antibiotics should have 

higher EHOMO to ensure an easy electron donation to the metal ions. A higher value of EHOMO, such 

as that reported for chloramphenicol by Al-Khodir and Refat (2016), indicates an easy release of 

electrons and strong e-donation ability 36. Lower ELUMO signifies a good acceptance of electrons.  

 

2.2.2 Chemical properties of metals related to the complexation process 

a. Ionic radius, surface charge, and the charge density: A study by Demitras (1972) revealed 

that metal cation with higher charge density, i.e., smaller cationic radii with higher ionic charge 
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(high polarizing metals or hard Lewis's acid), results in a more stable complex. This is because 

small size, coupled with a high surface charge, favours closer proximity to the negatively charged 

organic ligands and results in a greater force of attraction. Also, the positive charge of the metal 

and the negative charge from the ligands get delocalized over the entire framework, reducing the 

polarity of the metals, and stabilizing the whole chelated system 37,38. The analysis of the 

interaction of quinolones with metals showed higher complex formation constants with trivalent 

cations (Al3+, Fe3+) than bivalent alkaline earth metal cations (Mg2+, Ca2+, Ba2+) 39.  

Recent studies also reveal that transition metals form more stable and persistent complexes 

than alkaline earth metals due to their higher nuclear charge. For ions with the same ionic charge, 

the ionic radius is the measure of the strength of the metal-ligand bond. Park et al. (2000) 

determined that the stability of complexes formed by the drugs ofloxacin and norfloxacin with 

metal cations of the beryllium group follows the order: Mg2+> Ca2+> Ba2+, owing to the increasing 

size of metal ions 40. The metal radius also determines the binding site of the antibiotic, which 

otherwise contains multiple preferable functional groups for coordination.  

b.  Electronic interactions: Besides, the electronic factors also govern the stability of these 

antibiotic-metal complexes. To cite and strengthen this hypothesis, a comparison of complex 

formation constants by Park et al. (2000) revealed that Ni2+ and Co2+ form more stable coordination 

complexes with fluoroquinolones (ofloxacin and norfloxacin) than Zn2+ and Mn2+ 40. For half and 

full-filled d orbitals of Mn2+ and Zn2+, respectively, the interactions between the metal and 

antibiotic orbitals are limited, and the constant is determined only by weak ion-dipole interactions. 

Ni2+ and Co2+ have higher value of stability constants owing to additional inter-electronic 

interactions of the participating orbitals of the ligands and the d orbitals of the metal ions.  

c. Ionization potential and electronegativity: Other than nuclear charge, the ease of 

formation and stability of AMCs further depends upon the type of interaction in the metal-ligand 

bonds 41,42. The M-L bonds are typically stabilized by either electrostatic interactions or the 

covalent linkage between the two entities. It is a function of the ionization potential, the electron 

affinity of the metal, and the electronegativity difference between the metal and the donor atoms 

of the binding site 43. The electronegativity difference of <1.7 units on the Pauling scale indicates 

covalent bond formation. The electrostatic interactions between partially ionized species depend 

inversely on the ionic radii. Metals with a larger radius have lower ionization and oxidation 
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potential, i.e., they tend to lose electrons and form complexes readily, and vice versa. In addition, 

Ghandour et al. (1992), by conducting potentiometric studies, suggested the dominance of stable 

covalent bond formation between tetracycline ligands in determining the transition metal stability 

constants 44. Other factors, such as the chelate effect, the total charge of the complex, the nature of 

the ion neutralizing the ionic complex, nuclearity of the metal centre, and thermodynamic and 

kinetic factors of the complex, also determine the properties of AMCs. 

 

2.3 Introduction to Imipenem: Structure, Mechanism, and Environmental occurrence 

Imipenem (IMP) is a broad-spectrum, semisynthetic, carbapenem β-lactam antibiotic used 

extensively to treat endocarditis, respiratory tract (including pneumonia), urinary tract, abdominal, 

gynecological, blood, skin, bone, and joint infections. It was the first member of a relatively new 

class of antibiotics, Carbapenems (a class of β-lactam antibiotics), discovered in the 1970s. First 

marketed in Canada in 1987, IMP immediately attracted attention because of its broadest 

antibacterial spectrum of any antibiotic available then. It belongs to ‘Reserve’ category of 

antibiotics and is administered as combinational therapy (PRIMAXIN-IMP and Cilastatin; or 

RECARBRIO- IMP, Cilastatin and Relebactam) to treat moderate to severe bacterial infections 

and against infections caused by multidrug-resistant bacteria.  

 

2.3.1 Structure of IMP 

Imipenem (IMP), or N-formimidoyl thienamycin, is the amidine derivative of the parent 

compound thienamycin, isolated from the soil microorganism Streptomyces cattleya 45. The 

chemical structures for both thienamycin and IMP are shown in Figure 2.1. 

Naturally produced thienamycin exhibits potent, broad-spectrum antibacterial activity; however, 

its chemical instability- due to a highly reactive amino group- limited its therapeutic applicability 

46. Nevertheless, the structural backbone of thienamycin demonstrated exceptional resistance to 

most beta-lactamases, thereby serving as a foundation for the synthesis of IMP following structural 

modification. IMP was developed through a deliberate substitution of a formimidoyl group at the 

C-2 of the amino group, which conferred improved stability and enabled its formulation as a broad-

spectrum antibacterial drug 45,47,48. Unlike conventional β-lactams like penicillins and 
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cephalosporins, the trans configuration at the 5R and 6S in IMP (and all other carbapenems) 

enhances their resistance to β-lactamase hydrolysis 47.  

 

 

Figure 2.1: Chemical structures for thienamycin and Imipenem (IMP) 

 

The structure of the drug IMP is characterized by a fused beta-lactam and a five-membered 

pyrroline ring, with a N-formimidoyl substituent at the C-2 position. It features both carboxylic 

acid and primary amine in its structure, with reported pKa values of 3.2 and 9.9, respectively 49. 

At circumeutral pH, IMP is expected to exist in its zwitterionic form, enhancing its solubility and 

membrane interactions. The low partition coefficient (log P~ -2.7 to -3.1) of the antibiotic indicates 

high hydrophilicity and poor lipid solubility. These properties suggest IMP's low sorption to 

sediments and high mobility in aquatic systems, which influence the environmental fate of the 

pharmaceutical residue. 

 

2.3.2 Dosing, Metabolism and Pharmacokinetics 

IMP is not effectively absorbed from the gastrointestinal tract. Rather, it is administered 

intravenously in a 1:1 ratio with Cilastatin in doses of either 500 mg or 1000 mg every 6 to 8 hours, 

depending on the severity of the infection 50. Protein binding of IMP is low (13-21%), and the 

elimination half-life of IMP in normal renal function is about an hour 45,47. The mean maximum 

plasma concentrations (Cmax) at the end of infusion are 30-35 mg/L and 60-70 mg/L for the two 

dosing schemes 50 48. When administered with Cilastatin, about ~70% of IMP is renally eliminated 

as the parent compound 47. 
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IMP is susceptible to rapid in-vivo degradation by enzyme dehydropeptidase (DHP-1), secreted by 

the proximal renal tubules of mammals. Briefly, the brush border dipeptidase hydrolytically 

cleaves the carbapenem nucleus, rendering the drug inactive 45. To combat this, IMP is co-

administered in a 1:1 ratio with Cilastatin and marketed under the brand name Primaxin (MSD) 

and Recarbrio. As a result, urinary recovery of intact IMP is about ~70%. Cilastatin is a specific 

and reversible DHP-1 inhibitor, and it prevents nephrotoxicity caused due to IMP administration. 

Further, Cilastatin has a similar pharmacokinetic profile as IMP, ensuring the same dosing schedule 

for both the compounds. 

 

2.3.3 Antibacterial spectrum and Mechanism of action 

The antibacterial spectrum of IMP is very broad and exceeds most of the currently available β-

lactam antibiotics (Penicillins and Cephalosporins). IMP had the broadest in-vitro bacterial 

coverage at the time of its approval, encompassing gram-positive and gram-negative aerobes, such 

as Serratia marcescens and Pseudomonas aeruginosa and anaerobes such as Bacteroides fragilis, 

and was least affected by the inoculum size 45,47. However, methicillin-resistant Staphylococcus 

aureus (MRSA), methicillin-resistant coagulase-negative staphylococci, Streptococcus faecium, 

Pseudomonas cepacia, and Pseudomonas maltophilia are some exceptions to this extensive 

antibacterial coverage 47. For most organisms, minimal bactericidal concentrations (MBC) are 

close to the minimal inhibitory concentrations (MIC). Organisms with MIC ≤ 4 µg/mL are 

considered susceptible, organisms with 4 < MIC< 8 µg/L moderately susceptible, and organisms 

with MIC ≥8 µg/ml are considered resistant 45. 

IMP is bactericidal and has a strong affinity toward penicillin-binding proteins (PBPs). IMP binds 

to PBPs, inhibits cell wall synthesis, and ultimately results in cell death. In addition, it was 

suggested that the molecule might easily pass the bacterial cell walls owing to its small size and 

zwitterionic state 45.  

 

2.3.4 Environmental occurrence and fate of IMP  

According to the AWaRe classification (Access, Watch, and Reserve) of antibiotics, IMP is an 

antibiotic reserved for hospital settings. That is, IMP is generally used to treat multidrug-resistant 

infections- infections that are resistant to other 'common' antibiotics. With the increase in 
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multidrug-resistant infections, their use is also growing steadily and is now starting to be detected 

in wastewater. Some of the recent studies are summarized in Table 2.1  

 

Table 2. 1: Summary of IMP concentrations detected in wastewaters 

Matrix Concentration  Method of detection Year and Location Ref. 

Tienam imipenem 

production facility  

4.09-6.46 ng/L in 

influent; ND after 

MBR 

HPLC-UV 2015 

Taiwan 

51 

Hospital wastewater 

effluent (raw effluent)  

14.42 µg/L Solid Phase extraction 

(SPE) + LC-MS/MS 

2017 

Cluj County, Romania 

52 

Wastewater  198.4-4958.5 ng/L 

in influent 

6.4-823.2 ng/L in 

effluent 

 

SPE + LC-MS/MS 2017 

Croatian secondary 

(sewage) WWTP, 

Zagreb 

53 

Municipal wastewater 

influent 

10.80 µg/L SPE + HPLC-UV 2017 

Hamadan, Iran 

32 

Hospital wastewater 25.53 µg/L SPE + HPLC-UV 2017 

Hamadan, Iran 

55 

Pharmaceutical 

wastewater  

0.012-7.242 ng/L in 

influent 

ND in effluent 

UFLC-MS/MS 2024 

India 

56 

Groundwater 0.018-3.251 ng/L UFLC-MS/MS 2024 

India 

56 

Hospital wastewater 3.12-110.37 ng/L SPE + LC-MS/MS 2025 

Poland 

57 
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It is evident from these findings that reported concentrations for the antibiotic range from few ng/L 

to tens of µg/L, with LC-MS/MS and HPLC-UV being the most common detection methods. It is 

also noteworthy that effluent concentrations, where reported, usually exceed the predicted no-

effect concentration (PNEC) (EUCAST database) of 125 ng/L for IMP, indicating a potential risk 

for antibiotic resistance selection in aquatic environments 53. Residual IMP can exert a selective 

pressure on environmental bacteria, promoting the emergence and dissemination of carbapenem-

resistant genes outside clinical settings.  

However, despite its frequent detection, most studies have focused primarily on antibiotic 

resistance, while largely overlooking its environmental fate. Once released in wastewater, IMP 

may undergo physical, chemical, and biological transformations that influence its environmental 

occurrence, persistence, and potential toxicity. Understanding these transformation pathways is 

critical for assessing their long-term impact on the aquatic system. 

Early pharmaceutical studies highlight that IMP is chemically labile and exhibits sensitivity to pH, 

temperature, oxygen, humidity, and solvent composition. For instance, Smith et al. (1989) 

investigated the degradation of IMP in aqueous solutions at acidic (citrate buffer; pH 4) and 

alkaline (borate buffer; pH 9-9.5) conditions. The study reported that the drug undergoes 

hydrolysis under both conditions. In weakly acidic media, IMP undergoes complex 

oligomerization by intermolecular attack of the carboxyl group on the beta-lactam ring, while in 

alkaline conditions, formimidoyl side chain attacks the beta-lactam ring, resulting in 

intermolecular products 58. A similar study by Mendez et al. (1991) revealed that the degradation 

kinetics of IMP were significantly faster at acidic and alkaline pH, with maximum stability 

observed around neutral conditions (pH 6.4) 59. A similar finding was reported by Swanson et al. 

60. 

More recent studies have also identified temperature, oxygen, concentration as potential factors 

that affect the half-life of the antibiotic 61–63. Although most of the studies focus on solvents used 

for injections and extended infusions under controlled conditions for pH, ionic strength, and 

temperature, they provide important benchmarks for understanding influencing the degradation 

kinetics of IMP. The interplay of these parameters significantly affects the stability profile of IMP, 

which explains the variability in the reported stability results. This variability has also been 

observed for other carbapenems such as Ertapenem, Meropenem, and Doripenem 64–69. However, 
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it is crucial to recognize that buffered laboratory systems may not fully replicate in real 

environmental matrices, where water quality fluctuates and interfering substances like natural 

organic matter (NOM) and metals can further influence degradation rates. The effect of NOM and 

metals remain unexplored for IMP, and yet a critical area of research. 

 

2.3.5 Treatment technologies for IMP-polluted water 

With increasing awareness of antibiotic residues as emerging contaminants, new and innovative 

degradation techniques, have been devised and applied for IMP, as summarized in Table 2.2. For 

instance, an integrated advanced oxidation-reduction process (AORP), using UVC/Fe2+/H2O2, was 

employed in a batch mode to degrade IMP/Cilastatin antibiotic (ICA) from synthetic wastewater. 

The conditions to achieve maximum antibiotic removal (~100%) while minimizing energy 

consumption were optimized for 5-7.5 mg/L antibiotics in 18.9-33.86 minutes of reaction using 

0.74-1.2 mM Fe2+ and 0.28-0.32 mM H2O2 at pH 3 (Godini et al., 2019). Further, the performance 

of different AORPs (UV alone, UV/Fe2+, UV/ H2O2, and Fe2+/ H2O2) (operated at an initial 

antibiotic concentration of 5 mg/L, reaction time of 40 min, 1.2 mM Fe2+, 0.32 mM H2O2 and pH 

3) showed antibiotic removal of 17%, 57%, 73%, and 70%, respectively. The study underlined that 

both oxidation (UV/ H2O2 and Fe2+/H2O2) and reduction (UV/Fe2+) play significant roles in the 

degradation of IMP, and simultaneous generation of oxidizing (OH•) and reducing agents (e-) can 

improve degradation efficiency (Godini et al., 2019). Another piece of literature has reported that 

the drug undergoes fast hydrolysis at a pH of 4 or lower and thereby explored the potential of the 

Fenton process activated by zero-valent Iron (ZVI-Fenton) to degrade IMP in urban wastewater at 

a pH of 5 (Furia et al., 2021).  

Other than AOPs, photochemical degradation under natural solar radiation and heterogenous 

photocatalysis, with TiO2 as a catalyst, was studied to degrade carbapenem antibiotics, including 

IMP, from aqueous solutions (Cabrera-Reina et al., 2019; Reina et al., 2018). It was observed that 

about 88% of the antibiotic was photodegradable after 300 min of irradiation under natural solar 

light (for initial concentrations of 90.0224 mM (i.e. 7.12 mg/L) to 1.016 mM (i.e. 322.4 mg/L)) 

and ascertained that photodegradation had a significant contribution to the fate of this drug in 

natural aqueous matrices (Reina et al., 2018). However, another report by the same research group 

showed that, with TiO2 as a catalyst, complete removal can be achieved with lower energy 
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consumption within 50 minutes of treatment (Cabrera-Reina et al., 2019). It is evident that 

adsorption-based methods have not been explored for the removal of IMP from aquatic 

environments, possibly because of its high hydrophilicity which can result in poor uptake and 

retention by the adsorbent media.  

 

Table 2. 2: Overview of degradation techniques employed for Imipenem (IMP) 

Degradation 

technique 

Dosage and Operating conditions Removal Efficiency Ref. 

Advanced Oxidation 

Reduction Process 

(AORP) 

[UVC/Fe2+/H2O2] 

5-7.5 mg/L IMP 

0.74-1.2 mM Fe2+ and 0.28-0.32 mM 

H2O2 at pH 3 

~100% 

(18.9-33.86) 

70 

Heterogeneous Fenton 

Oxidation  

(Zero Valent Iron 

(ZVI)- Fenton) 

4 µmol/L (~1.20 mg/L) IMP, 100-200 

µmol/L H2O2, 0.01-0.04 g/L ZVI, pH 5-

7: in pure water 

99%, 63%, and 57% 

for pH =5, 6, and 7, 

respectively, after 60 

minutes 

71 

10 µmol/L (~3.0 mg/L) IMP, 0.02-0.10 g 

L−1 ZVI; 100-400 µmol L−1 H2O2 added 

in three aliquots, pH 6: in wastewater 

0-88% after 90 

minutes 

71 

Photochemical 

degradation under 

natural solar radiation 

90.0224 mM (i.e. 7.12 mg/L) to 1.016 

mM (i.e. 322.4 mg/L)) IMP, Irradiance 

28-50 W/m2  

88% in 300 minutes 72 

Heterogenous 

photocatalysis 

0.4 mg/L IMP, 50 mg/L TiO2  ~80% in 45minutes 73 

Heterogenous 

photocatalysis  

TiO2@Fe2O3/chitosan nanocomposite; 

20 mg/L IMP, 150 W Xe lamp with 420 

nm cutoff filter 

~91.25% at pH 3 and 

41.32% at pH 11 in 

2 h  

74 
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2.4 Knowledge Gaps  

After a careful literature review, the following research gaps were identified: 

2.4.1 Limited studies on IMP fate and behaviour in wastewater  

Despite the drug's approval in the 1980s and continued use since then, there has been a limited 

exploration of its environmental occurrence. In addition, no studies have explored the fate and 

behaviour of IMP in an environmental context. Therefore, the knowledge gaps regarding the drug’s 

stability, persistence, and fate in an aqueous environment, including the effect of environmental 

factors (pH, temperature, light) and interactions with co-existing entities and transformation, are 

significant.  

With an increase in the consumption of last-resort antibiotics such as IMP and the accompanying 

spread of carbapenem resistance, it is crucial to investigate their environmental fate and behaviour 

73,75,76. As the drug is listed among the WHO's list of essential medicines, the loss of IMP's 

effectiveness against multi-drug resistant infections could make these infections untreatable 70. 

2.4.2 No studies of IMP-metal complexes 

Our research group has investigated the capacity of various antibiotic classes, namely tetracyclines 

(specifically chlortetracycline) and fluoroquinolones (specifically ciprofloxacin), to form 

complexes with metals 16,17,77. In addition to this, other old classes of antibiotics such as macrolides 

(for example, azithromycin), have also been explored previously by other researchers 78,79. Recent 

reports have also indicated the potential of β-lactam antibiotics to interact with co-existing metal 

ions and form AMCs, which are potentially more stable and toxic than the parent antibiotics 80–85.  

However, to the best of our knowledge, no such studies were performed for newer classes of 

antibiotics, such as carbapenems or IMP, specifically. A few studies have reported IMP detection 

and quantification in wastewater matrices; however, Imipenem-metal complexes (IMP-Me) have 

not been studied.  

This becomes crucial because the: (i) concentrations detected in environmental matrices are higher 

than the PNEC values, and (ii) presence of heteroatom functional groups that can facilitate metal 

coordination.  A further analysis of comparative stability and toxicity of IMP and IMP-Me becomes 

crucial to determine their environmental persistence and ecological risks.  
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Chapter 3: Research Gaps, Objectives, and Originality 

 

• Research Gap 1:  

A significant knowledge gap regarding the stability profile of IMP in aqueous solutions, including 

the effects of environmental factors (temperature, light) and interactions with co-existing entities 

such as natural organic matter (NOM) and metals was identified. Some studies have shown that 

the β-lactam ring is susceptible to temperature, pH, presence of oxygen, moisture, and water (H+ 

and OH-) 58,62,63,86.  

In addition, naturally occurring photosensitizers, such as dissolved organic matter (DOM), 

influence the behaviour of organic pollutants 87,88. The DOM can generate photochemical 

intermediates, including singlet oxygen (1O2), excited triplet state of DOM (3DOM*), and hydroxyl 

radicals (•OH), which contribute to the transformation and/or degradation of organic contaminants 

in real matrices 87,89. However, this was not explored for carbapenems, including IMP.  

Since investigating the photodegradation of these contaminants in environmental waters is 

essential to understand their fate and ecotoxicological risk assessment in environmental waters, 

effect of light, temperature, humic acid (as a model NOM), and metals was studied. 

 

Objective 1: To study the stability profile of IMP under different conditions of light and 

temperature, and the effect of NOM. 

In this regard, the present study: (i) examines the stability of IMP in aqueous solutions, (ii) explores 

its interactions with co-existing entities, such as metals and humic substances, and (iii) investigates 

its fate in environmental contexts.  
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• Research Gap 2: 

The study of interactions of IMP with co-existing metal cations has not been explored, and to the 

best of our knowledge, no attempt has been made to detect and characterize AMCs in complex 

environmental matrices. It is primarily due to (i) the increased complexity of the matrices- parent 

antibiotics, transformed products, and their metal complexes with varying stoichiometries, 

stabilities, and combinations; and (ii) low concentrations of analytes. This limits the ability of 

many techniques to accurately and reproducibly measure these complexes. Thus, this project aims 

to analyse IMP-metal complexes and study their toxicity towards wastewater model 

microorganisms.  

 

Objective 2: To investigate the formation and comparative toxicity of IMP-metal complexes  

In this regard, the present work aims to investigate the interaction of the antibiotic with metals 

(Metals (M)= Mg (II), Ca (II), Fe (II), Cu (II), and Al (III)) and study the toxicity of IMP and its 

metal complexes towards wastewater model microorganisms. Two bacterial strains, Bacillus 

subtilis (B. subtilis) and Escherichia coli (E. coli), were used as microbial models for gram-

positive and gram-negative species. 

 

Collectively, both these research gaps and objectives establish a framework to link environmental 

stability and metal-driven transformation of IMP with its resultant ecological toxicity, enabling 

assessment of whether intrinsic attenuation processes may reduce the need for engineered 

remediation.  

 

Originality 

The study is the first to comprehensively assess environmental fate of the antibiotic, Imipenem, by 

examining its photostability and interactions with natural organic matter and metals, while 

uniquely characterizing the formation and ecotoxicity of Imipenem-metal complexes.  
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Abstract 

The occurrence of trace antibiotic residues in the environment poses a threat by promoting 

antibiotic resistance and spreading resistant genes. Recent studies show that these residues interact 

with metals, forming toxic and persistent antibiotic-metal complexes (AMCs). Investigating the 

photodegradation of these contaminants in environmental waters is essential to understand their 

fate and ecotoxicological risk assessment in environmental waters. In this sense, the present work 

delineates the fate of IMP, a carbapenem antibiotic, in the environmental matrix and studies its 

interactions with humic acid and metals. The study established that the drug was labile and 

underwent degradation under light and ambient temperatures. Further, analytical studies with 

dissolved organic matter (DOM), such as humic acids, established an accelerating effect on 

antibiotic degradation via indirect photochemical pathways. For instance, for a concentration of 

100 mg/L IMP mixed with 20 mg/L HA in volumetric ratios of IMP: HA 1:2, 1:1, and 2:1, the 

final concentrations of IMP after 24 h were 26.11 mg/L (-73.89%), 34.44 mg/L (-65.56%), and 

44.22 mg/L (55.78%), respectively.  The higher the humic acid, the faster the degradation of IMP, 

thereby supporting the photochemical generation of reactive oxygen species (OH•) and subsequent 

oxidative degeneration of the drug. The interactions with metals, specifically copper, accelerated 

the degradation kinetics of the drug. The promotion effect was owed to the action of the OH• as 

the oxidizing agent. Based on the degradation products identified by LC-MS/MS, a scheme of the 

synergistic action of copper-redox coupling and IMP, resulting in the oxidative degradation of the 

drug, was proposed. Understanding the photochemical behaviour of antibiotics, and their 

behaviour in the presence of DOM and metal is vital for unravelling their fate and complexity in 

wastewater.  

Keywords: Copper-redox coupling; Dissolved Organic matter (DOM); Hydroxyl radical; 

Imipenem; Photolysis; Wastewater 
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4.1 Introduction  

The occurrence of antibiotics has long been identified as a potential threat due to the spread of 

antibiotic resistance (ABR) among bacteria, which can jeopardize the efficacy of antibiotics in 

future years. Incorrect disposal, high prescription rates, and leakage from the manufacturing sites 

contribute to the occurrence of antibiotics in environmental matrices, like wastewater, which 

serves as a significant contributor to the spreading of ABR. The concentrations of these antibiotic 

residues are usually trace, ranging from ng/L to µg/L, yet enough to favor the onset of resistance. 

In addition, the different unit operations of the wastewater treatment plant (WWTPs), particularly 

biological treatment, are poorly compatible with degrading bio-recalcitrant compounds, like 

antibiotics 71,90,91. This, coupled with the inefficiency of disinfection to remove these resistant 

bacteria and genes, exacerbates the problem 71,92.  

It is particularly damaging for the last-resort antibiotics and those reserved for hospital settings, 

such as carbapenems. The consumption of last-resort antibiotics, particularly Imipenem (IMP), has 

been on the rise across the globe and has been associated with the spread of carbapenem resistance 

73,75,76. Included on WHO's list of essential medicines, the loss of IMP's efficacy in treating multi-

drug resistant infections will render it incurable for humankind 70. In addition, the drug has also 

been studied previously to interact with metals to form antibiotic-metal complexes (AMCs), which 

have exhibited higher antimicrobial activity compared to the parent drug 93. This raised concerns 

over the adverse effects it can bring to the environments receiving antibiotic and metal-laden 

wastewater.  

To combat this, researchers have developed and employed various chemical and hybrid 

technologies aimed at removing antibiotic residues from wastewater. However, the presence of 

IMP as an environmental contaminant is a debate. Some studies have shown that the β-lactam ring 

is susceptible to temperature, pH, presence of oxygen, moisture, and water (H+ and OH-) 58,62,63,86. 

The β-lactam ring is affected by the presence of OH- and H+ in water, that results in the opening 

of the ring due to amide bond rupturing 63. The oxygen, on the other note, results in oxidative 

degradation of IMP 63. In addition, kinetic studies of IMP (20 mg/mL) by 58 under varying pH 

conditions revealed decomposition of about 90% and 50% of the drug within 3 h at pH 4 and 9, 

respectively, and account for the decomposition of the drug at neutral pH range as well 58. 

Meanwhile, others have aimed at degrading this antibiotic using advanced removal techniques like 
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Fenton-based advanced Oxidation processes (AOP), advanced oxidation-reduction process 

(AORP) using UVC/Fe2+/H2O2, and photocatalysis with TiO2, which seems conflicting 70–73. Also, 

the concentration of the antibiotic considered for the degradation studies ranged from few mg/L to 

a few hundred mg/L,  which is unrealistically high when compared to 0.005-25.53 µg/L IMP 

reported in real matrices like municipal wastewater influent, hospital effluent, pharmaceutical 

discharge stream 51–55. 

In this sense, the present work delineates the fate of IMP, a last resort carbapenem antibiotic, in 

the environmental matrix and studies its interactions with humic acid and metals, which is less 

studied. For instance, naturally occurring photosensitizers, such as dissolved organic matter 

(DOM), influence the behaviour of organic pollutants 87,88. The DOM can generate photochemical 

intermediates, including singlet oxygen (1O2), excited triplet state of DOM (3DOM*), and hydroxyl 

radicals (•OH), which contribute to the transformation and/or degradation of organic contaminants 

in real matrices 87,89. Similarly, co-existing metals can also alter the stability and behaviour of 

antibiotics in natural systems 19,22,23,93.   

The research gaps regarding the drug’s stability, persistence, and fate in an aqueous environment, 

including the effect of environmental factors (pH, temperature, light) and interactions with co-

existing entities and transformation, are significant. In this regard, the present study: (i) examines 

the stability of IMP in aqueous solutions, (ii) explores its interactions with co-existing entities, 

such as metals and humic substances, and (iii) investigates its fate in environmental contexts. 

Subsequently, the manuscript delves into a critical discussion, providing insights into the existing 

literature on antibiotic treatment and the importance of implementing these techniques. 

 

4.2 Materials and Methods 

 

4.2.1 Chemicals and Materials 

Imipenem (European Pharmacopoeia (EP) reference standard, C12H17N3O4S) was purchased from 

Millipore Sigma (Burlington, Ontario, Canada), and N, N-dimethyl-4-nitrosoaniline (C8H10N2O, 

98%) was purchased from Thermo Scientific Chemicals, Canada. Magnesium chloride 

tetrahydrate (MgCl2.4H2O) was obtained from Fisher bioreagents (Mississauga, Ontario, Canada). 
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Copper (II) chloride dihydrate (CuCl2.2H2O), Aluminum chloride hexahydrate (AlCl3.6H2O), and 

humic acid (>95 %; CAS 1415-93-6) were procured from Thermo Alfa Aesar (Canada).  

4.2.2 Analytical methods  

A UV-vis Genesys 50 spectrophotometer (Thermo Scientific, Canada) was used with 1.0 cm quartz 

cells for absorbance measurements in the wavelength range 280-400 nm. The wavelength of 

maximum absorbance, or λmax was identified as 298 nm for the antibiotic.  

For lower working concentrations (<25 mg/L), an accurate and robust method was developed for 

the detection and quantification of IMP using LC-MS, and the calibration standards were made 

right before the analysis. The liquid chromatography (LC) system (Waters M-class (UHPLC)) 

consisted of a degasser, a column thermostat, a binary pump, and an autosampler. The 

chromatographic separation was carried out with a Kinetex 2.6 µm XB-C18 100 Å, LC Column 

50 x 0.3 mm, microflow column, maintained at 50 °C. The mobile phase consisted of a: (A) 

ultrapure water with 0.1 % v/v formic acid, and (B) Acetonitrile (MeCN) with 0.1 % v/v formic 

acid. A gradient was optimized as follows: 99% A and 1% B for 0-5 minutes, increasing gradually 

to 100% B at 5 minutes, followed by 99% A and 1% B at 6 minutes. The flow rate was 20 µL/min, 

and the injection volume was 5 µL. The mass spectrometry (MS) system consisted of an Sciex 

ZenoToF 7600 equipped with an electrospray ionization source (ESI), operated in positive 

ionization mode. The ion source parameters were optimized as follows: curtain gas 35 psi; CAD 

gas 7 psi; and spray voltage 5500 V. 

 

4.2.3 Stability assay  

The stability of the antibiotic IMP was studied using UV-visible spectroscopy under different 

conditions of light and temperature, considering a range of drug concentrations. The experimental 

conditions were categorized into Set A (light-protected in amber bottles, room temperature), Set B 

(clear glass vials, room temperature), and Set C (clear glass vials, refrigerated) for IMP, with 

concentrations varying from 25 mg/L to 250 mg/L. The sampling was done for 120 hours (5 days), 

and the samples were promptly analyzed using UV-vis spectroscopy. The initial concentration of 

the antibiotic was maintained high to (i) accurately record the degradation of the drug under 

exposed conditions, and (ii) precise quantification of the antibiotic with UV-visible spectroscopy. 
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However, the findings can be reliably extrapolated to environmental fate due to its intrinsic 

structural instability and sensitivity to hydrolysis, which drives rapid transformation and reactivity 

in aquatic systems. 

 

4.2.4 Effect of DOM and metals  

To observe the interaction between IMP and various metals, UV-vis spectra were recorded by 

mixing 500 µL (50 mg/L) of IMP with metal solution (Mg (II), Cu (II), and Al (III)) in 1:1 molar 

ratio (~84 µM each) in a quartz cuvette. Additionally, for lower concentrations of IMP (33 µM or 

10 mg/L), LC-MS was utilized using the method described above. Similarly, for the effect of DOM, 

humic acid was used as a model. A stock solution of humic acid (20 mg/L) was prepared by 

dissolving the appropriate amount of humic acid in water, followed by homogenization in an end-

to-end shaker overnight at room temperature. For this, 50 and 100 mg/L of IMP were added to 20 

mg/L humic acid in volumetric ratios of 1:2, 1:1 and 2:1, and monitored for 24 h using the same 

protocol. The LC-MS spectra of humic acid and humic acid-IMP mixture is included in Appendix 

A.  

Spiking tests with real secondary wastewater were also performed to understand the fate of the 

antibiotic, when subjected to natural solar radiation in a complex matrix, like wastewater. The grab 

samples were collected in June 2021 from the Keswick Water Resource Recovery Facility 

(WRRF), Ontario, Canada. 

 

4.2.5 Generation of hydroxyl radicals (OH•) in the Imipenem-copper system  

The production of hydroxyl radicals (OH•) was investigated using a spectrophotometric method 

previously reported elsewhere 94. Briefly, UV-vis absorption spectroscopy, using N, N-Dimethyl-

4-nitrosoaniline (RNO) as a probe, was utilized for the indirect yet selective estimation of OH 

radicals. RNO does not react with other reactive oxygen species (ROS), such as singlet oxygen 

(1O2), superoxide anions (O2
-), or other peroxy compounds, making it an ideal probe for the 

estimation of hydroxyl radicals 95. For this, three concentration sets of IMP and Cu (II) were mixed 

in a molar stoichiometric ratio of 1:2 (IMP= 33, 165, and 330 µM, i.e., 10, 50, and 100 mg/L, 

respectively), and absorbance measurement (λ=440 nm for RNO, and λ=298 nm for IMP) using 
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UV-vis Genesys 50 spectrophotometer for 24 hours 94,96. A concentration of 5 nM of the RNO dye 

was used for all the experiments. 

 

4.3 Results and discussion 

4.3.1 Stability assay 

The stability of IMP was studied using UV-visible spectroscopy under different conditions of light, 

temperature, and concentrations (25 to 250 mg/L), categorized into Set A (amber bottles (light-

protected), room temperature), Set B (clear glass vials, room temperature), and Set C (clear glass 

vials, refrigerated (4 ±1 °C)) for 5 days. The results are summarized in Figure 4.1.  

 

 

Figure 4.2: Degradation kinetics of Imipenem (IMP) under three set of conditions: Set A 

(amber bottles, room temperature), Set B (Clear glass vials, room temperature), and Set C 

(Clear glass vials, refrigerated). 

 

As shown in Figure 4.1, the degradation of IMP is a function of - light, temperature, and 

concentration. Comparing Set A and Set B, when exposed to light at room temperature, the drug 

exhibited faster degradation. Further, Set C, which was refrigerated, showed slower degradation 

compared to room temperature storage (Set B). For instance, for 100 mg/L IMP, degradation % 

was observed to be about 9.33%, 19.33%, and 7.34% in sets A, B, and C, respectively, after 24 h. 
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From the results, it was evident that both light and temperature are defining factors for the stability 

of the drug IMP. This observation aligned well with common knowledge in pharmaceutical 

development and previous reports 97–99. Moreover, when comparing the trend of degradation, it 

can be inferred that temperature has a greater influence on the stability of IMP, when compared to 

light. For example, for 100 mg/L IMP, about 16.49% of the drug degraded for set A (light-

protected, Figure 4.1a) in 24 h, while the degradation was only about 11.42% for set C 

(temperature-protected, Figure 4.1c). The degradation was fastest for set B (Figure 4.1b), about 

33.04% for the respective storage conditions. The rate constants after data fitting are included in 

Table A1 (Appendix A). The degradation kinetics for Set A and C follows zero-order kinetics, 

while that of set B exhibits both zero and first-order kinetics of degradation.  

In addition to light and temperature, the trend of degradation was also found to depend on the 

antibiotic's concentration, as supported by the previous reports 58,61. 61 evaluated the stability of 

IMP (5 and 10 mg/mL) at three temperatures (25 °C, 30 °C, and 40 °C) for up to 6 hours and 

established an association between the drug concentration, temperature, and the stability of the 

drug. Although the study was focused on solutions commonly employed for extended infusion, it 

showed that at these concentrations and temperatures, the drug was unstable and degraded rapidly. 

For instance, for 10 mg/mL, the drug was stable for less than an hour at temperatures of 30 and 40 

°C. The study suggested that the stability of IMP decreased with increasing both- concentration 

and temperature, which lies in accordance with the results of the present study. From Figure 4.1, 

it is evident that higher concentrations degrade faster than the lower concentrations. For example, 

concentrations of 150-250 mg/L exhibited a faster rate of degradation than 100-125 mg/L, which 

further degraded faster than concentrations of 25-50 mg/L, as can be seen by the rate constants 

summarized in Table A1. 

Further, a scan over the UV-vis range 280-400 nm revealed the emergence of dimer 

diketopiperazine (λmax 360 nm; m/z 599) (Figure 4.2), a structure formed via intermolecular 

oligomerization of IMP. This is initiated by the biomolecular attack of the carboxyl group of one 

IMP on the β-lactam group of the second molecule 58,86. Since the attack is intermolecular and the 

hydrolysis of both β-lactam and formimidoyl groups is pH-dependent, the decomposition rate of 

IMP is a function of both (i) pH, and (ii) IMP concentration. In addition, a rapid shift from 298 nm 
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to 288 nm is associated with ring opening, while imino isomers have been reported to have no 

characteristic UV peak 86.  

In addition to pH, temperature, light, and concentration, presence of moisture, and oxygen also 

affects the stability profile of the drug. For instance, a recent study by 63 investigated the effect of 

oxygen, water, particle shape and size on the stability of IMP/Cilastatin mixture and proposed 

hydrolytic degradation of IMP, resulting in the formation of imipenemoic acid and its epimer. The 

study also confirmed that the stability of IMP was indeed related to the presence of free water 

content (moisture and humidity), in addition to pH and concentration.  

Figure 4.3: Time-dependent UV-visible spectra (λ= 280-400 nm) for IMP (a) 25 mg/L, (b) 125 

mg/L, and (c) 250 mg/L stored in clear glass vials at room temperature. (d) shows normalized 

[0,1] UV-visible spectra for time-dependent spectrum of IMP (250 mg/L) 
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4.3.2 Effect of DOM and metals 

The humic acid used in the study has been characterised with UV-visible and FT-IR spectroscopy. 

The UV-visible spectrum (Figure 4.3a) does not show a specific absorption, as also reported by 

previous studies 100,101. The FTIR spectrum of humic acid, as shown in Figure 4.3b, confirms the 

previous report on the characterization of humic acids. Broad absorption signals centred at 3400 

cm-1 is attributed to the -OH stretching vibration in -COOH, phenols, and alcohols 101,102. The 

peaks around 1600 cm-1 are related to the stretching vibration of C=C in the benzene rings and -

C=O of carbonyl or ketonic groups. The signals centred at 1385 cm-1 can be assigned to the 

symmetric bending vibrations of methyl functionality. The peaks around 1100 cm-1 indicate the 

symmetric stretching vibrations of the sulfonic acid groups. Humic acids show spectral features in 

the fingerprint region, unlike fulvic acids, which can be used to characterize the two naturally 

occurring organic acids. In the fingerprint regions peaks at 916, 800, and 470 cm-1 are attributed 

to aliphatic CH2, out-of-plane stretching of CH binds in benzene, and vibration of the sulphur-

containing group and Me-OH bond, respectively 102.  

 

 

Figure 4.4: (a.) UV-visible spectrum, and (b.) FTIR for Humic acid 

 

To understand the fate of the antibiotic in real wastewater, the effect of DOM (humic acid, HA) on 

the stability of the drug was studied. In the presence of HA, a dramatic decrease in absorbance of 
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IMP at λ= 298 nm was observed, as shown in the Figure 4.4. For instance, starting with a 

concentration of 100 mg/L IMP mixed with 20 mg/L HA in volumetric ratios of IMP: HA 1:2, 1:1, 

and 2:1, the final concentrations after 24 h were 26.11 mg/L (-73.89%), 34.44 mg/L (-65.56%), 

and 44.22 mg/L (55.78%), respectively. Similarly, for 50 mg/L IMP exposed to HA in volumetric 

ratios of IMP: HA 1:2, 1:1, and 2:1, a decrease of 90.07%, 86.56%, and 84.56% in IMP 

concentration was recorded, resulting in final concentrations of 9.93 mg/L, 13.44 mg/L, and 15.44 

mg/L, respectively, after 24 h of exposure. As shown in Figure 4.4, the higher the humic acid, the 

faster the degradation of IMP.  

 

 

Figure 4.4: Effect on the absorbance of (a.) 100 mg/L, and (b.) 50 mg/L of Imipenem at λ= 298 

nm after exposure to humic acid (20 mg/L) in different volumetric ratios (2:1, 1:1, and 1:2, 

respectively). 

 

The presence of HA enhanced the photochemical removal of IMP, similar to what has been 

reported for antibiotics such as Ciprofloxacin 103. A previous study by 103 observed about 90% 

removal of Ciprofloxacin (60 µM) in presence of 5 mg/L humic substances at pH 7 within 2 h of 

irradiation. This can be attributed to the photochemical generation of reactive oxygen species 

(OH•) and subsequent degradation of the drug, as studied by previous reports. As indicated 

previously, DOM can transform or degrade the pollutants of concern via indirect photochemical 

pathways by the photochemical generation of reactive oxygen species (OH•) and DOM in the 
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triplet state 72,104.  In addition, humic substances have also been studied to react via energy transfer 

processes with water constituents, including dissolved molecular oxygen and interact with 

substrates in photo-redox reactions 103,105,106.  

Further, it is well known that humic acid is a complex organic structure, with both aromatic and 

aliphatic structures and heteroatoms N, O, and/or S. They are composed of functional groups 

including and not limited to phenols, carboxylic acid, enols, quinone, ether, amines 107. Humic 

acids also contain metal oxides (such as Fe2O3) and aromatic groups (such as hydroquinone). These 

groups facilitate electron transfer between the participating groups, resulting in formation of free 

radicals 108. It had been studied that the in presence of O2 and UV-vis light, humic acid can produce 

O2
•-, H2O2, and finally OH• by Fenton reaction between H2O2 and Fe3+ 109. As seen from the study, 

IMP is photosensitive. It undergoes degradation in the presence of light, as discussed in the 

manuscript. Further, the presence of natural photosensitizer, like humic acid, accelerates the 

photodegradation of IMP. 

The LC-MS spectra of both humic acid and humic acid-IMP mixture have been displayed in Figure 

A1 in  Appendix A. Since humic acid is a complex media, the transformation/degradation products 

were not identified in the present study. As free radical reactions are dynamic and continue until 

quenched, the transformation products are expected to vary with time. A recent study by Furia et. 

al (2021) attempted to identify some of the transformation products after Fenton’s treatment. 

However, it must be noted that the free-radical degradation of organic pollutants, if not quenched, 

usually results in mineralization, i.e., CO2 and H2O 110.  

Also, it is noteworthy that since there were no suspended particles in the reaction mixture, the 

possibility of adsorption of IMP on humic acids is minimized. However, this was not directly 

studied and cannot be ruled out as a possible factor in the observed decrease in concentration of 

IMP after exposure to humic acids. 

Following humic substances, the effect of co-existing metals (Mg (II), Cu (II), and Al (III)) on the 

stability of the antibiotic was investigated using UV-visible spectroscopy and Mass spectrometry 

(MS). A significant shift in the maximum absorption wavelength (298, λmax for IMP), the reduction 

in intensity and the broadening of peaks were observed for IMP-Cu, IMP-Mg, and IMP-Al 

mixtures, respectively, as shown in Figure 4.5a. These changes in UV spectra emphasize strong 

interactions between the antibiotic and the metal ions 111.  
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In addition to UV spectra, a reduction in signal intensity at m/z 300.1012 (IMP) was observed in 

direct MS injection for IMP-Al binary system (Figure A2). Further, the appearance of an additional 

peak at m/z 311.08595 for IMP-Mg binary system, attributed to [Mg (IMP)2]
2+, corroborates the 

interactions of antibiotic and metal cations when present together (Figure A3). However, the time-

resolved investigation of IMP with Cu (II) yielded unforeseen results.  

 

Figure 4.5: UV-vis spectra from 1:1 molar ratio of Imipenem with Al (III), Cu (II), Mg (II), and 

(b.) Time-resolved UV-vis spectra for IMP: Cu (II) system. Working concentrations of Imipenem 

and the metals: 25 mg/L. 

 

When monitored over 24 h, UV-visible spectra (Figure 4.5b) showed a continuous shift in the peak 

from λ= 297 to 275 nm within 2 hours, along with the emergence of a new hump near λ= 337 nm. 

This shift in the peak position can be attributed to the evolving dynamics of the reaction and 

production of intermediate and/or transformation products. The MS spectra of the reaction mixture 

displayed a notable signal at m/z 316.096, corresponding to [IMP-O-H+], followed by a gradual 

decrease in the drug concentration (Figure A4-A6). This indicated oxidative degradation likely due 

to the in-vivo generation of reactive species. The redox cycling of copper has been extensively 

studied previously for its role in the in-vivo generation of reactive species and transformation of 

substrates 112–116. These reactive oxygen species can initiate a cascade of reactions in complex 
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matrices like wastewater. However, not all substrates can initiate these chain reactions. Substrates 

that can reduce Cu (II) to Cu (I) are essential for the oxidation process catalyzed by copper, such 

as L-ascorbic acid (L-AA) 116.  

Previous reports have shown that under an inert atmosphere, IMP undergoes non-oxidative 

decomposition within a neutral pH range (Smith et al., 1990). However, the decomposition process 

becomes much more complex in the presence of copper. The generation of OH• during the 

oxidation of IMP by oxygen, with copper as a catalyst, was investigated using RNO as a probe 

reagent. This organic dye selectively bleaches upon exposure to OH•, leading to a reduction in 

absorbance at 440 nm. As shown in Figure 4.6(a-c), for IMP-Cu-RNO system, increasing the 

concentration of IMP significantly affects the rate of the yellow colour bleaching of the dye RNO. 

For instance, when the concentration of IMP was increased from 33 µM (10 mg/L) to 165 µM (50 

mg/L) and 330 µM (100 mg/L) in the presence of Cu (II) (66, 330, and 660 µM, respectively), the 

rate of disappearance of the strong absorption band at 440 nm, which is characteristic of the dye, 

increased. When a mixture of 660 µM Cu (II) and 330 µM of IMP was prepared with 5 nM RNO, 

the absorption band at 440 nm drastically reduced immediately after mixing, exhibiting over an 

80% decrease in less than an hour of reaction. This reduction was followed by about 60% and 30% 

reduction for 165 µM and 33 µM IMP, respectively. It is also evident that copper alone has no 

bleaching activity for the dye (data not shown), confirming the synergistic effect of IMP and Cu 

(II)/Cu (I) in discolouring the dye RNO. This synergy can be explained by the oxidation of IMP 

to form [IMP-O-H+] (m/z 316.096) and the reduction of Cu (II) to Cu (I), which induces the in-

situ formation of H2O2. Copper, owing to its redox cycles of cuprous and cupric copper [Cu (I)/Cu 

(II)], can decompose the transient intermediate of H2O2 to produce OH radicals via a heterogenous 

Fenton-like reaction, responsible for significant bleaching of RNO (Figure A7) 116,117. 

This decrease in the RNO absorption was also accompanied by a drop in absorption at 298 nm, 

which is characteristic of the antibiotic IMP. As Figure 4.6(d-f) illustrates, the decrease in the 

concentration of IMP is evident in the presence of copper, even in the absence of RNO, suggesting 

that Cu (II)/Cu (I) alone can oxidize IMP. In the absence of RNO, hydroxyl radicals formed can 

accelerate the oxidation of IMP, leading to its more rapid degradation compared to when RNO is 

present.  
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Figure 4.6: UV-visible spectra for IMP-Cu-RNO system (IMP= 33, 165, 330 µM) (a-c); and rate 

of degradation of IMP in IMP-Cu (II) and IMP- Cu (II)- RNO system (d-f). 
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Although the oxidation of antibiotics is due to OH• obtained from O2, it is different from the 

conventional AOPs as it does not require any (i) additional dosage of oxidizers, such as H2O2, 

ozone, persulfate, and peroxymonosulphate, and (ii) pH adjustment.  

Conventional AOPs, including UV alone, UV/Fe2+, UV/H2O2, Fe2+/H2O2, and UVC/Fe2+/H2O2, 

have been employed to degrade IMP from wastewaters 70,72,73. These studies underlined that both 

oxidation (UV/H2O2 and Fe2+/H2O2) and reduction (UV/Fe2+) play significant roles in the 

degradation of the antibiotic, and simultaneous generation of oxidizing (OH•) and reducing agents 

(e-) can improve the degradation efficiency 70. While the assertion that the degradation of IMP is 

due to the production of OH• and e- holds; however, a pH of 3 seems unsound, considering the 

instability of the drug. Another piece of literature has reported that the drug undergoes fast 

hydrolysis at a pH of 4 or lower, which is conflicting 71. Further, since the drug can auto-degrade 

rapidly in the presence of humic substance and Cu2+ without any pH adjustment or additional 

supplements, as reported in the present study, the addition of H2O2 and adjustment of pH to 3 

seems unessential, which increases the chemical footprint and cost of the process to achieve 

degradation. Also, for techniques involving the addition of Fe2+ for wastewater remediation, pH 

adjustment after treatment becomes a crucial step. However, adjusting the pH before releasing the 

treated water results in the precipitation of ferric salts (Fe3+), thereby leading to the production of 

sludge, making it unsuitable for real-time applications 118.  

Other than AOPs, photochemical degradation under natural solar radiation and heterogenous 

photocatalysis, with TiO2 as a catalyst, was studied to degrade carbapenem antibiotics, including 

IMP, from aqueous solutions 72,73. However, the existing literature poses an intriguing question 

amidst its complexities. Since the drug undergoes rapid degradation under natural radiation and 

ambient temperatures, the authors would like to raise concerns about the need for this treatment. 

Further, the present study shows that the drug undergoes rapid degradation in the presence of humic 

acid (20 mg/L) and copper (66-660 µM) due to the generation of hydroxyl radicals. It was 

surprising to note that the antibiotic degraded in the presence of these entities, while there are 

recent research articles devising AOP-based treatment technologies to degrade IMP. With this 

susceptibility to auto degradation, the drug might never find its way to the effluent after treatment 

at the facilities.  
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Spiking tests with real secondary wastewater were also performed to understand the fate of the 

antibiotic, when subjected to natural solar radiation in a complex matrix, like wastewater and the 

results are shown in Figure A8. To identify the transformation products of IMP in wastewater on 

being subjected to natural solar radiation, MS spectra were recorded at zero hours (control; Figure 

A8b) and after 5 hours of exposure to natural solar radiation (Figure A8c). From recorded mass 

spectra, it is evident that the drug actively interacts with the coexisting entities, such as metals, and 

humic substances and exists as an adduct. The mass spectra MS reveals the presence of [IMP-Na]+ 

at m/z 322.0824 (absolute intensity 1.34E6), and no free drug (m/z 300.1012) (as shown in Figure 

A8a) was observed even for the antibiotic spiked in wastewater at zero hours (Figure A8b). After 

5 hours, the intensity of Na-adduct decreased (9.67E4), and other degradation products became 

predominant at m/z 102.1274 and 152.9525 (Figure A8c). 

Considering these findings, one might question the necessity of devising new techniques for the 

photolabile antibiotics, including IMP’s removal that potentially include the addition of other 

harmful chemicals and/or metal salts, which not only increases the cost of treatment but also the 

chemical footprint of the removal techniques 25,119–122. This raises a critical enquiry into the 

direction of future research and the sustainable management of photosensitive pharmaceutical 

pollutants in aquatic systems. 

4.4 Conclusion 

The present study investigated the degradation kinetics of antibiotic IMP under various conditions 

of light, temperature, and concentration, as well as in the presence of humic substances and metals 

such as copper. The findings indicated that the drug is labile and undergoes ring opening, resulting 

in the formation of dimer diketopiperazine, laboratory conditions and ambient temperatures. 

Additionally, the presence of humic substances and copper accelerated the decomposition kinetics 

of the drug via free-radical pathways. Further, the study showed that the higher the humic acid, 

the faster the degradation of IMP. For instance, for 50 mg/L IMP exposed to HA in volumetric 

ratios of IMP: HA 1:2, 1:1, and 2:1, a decrease of 90.07%, 86.56%, and 84.56% in IMP 

concentration was recorded, resulting in final concentrations of 9.93 mg/L, 13.44 mg/L, and 15.44 

mg/L, respectively, after 24 h of exposure. The study also corroborated the interactions of IMP 

with metal cations, such as copper. Copper, owing to its redox cycles of cuprous and cupric copper 

[Cu (I)/Cu (II)], can produce H2O2 and decompose generated H2O2 to produce OH radicals via a 
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heterogenous Fenton-like reaction, resulting in the oxidation of IMP to form [IMP-O-H+] (m/z 

316.096), thereby accelerating the degradation kinetics. The study raises a question regarding the 

necessity of devising new techniques for labile drugs, such as IMP, which might never make their 

way to tertiary treatment of the treatment train.  

 

 

 

 

 

 

 

The previous study established that the antibiotic is photo- and thermolabile, 

and the presence of humic acids and copper accelerates the decomposition 

kinetics of the drug. In addition to humic acid and copper, IMP also showed 

interaction with other metal cations.  

For the next study, the formation of IMP-metal complexes was investigated 

using different analytical techniques, and their antibacterial activity, in 

comparison to the parent drug, was explored.  
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Abstract 

The occurrence of antibiotic residues in diverse water sources has long been acknowledged as a 

potential health concern due to the emergence and spread of antibiotic-resistant bacteria and genes. 

However, there have been limited studies into the presence of antibiotic-metal complexes (AMCs) 

in real-time wastewater matrices, and their impact on wastewater microbial communities. The 

present work, in this regard, investigated the stability of Imipenem-metal complexes (Me= Mg 

(II), Ca (II), Fe (II), Cu (II), and Al (III)) with computational studies, stoichiometry with 

potentiometric measurements, and their antibacterial activity towards wastewater model 

microorganisms- Bacillus subtilis (B. subtilis) and Escherichia coli (E. Coli) by Colony Forming 

Unit (CFU) method. The lower energy of Imipenem-metal complexes than the parent antibiotic- 

Imipenem (IMP), during energy optimization using density functional (DFT) methods, revealed 

that metal interactions of IMP stabilize the drug by minimising its energy. Further, CFU studies 

indicated that these complexes display higher antimicrobial activity than parent antibiotics. The 

electron delocalization over the entire chelated system (AMCs) reduces polarity and increases the 

lipophilicity of the complexes, thereby facilitating stronger interaction between AMCs and the 

bacterial cell membrane. Results indicate increased antibacterial activity of Imipenem-metal 

complexes for both E. coli and B. subtilis. The antibacterial activity, was however, more 

pronounced in B. subtilis, with >97% growth inhibition for metal complexes of IMP (at a Minimum 

Inhibitory Concentration of  20nM or 6ppb (i.e., MIC90)), for both the stoichiometric ratios (metal 

to ligand) ratios (M: L 1: 1 and 2: 1). All around, with increased stability and toxicity, AMCs are 

emerging as contaminants of concern and demand immediate attention to devise methods for their 

removal. 

 

Keywords: Emerging contaminant; Imipenem; Imipenem-metal complexes; Toxicity, 

Antibacterial activity; Potentiometry.  
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5.1 Introduction 

β-lactam antibiotics have consistently revolutionized the treatment of bacterial infections since the 

groundbreaking discovery and utilization of Penicillin antibiotics, which represents a significant 

milestone in modern chemotherapy. Since their original introduction, these antibiotics have 

undergone constant enhancements in various aspects, such as potency, the spectrum of 

antimicrobial activity, stability and safety profiles, and pharmacokinetics. Currently, there are four 

primary categories of β-lactams utilized in clinical practice: (1) Penicillins (β-lactam fused to a 

thiazolidine ring); (2) Cephalosporins (β-lactam fused to a dihydrothiazine); (3) Carbapenems (β-

lactam fused to a pyrroline); and (4) Monobactams. Each class has been extensively modified, 

resulting in a wide range of synthetic derivatives. Their general structures are shown in Figure 5.1. 

The chemistry, mode of action and mechanism of resistance of these antibiotics have been 

extensively studied and comprehensively reviewed in recent review articles 50,123,124. 

 

 

 

Figure 5.1: General structure of β-lactam antibiotics (a.) Cephalosporins, (b.) Penicillins, and 

(c.) Carbapenems; (d.) Monobactams. The β-lactam ring is shown in red. 
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Carbapenems are one of the newest and most important classes of β-lactam antibiotics. The term 

‘carbapenem’ reflects the replacement of the sulphur, at position 1, in the thiazolidine ring with 

carbon in the characteristic 4:5 fused ring structure of conventional β-lactams (4-membered β-

lactam ring fused to a C2-C3 unsaturated 5-membered ring) 50, as shown in Figure 5.1.  

Carbapenems have a different stereochemistry, compared to other β-lactams Penicillins and 

cephalosporins. They possess a unique trans-α-1-hydroxyethyl (S-absolute stereochemistry) 

substituent at position 6, which differs from the cis configurations of the acylamino side chain 

found in conventional β-lactams (Cephalosporins and Penicillins) (Figure 5.1a and 5.1b, 

respectively). This structural feature provides intrinsic resistance to almost all β-lactamases, as 

noted in studies by Lyon (1985) and Zhanel et al. (2007) and confers a broad spectrum of 

antimicrobial activity against a variety of gram-positive and gram-negative pathogens 47,50. 

The first carbapenem-imipenem (IMP), had the broadest in-vitro bacterial coverage at the time of 

its approval, encompassing gram-positive and gram-negative aerobes, such as Serratia marcescens 

and Pseudomonas aeruginosa and anaerobes such as Bacteroides fragilis, and was least affected 

by the inoculum size, leading to its prompt acceptance and widespread usage in healthcare settings 

45,47. In addition to its widespread acceptance, its high renal excretion rate (about 60-70% of IMP 

remains unchanged upon release into the environment), direct disposal of expired or unused 

antibiotics and leaks from manufacturing sites or pharma factories also increase the abundance of 

IMP in wastewater, as discussed in Table 5.1. 

Although the information on the prescription of IMP and its occurrence in wastewater is limited, 

however, a comprehensive literature review reveals that within recent years, IMP has been detected 

in wastewater with concentrations ranging from ng/L to µg/L (as summarized in Table 5.1), 

indicating its presence in the environment. For instance, Shokoohi R. et al. (2017) reported IMP 

as one of the prevalent antibiotics in the municipal wastewater of Hamadan, Iran, with an inflowing 

concentration of 10.8 µg/L 54, and in-hospital effluents of Sina Hospital in Hamadan, Iran with a 

concentration of 25.53 µg/L 55. Similarly, Szekers E. et al. (2017) reported the occurrence of IMP 

in hospital effluent, with a concentration of 14.42 µg/L 52; which lies in the predicted order of IMP 

in hospital wastewaters 125.  
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Table 5.1: Summary of Imipenem concentrations detected in wastewater. 

 

A recent study by J. Hrenovic et al. (2017) has also revealed the occurrence of IMP in the influent 

and effluent of a Croatian secondary (sewage) WWTP, Zagreb, in concentrations ranging from 

198.4 to 4958.5 and from 78.4 to 1137.9 ng/L, respectively 53. From this data, it is evident that the 

detected concentrations are higher than the predicted no-effect concentration (PNEC) (EUCAST 

database) of 125 ng/L for IMP, and therefore, the selection of IMP-resistant strains in these 

environments is possible 53.  

Based on the literature, metal complexes of organic ligands, such as antibiotics and their 

derivatives, have demonstrated higher antibacterial activity than the parent ligands and have been 

rightly explored for the development of new antibiotics and other biomedical applications like 

drug delivery 126–133. Furthermore, compelling research indicates the existence of antibiotic-metal 

complexes (AMCs) in actual environmental samples like wastewater, primarily because of the 

concurrent presence of metals and antibiotic residues. A preliminary literature survey reveals the 

potential of β-lactam antibiotics to interact with co-existing metal ions and form antibiotic-metal 

complexes, or AMCs, which are potentially more stable and toxic than the parent antibiotics 80–85. 

This, in general, is owed to the presence of heteroatom functional groups, such as hydroxyl, 

thioether, carboxylic acid, and carbonyl, that might be involved in coordination with metals. The 

antibiotic-metal complexes (AMCs) are studied to possess different behaviour for photolysis, 

Matrix Concentration 

(µg/L) 

Location Ref. 

Hospital effluent 14.42 Cluj County, Romania 52 

Wastewater influent 0.20 to 4.96 Croatian secondary 

(sewage) WWTP, 

Zagreb 

53 

Municipal wastewater 

influent 

10.80 Hamadan, Iran  54 

Hospital wastewater 25.53 Hamadan, Iran 55 

Pharmaceutical factory 

discharge stream 

0.005 Taiwan 51 
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adsorption, toxicity, bioavailability, and solubitily, compared to parent antibiotics 18,39,134–137. These 

complexes are, thereby, becoming a cause for concern due to their environmental persistence and 

toxicity 16,18,19,27. These AMCs have also been previously investigated for their potential to trigger 

the proliferation of antibiotic-resistant bacteria and genes 25–27. 

However, there is a lack of information about the prevalence and concentrations of the metal 

complexes of IMP in wastewater and sludge matrices and the consequences it may cause. This 

becomes crucial because the: (i) concentrations detected in environmental matrices are higher than 

the PNEC values, and (ii) possession of functional groups capable of metal chelation. That is, IMP 

can chelate with several divalent and trivalent metal ions coexisting in the water matrix and form 

Imipenem-metal complexes (IMP-Me), which has not been explored.  

Our research has investigated the capacity of various antibiotic classes, namely tetracyclines 

(specifically chlortetracycline) and fluoroquinolones (specifically ciprofloxacin), to form 

complexes with metals. Additionally, we have assessed the stability and toxicity of these 

antibiotics, which belong to older antibiotic classes 16,17,77. In addition to this, other old classes of 

antibiotics such as macrolides (for example, azithromycin), have also been explored previously by 

other researchers 78,79. However, to the best of our knowledge, no such studies were performed for 

newer classes of antibiotics, such as carbapenems. IMP, the first carbapenem, is a broad-spectrum 

antibiotic, frequently prescribed for multi-drug-resistant infections via combinational therapies. 

Due to this high rate of consumption, IMP is frequently detected in wastewater and to the best of 

our knowledge, no such studies are reported for this antibiotic. Additionally, computational studies 

examining the structure, and stability of these complexes have not been extensively conducted in 

the environmental matrices. This is particularly important to understand their physicochemical 

properties and predict their toxicity and fate in real environments, including surface water, 

wastewater, and sediments.  

In this regard, the present work aims to investigate the stability of IMP-metal complexes (Metals 

(M)= Mg (II), Ca (II), Fe (II), Cu (II), and Al (III)) by optimizing the ground state geometry of 

IMP and IMP-metal complexes with different M:L ratios using computational studies. The results 

from the computational studies are substantiated with (a.) potentiometry and (b.) the study of the 

toxicity of IMP and its metal complexes towards wastewater model microorganisms. Two bacterial 

strains, Bacillus subtilis (B. subtilis) and Escherichia coli (E. coli), were used as microbial models 

for gram-positive and gram-negative species. 
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5.2 Materials and methods 

5.2.1 Chemicals and reagents 

Imipenem (European Pharmacopoeia (EP) reference standard, C12H17N3O4S) was purchased from 

Millipore Sigma (Burlington, Ontario, Canada). Magnesium chloride tetrahydrate (MgCl2.4H2O), 

and Sodium chloride (NaCl, 58.44 g/mol) were obtained from Fisher bioreagents (Mississauga, 

Ontario, Canada). Copper (II) chloride dihydrate (CuCl2.2H2O, 170.48 g/mol, 99%), Iron (II) 

chloride tetrahydrate (FeCl2.4H2O, 198.81 g/mol, 98%), and Aluminium chloride hexahydrate 

(AlCl3.6H2O, 241.43 g/mol) were procured from Alfa Aesar (Canada). Calcium chloride 

anhydrous (CaCl2, >99%) was obtained from EMD chemicals (Canada).  

For bacteria studies, both Bacillus subtilis (NRRL-B 4257) (B. subtilis) and Escherichia coli 

(NRRL-B 3707) (E. coli) were acquired from ARS Culture Collection (NRRL), and nutrient broth 

and agar were purchased from Hardy diagnostics, and BioShop Canada, respectively.  

 

 5.2.2 Wastewater collection and metal analysis 

Wastewater samples were collected from the Keswick Water Resource Recovery Facility (WRRF), 

Ontario, Canada, which has an average flow of 18,000 m3/day and a peak flow of 64,000 m3/day. 

The facility is in an extended aeration treatment plant equipped with tertiary ultrafiltration 

membranes and UV disinfection for the treatment of sanitary sewage and releases the treated 

effluent to Lake Simcoe. The grab samples were collected in June 2021 into prewashed containers 

from seven points of the treatment facility, namely influent after the screening, primary effluent, 

secondary effluent, membrane treated water, final effluent, return activated sludge (RAS) and the 

thickened sludge (TS), as shown in Figure 5.2. The collected wastewater (WW) and sludge 

samples were stored under dark conditions at 4 ±1 °C until used.  

All the collected samples were prepared for the analysis of metals based on the work of Cuprys et 

al. (2021), with slight modifications 138. Briefly, for sludge samples, the solid fraction was 

separated from the liquid fraction by centrifugation (2 X 5000 rpm, 20 min), frozen at -20 °C 

overnight, followed by freeze drying for 24 h. 
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Figure 5.2: Sampling points for wastewater and wastewater sludge collection from the Keswick 

Water Resource Recovery Facility (WRRF) 

 

All the samples (solid fraction, liquid fraction of the sludge and wastewater samples) were then 

subjected to acid digestion. About 0.5 g solid fraction (dry sludge) or liquid samples were placed 

in a 50 ml tube, and 1 ml nitric acid (HNO3) was added and left overnight. Subsequently, 3 mL of 

1 mL HCl was added and put in the heating block (95 °C) for 2 hours. The samples were then 

cooled to room temperature, and milli-Q water was added to make up the volume to 50 mL. The 

prepared samples were then analyzed with ICP-OES (Inductively Coupled Plasma Optical 

Emission Spectroscopy). The results for the metal are summarized in Appendix B. 

 

 5.2.3 Potentiometric measurements  

The stability constants and stoichiometric equilibrium for binding of IMP to selected metal ions 

including Mg (II), Ca (II), Fe (II), Cu (II), and Al (III) were studied with potentiometric titrations 

using JP Selecta pH meter pH-2005 with accumet pH probe. The experiments were conducted in 

MilliQ water having pH 6.0 ± 0.5 at room temperature 16. The metal solutions of Mg (II), Ca (II), 

Fe (II), Cu (II), and Al (III) were gravimetrically prepared using their anhydrous chloride salts in 

water. Errors in metal ion concentrations were minimized by using fresh anhydrous salts and 

completely dissolving them in water. The ionic strength of the working metal solutions was 

adjusted to 0.1 mol/L using sodium chloride to minimize the potential shifts in pH upon ion 

binding. Before the experiments, 50 ppm (0.16703 mM) IMP was freshly prepared by diluting 
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stock IMP in 5 mL pH-adjusted water (pH ≈ 7). The choice of this concentration was guided by a 

thorough assessment of the sensitivity of the analytical instruments and experimental techniques 

employed to ensure robust resolution and reliable detection of transformation under controlled 

conditions. Finally, the stoichiometric coefficient and the stability constants were determined by 

the titration of IMP (50 ppm, 5 mL) in water, using metal solutions as titrant (100 ppm) in 0.1 

mol/L NaCl. The metal solutions were added to the antibiotic solution in small aliquots (20 µL) 

and the titrations were continued as the IMP: metal ratio changed from 25: 1 to 0.2: 1 (or 1: 5). 

The changes in pH and potential were noted and plotted against IMP: metal ratio to get the 

stoichiometric ratio (m: n) for IMP-metal complexes, and the stability constants (K) were 

calculated using the following equation (5.1): 

 

K =  
[MmLn]

[Mm][Ln]
=  

x

(a−mx)m (b−nx)n    …equation (5.1) 

 

where, a and b are the initial concentrations of metal (M) and ligand (L) (IMP, here), 

respectively, and x is the equilibrium concentration of [Mm Ln]. The results from the potentiometric 

studies are summarized in Table 3. 

 

 5.2.4 Bacterial strains and culture media 

To investigate the antibacterial activity of the IMP-metal complexes, two bacterial strains, the 

gram-positive, rod-shaped bacterium Bacillus subtilis (NRRL-B 4257) (B. subtilis) and the gram-

negative, rod-shaped bacterium Escherichia coli (NRRL-B 3707) (E. coli), were used as microbial 

models, owing to their abundance in environmental matrices and fast growth rate. Both bacteria 

were sub-cultured in nutrient broth and streaked on nutrient broth-agar plates, followed by 

incubation at 30 °C for 24 h. The prepared plates were preserved at 4 °C till further use. 

 

 5.2.5 Minimum Inhibitory Concentrations (MIC) and growth inhibition assay 

For determining the MIC and performing a growth inhibition assay, the CFU method used 

previously by Pulicharla et al., 2015, was employed with slight modifications. Briefly, a single 

colony of B. subtilis and E. coli from nutrient broth-agar plates was used to inoculate a 50 mL 
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falcon tube containing 10 mL of sterilized nutrient broth. The tubes were incubated on a rotary 

shaker at 200 rpm and 30 °C for 24 h. The actively growing cells from these tubes were used as an 

inoculum for the toxicity studies. About 1% (v/v) (OD600 1.0) from these tubes was used to 

inoculate 50 mL falcon tubes containing 10 mL sterilized nutrient broth. For further toxicity 

studies, these tubes were incubated under the same conditions as mentioned earlier (200 rpm, 30 

°C for 12 h) and OD600 was recorded to determine the Minimum inhibitory concentration (MIC). 

MIC was confirmed in terms of colony-forming unit (CFU) on agar plates.  

The appropriately diluted samples of both bacteria were plated on agar plates and incubated at 30 

°C for 24 h to form fully developed colonies of both E. coli and B. subtilis. The colonies counted 

on the plates should be between 20 and 300, and each data point in the figure is an average of two 

plate counts for each set for % viability. The IMP concentration tested for toxicity was 1 to 20 μg/L 

for B. subtilis and 1 to 50 μg/L for E. coli. The study was performed in triplicates. 

After the determination of MIC, the antibacterial activity of IMP and its metal complexes (M: L= 

1: 1 and 2: 1) were compared for MIC90 using the same method, and the results are discussed in 

section 3.5. It is worth noting that metals have consistently been detected in higher concentrations 

than IMP residues in wastewater. Therefore, to simplify the experiment design, stoichiometric 

ratios of M: L 1:1 and 2:1 were employed for a streamlined investigation while maintaining a 

scientific framework.  

 

5.2.6 Computational details 

Since limited studies are reported towards the understanding of IMP-metal complexes, an attempt 

was made to obtain energy-optimized structures for IMP and IMP-metal complexes, for different 

possible stoichiometric ratios with Gaussian 16W computational package. Benchmarking studies 

were performed by the combination of various functional and basis sets. The ground state geometry 

optimization was carried out using density functional theory (DFT) with the benchmarked B3LYP 

functional and 6-311 + G (2d, p) basis set for IMP and different M:L ratios for IMP-metal 

complexes unless mentioned otherwise and the results are discussed in section 3.2.  

At first, the optimized structure for IMP was obtained by minimizing energy using ground state, 

DFT, default spin (B3LYP) with basis set 6-311G+(2d, p) with charge zero and singlet spin. The 

effect of solvent was included through the Integral equation formalism (IEFPCM) model 139,140.  
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Following, based on the Mulliken charge distribution and availability of free lone pairs on 

heteroatoms N and O, four potential binding sites for metal coordination were predicted: carbonyl 

and carboxylic oxygen (O7 and O17) (1: 1 and 1: 2), carbonyl and carboxylic oxygen with 

hydroxyl oxygen (O10), nitrogen (N30), or thiol (S20), which were later compared for IMP-metal 

complexes (Me= Ca (II), Mg (II), Cu (II), and Al (III)). Since for Fe (II), SCF failed to converge, 

additional input of “SCF=Fermi” was used as an additional keyword to avoid SCF convergence 

difficulties by Fermi broadening, damping and level shifting and the results are summarized in 

Table 5.2.  

The results from the computational studies were compared and substantiated with experimental 

studies, including potentiometric measurements and toxicity studies with wastewater model 

microorganisms. In addition, UV-vis spectroscopy (Genesys 50, Thermo Scientific) and LC-MS 

were also employed, and the results are included in figures S4-S9 in the Appendix A. The liquid 

chromatography (LC) system (Waters M-class (UHPLC)) consisted of a degasser, a column 

thermostat, a binary pump, and an autosampler. The chromatographic separation was carried out 

with a Kinetex 2.6 µm XB-C18 100 Å, LC Column 50 x 0.3 mm, microflow column, maintained 

at 50 °C. The mobile phase consisted of a (A) ultrapure water with 0.1 % v/v formic acid, and (B) 

Acetonitrile (MeCN) with 0.1 % v/v formic acid. A gradient was optimized as follows: 99% A and 

1% B for 0-5 minutes, increasing gradually to 100% at 5 minutes, followed by 99% A and 1% B 

at 6 minutes. The flow rate was 20 µL/min, and the injection volume was 5 µL. The mass 

spectrometry (MS) system consisted of an Sciex ZenoToF 7600 equipped with an electrospray 

ionization source (ESI), operated in positive ionization mode. The ion source parameters were 

optimised as follows: curtain gas 35; CAD gas 7; and spray voltage 5500 V. 

 

5.3 Results and Discussions 

 5.3.1 Metal analysis (WW samples) 

Metal analysis by ICP-OES revealed a high abundance of Al, Ca, Cu, Fe, and Mg in both- 

wastewater and wastewater sludge samples. The concentrations of the five most abundant elements 

found in the collected wastewater and wastewater sludge samples, along with their limit of 

detection (LOD), are presented in Figure 5.3. The list of the tested metals and their concentrations 

have been provided in Tables B1 and B2. Aluminum (Al) ranged from 0.048 to 38.6 mg/L in 
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wastewater and between 33840 to 38840 mg/kg in sludge. Since the plant uses alum (double salt 

of aluminum) as a coagulant during primary treatment, high concentrations of Al in both 

wastewater and wastewater sludge are evident. 

 

 

Figure 5.3: Concentrations of most abundant metals (Al, Ca, Cu, Fe, and Mg) in collected 

municipal wastewater (WW) and wastewater sludge samples. *(RS- Return activated sludge, TS- 

Thickened sludge, and liq- liquid fraction) 

 

Other than aluminum, alkaline earth metals, Magnesium (Mg) and Calcium (Ca), and transition 

metals, Iron (Fe) and Copper (Cu), are the most abundant. Their low concentrations in wastewater 

effluent (Cu 0.018 mg/L and Fe 0.014 mg/L) and high concentrations in sludge (Cu 299-354 mg/kg 

and Fe 1895-1973 mg/kg) suggest that they were completely removed from the wastewater via 

adsorption onto sludge as mentioned previously by Cuprys et al., 2021. The values are also 

consistent with the previous reports. For instance, a metal analysis of municipal sewage sludge in 

South Africa revealed Cu concentrations in the range of 263.68 to 626.00 mg/kg of dry mass 141. 

In another study by Morrison et al., the Cu was found to be in the range of 245 to 441 mg/kg, 

which lies well in accordance with the present analysis 142. Similarly, heavy metal analysis in 
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municipal wastewater and wastewater sludge from WWTPs in South Africa revealed similar 

concentrations for Fe 143. Based on these concentrations, Mg (II), Ca (II), Cu (II), Fe (II), and Al 

(III) ions were selected for further experiments. 

 

5.3.2 Structure optimization of Imipenem and Imipenem-metal complexes using software 

Gaussian 

The ground state geometry optimization of IMP using density functional theory (DFT) with the 

B3LYP functional and 6-311 + G (2d, p) basis set yielded structure (a), as shown in Figure 5.4. It 

was discovered that the optimized structure of IMP has electronic energy of -1330.926349 Hartree 

and a dipole moment of 2.764476 Debye. Figure 5.4 (b) shows the charge delocalization and dipole 

moment in the optimized structure of IMP obtained by minimizing energy, as obtained from the 

DFT study. The origin of the dipole moment vector is from the center of the electronic charge, and 

the atoms are symmetrically colour-coded to represent the Mulliken atomic charges, red being the 

most negatively charged and green the most positively charged atom.  

 

 

Figure 5.4: (a.) Optimized structure for IMP using DFT with the benchmarked B3LYP 

functional and 6-311 + G (2d, p) basis set (Electronic energy of -1330.926349 Hartree and a 

dipole moment of 2.764476 Debye); (b.) charge delocalization and dipole moment in the 

optimized structure. The atoms are color coded by charge (symmetrically) and represent 

Mullikan atomic charges; Red marking the most negatively charged and green the most 

positively charged atom. The origin of the dipole moment vector is from the center of the 

electronic charge. 

a. b.
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After optimizing the structure of IMP, the structures for different IMP-metal complexes were 

optimized using the same functional and basis set, and the results for the structure optimization of 

IMP-metal (Me= Al (III), Mg (II), Cu (II), and Fe (II)) complexes are summarized in Table 5.2. 

The energy values in Table 5.2 reveal that, in general, IMP-metal complexes have lower electronic 

energy, and thereby higher stability than IMP.  The higher the absolute energy, the more stable the 

structure is.  

For example, for Mg- and Ca- complexes of IMP, the order for energy was observed to be (M: L): 

1: 2 > 2: 1> 1:1; however, very little to no effect was observed for the three binding sites (a, b, and 

c), as shown in Table 5.2. Similarly, for Al (III), the order was found to be: 2: 3> 1: 2> 2: 1> 1: 1. 

It is noteworthy, since aluminum is trivalent, the ratio M: L 2: 3 was exclusively studied only for 

Al. Further, the order of electronic energy for Cu (II) and Fe (II)-IMP complexes varied in the M: 

L order: 1:2 ≈ 2:1 > 1:1, as shown in Table 5.2.  

Based on these electronic energies, it is further evident from Table 5.2 that transition metals, Cu 

(II) and Fe (II) form more stable complexes than alkaline earth metals, Ca (II) and Mg (II), and 

trivalent Al (III) for any M: L ratio. This can be primarily owed to their higher nuclear charge. 

Electronic energies are important because they govern the distribution of electrons within the 

AMCs, which in turn affects the bonding interactions and overall stability. However, this is a 

theoretical study, and further experimental validation is required to confirm these findings and 

establish their environmental implications.  

In addition to potentiometry, UV-visible spectroscopy was also utilised to corroborate the 

formation of these complexes qualitatively. Figure 4.5 shows the UV-vis spectra for the antibiotic 

IMP, and its metal complexes after 24 hours of equilibrium. The shift in wavelength of maximum 

absorption, λmax (297 nm) for IMP-Cu, decreasing intensity and broadening of peaks for IMP-Mg and 

-Al, is indicative of the interactions between the parent antibiotics and the metal cations. The 

formation of IMP-Cu (II) complex was monitored for 24 h with UV-vis spectroscopy. A gradual 

peak shift from λ= 297 (λmax for IMP) to 275 nm was observed and a new peak near λ= 337 nm 

was also observed.  
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Table 5.2: Electronic energy for different Imipenem-metal complexes from the computational 

study for different M: L ratios. (Eh : Electronic energy (Hartree), µ’: Dipole moment (Debye)) 

Metal 

Electronic Energy (Hartree) 

1: 1* 2: 3 1: 2 2: 1 

Mg (II) -1530.97 - 

-2861.96* 

-2861.66** 

-1730.49a 

-1730.14b 

-1730.90c 

Ca (II) -2008.45 - 

-3339.49* 

-3339.19** 

-2685.47a 

-2865.55b 

-2686.03c 

Al (III) -1573.17 -4474.18 -2904.25* 

-1815.22a 

-1815.31b 

-1815.73c 

-1815.74* 

Cu (II) -2971.41 - -4302.36* 

-4611.30a, c 

-4611.47b 

Fe (II) -2594.49 - -3925.45* 

 -3782.30a  

-3855.42c 

* Carboxylate and carbonyl Oxygen (O7-O17); ** carboxylate and carbonyl Oxygen and thiol 

(O7-O17 and S20) 

a carboxylate and carbonyl Oxygen and hydroxyl Oxygen (O7-O17 and O10); b carboxylate and 

carbonyl Oxygen and Carbon (O7-O17 and C12), carboxylate and carbonyl Oxygen and 

Nitrogen (O7-O17 and N30) 
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In addition to these techniques, LC-MS was also performed to compare the peak signal intensity 

of IMP in presence and absence of metal ions to ascertain its interaction with metal ions and 

complex formation. The overlapped chromatogram and MS-spectra are included in the Appendix 

B (Figures B1-B5).  Figure B1 shows the overlapped chromatogram and mass spectra for IMP and 

its Mg- and Ca- complexes. The decrease in intensity of the parent peak at m/z 300.1013 [Imp-H]+ 

in presence of the metals is indicative of its interaction and formation of these metal complexes. 

In addition to the reduction in signal intensity, additional peaks at m/z 319.0742 and 311.08595 

are attributed to [Ca (IMP)2]
2+ and [Mg (IMP)2]

2+, respectively. Similarly, Figures B4 and B5 

display the overlapped chromatogram for Fe (II), Cu (II), and Al (III)- IMP complexes, 

respectively.  

 

5.3.3 Potentiometric measurements for complexation of Imipenem and metals 

The pH of the IMP solution was found to be 7.2 and at this pH, IMP is expected to exist as a 

zwitterion, possessing both positive and negative charges (protonated nitrogen and deprotonated 

carboxylic group). Upon the addition of metal salt solutions, the pH started to decrease until it 

reached a constant value. The stoichiometric ratio and the complexation constants obtained from 

the study are summarized in Table 5.3.  

Upon comparing the stability coefficients of the complexes, the stability of the complexes 

decreased in the order: Imp-Al > Imp-Ca ≈ Imp-Mg > Imp-Cu > Imp-Fe. It is evident, that the 

trivalent cation (Al (III)) showed a higher formation constant with IMP than bivalent alkaline earth 

metals (Mg (II) and Ca (II)) and transition metals (Cu (II) and Fe (II)), which can be attributed to 

its higher charge density (smaller cationic radius with higher ionic charge). High polarizing metals 

(or hard Lewis's acids) result in more stable complexes by favouring closer proximity of the metal 

ion to negatively charged ligands, resulting in a greater force of attraction, owing to its small size 

and high surface charge 27,39. For bivalent metal ions, alkaline earth metals (Mg (II) and Ca (II)) 

(K= 3.59 X 102) were observed to form more stable complexes with IMP, compared to transition 

metals Cu (II) and Fe (II) with stability constants 77.98 and 2.82, respectively.  
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Table 5.3: Stoichiometric ratio and stability constants for different Imipenem-metal complexes 

from potentiometry 

Metal ion Al (III) Ca (II) Mg (II) Cu (II) Fe (II) 

M: L 

2: 3 1: 2 1: 2 2: 1 2: 1 

[Al2 (IMP)3] [Ca (IMP)2] [Mg (IMP)2] [Cu2 (IMP)] [Fe2 (IMP)] 

Kstability 2.88 X 104 3.59 X 102 3.59 X 102 77.98 2.82 

 

Further, the molar ratio for IMP with Mg (II) and Ca (II) was found to be 1: 2; 2: 1 with Fe (II) and 

Cu (II); and 2: 3 for IMP with Al (III), as summarized in Table 5.3. It is likely that alkaline earth 

metals, such as Mg (II) and Ca (II), form a mononuclear complex, where the central metal is 

coordinated to two molecules of IMP, possibly via carboxylate and carbonyl oxygen. Similarly, 

transition metals, Fe (II) and Cu (II), form a binuclear complex, and trivalent Al (III) forms a 

complex where each aluminum ion is surrounded by six oxygen atoms from three IMP ligands. 

IMP ligands likely bridge the Al (III) ions to form a trinuclear complex with a central Al-O-Al 

core. The proposed structures are included in the Appendix B (Figure B6).  

 

5.3.4 Growth Inhibition Assay 

5.3.4.1 MIC 

The MIC is the minimum concentration of the antibiotic that inhibits bacterial growth after 

overnight incubation (12 h). First, the growth kinetics of both bacteria was studied in the presence 

of varying concentrations of IMP. The IMP concentration tested for toxicity was 1 to 20 μg/L for 

B. subtilis and 1 to 50 μg/L for E. coli. Based on their CFU, the concentration range was narrowed 

down to 1-8 µg/L for B. subtilis and 1-18 µg/L for E. coli. To define the toxicity of IMP towards 

wastewater model microorganisms- MIC50 and MIC90 for both B. subtilis and E. coli were 

determined using CFU. For B. subtilis, MIC50 and MIC90 were found to be 4 μg/L and 6 μg/L 

(~20 nM), respectively (as shown in Figure B7). Similarly, for E. coli, MIC50 and MIC90 were 

observed to be 2 μg/L and 10 μg/L (~33.4 nM), respectively (as shown in Figure B8). The values 
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were confirmed with CFU on agar plates and were found to be higher than the predicted no-effect 

concentration (PNEC) (EUCAST database) of 125 ng/L for IMP  53.  

 

5.3.4.2 Imipenem vs Imipenem-metal complexes 

Gram-negative bacteria, such as E. coli, and gram-positive bacteria, such as Bacillus subtilis, differ 

in the composition of their cell wall structure and composition, which dictates their behaviour 

towards the uptake of antibiotic molecules and susceptibility towards them. Gram-negative 

bacteria have a bilayer, consisting of lipopolysaccharides in the outer layer and phospholipids in 

the inner layer, with periplasmic space in between the two layers 144. The outer layer is an 

impermeable barrier that separates and protects the cell from the extracellular milieu. It also 

prevents the efficient uptake of molecules with large scaffolds. The gram-positive bacteria lack an 

outer lipid membrane but are surrounded by thick, mesh-like, layers of peptidoglycan. This 

difference in the cell composition rules their susceptibility towards contaminants, including 

antibiotics. Gram-negative bacteria exhibit greater resistance compared to gram-positive bacteria 

due to their unique structure 145.  For instance, the current study observed that 6 µg/L of IMP was 

sufficient to inhibit 90% of the growth in Bacillus subtilis, whereas a higher concentration (10 

µg/L) was needed to achieve the same effect in E. coli.  

However, despite the cell structure, some metals, such as magnesium, iron, and copper, are 

essential for several biological processes. This is why supplementing trace metal salts to the growth 

media facilitated bacterial growth for both B. subtilis and E. coli, and an increase in bacterial cell 

count was observed, as shown in Figure 5.5.  Owing to their unique redox potentials, transition 

metals, such as iron and copper, also play a crucial role as metal cofactors. Here, both these metals 

facilitated bacterial growth as can be seen from the increase in bacterial cell count in 12 h, 

compared to the control. In this study, the addition of Cu (II) at concentrations of 33.4 nM and 

66.8 nM resulted in a growth enhancement of approximately 50% and 150%, respectively, for E. 

coli. Similarly, supplementation with Fe (II) at concentrations of 33.4 nM and 66.8 nM led to a 

150% and 200% increase in bacterial growth, respectively (Figures 4.11 (a-b)). They serve as 

components of proteins (metalloproteins, storage proteins, transcription factors) and as cofactors 

or structural elements for enzymes 146,147. For instance, magnesium plays a vital role in maintaining 

the permeability and integrity of the bacterial cell membrane by stabilization of spheroplasts 148. 

The cation is also required for the activity of enzymes, helps preserve the structure of ribosomes, 
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and plays an essential role in stabilizing the tertiary structure of tRNA, serves as a cofactor of 

many enzymes, and is also required for RNA polymerase. Similarly, calcium ions (Ca2+) are 

needed for membrane transport channels and the activity of ATPases that provide energy functions 

149. Similarly, B. subtilis also showed significant effect on growth (>3-fold) when supplemented 

with 20 nM of these metals, as shown in Figure 5.5. This is because they perform essential roles- 

such as, copper is required for cofactor of enzymes and structural component of proteins; and iron 

is required for cytochromes and heme proteins, Fe/S cluster, Fe-oxoglutarate, and other non-heme 

proteins, as reported previously 150. However, when concentrations of metal salts were increased 

from 20 nM to 40 nM, no significant change was observed, as shown in Figure 5.5. In B. subtilis, 

Mg2+ and Ca2+ confer rigidity to the bacterial cell membrane as well 151. For instance, the growth 

of Bacillus was enhanced by the addition of magnesium salts, as depicted in Figures 5.5c and 5.5d.  

 

 

Figure 5.5: Toxicity studies of Imipenem and its metal complexes (1:1 and 1:2) in Escherichia 

coli (E. coli) ((a) and (b)); Bacillus subtilis (B. subtilis) and ((c) and (d)), respectively 
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Although aluminum belongs to the non-essential class of chemical elements, an increase in cell 

count was observed for both E. coli and B. subtilis when the media was supplemented with the 

metal salt. For instance, B. subtilis exhibited a higher rate of proliferation (+47.22%) with an 

increase in the concentration of Al (III) from 20 nM to 40 nM, as shown in Figures 5a and 5b. 

Similarly, for E. coli, the number of bacterial cells increased by 32.27% when metal concentration 

was increased from 33.4 nM to 66.4 nM (Figures 5.5 (c-d)). However, owing to its high association 

constants with diverse ligands, previous studies have reported the ability of aluminum to substitute 

magnesium and perform magnesium-dependent biochemical and regulatory functions to support 

bacterial growth, as observed here. To corroborate, the affinity of aluminum to ATP is almost 107 

times that of magnesium, which means aluminum concentrations as low as nanomolar levels can 

replace millimolar concentrations of magnesium 152,153. However, in biological systems, Al (III) 

may also bind to cell membrane phospholipids, affecting lipid-protein interactions and disrupting 

transport proteins 153. They can also impact the enzymatic activity- either by binding to the enzyme 

or the enzyme substrate and affect metabolism within the bacterial cell 152.  

However, both bacteria displayed different susceptibility against IMP and IMP-metal complexes. 

Being positively charged (+3), Aluminium preferentially interacts with oxygen-donor ligands or 

oxygen-containing functional groups in the ligands, such as phosphates and carboxylates, which 

being anionic, counter this charge 153. On similar grounds, it also interacts with IMP in the medium 

to form Imp-Al complex [Al2 (IMP)3], as seen above, and displays higher antibacterial activity 

towards the studied model microorganisms, compared to the parent drug (as shown in Figure 5.5). 

This can be attributed to electron delocalization during this metal chelation- the lipophilicity of the 

antibiotic can increase, which facilitates the interactions and uptake of AMCs with the bacterial 

cell membrane 27 16. Further, their increased stability, as determined by the titration studies, 

together indicate their persistence and toxicity in the environmental matrices. 

A similar trend was observed for all other metals as well, and it is evident from the findings that 

the IMP-metal complex displays higher antibacterial activity towards both gram-positive and 

gram-negative bacteria compared to IMP. The MIC90 of IMP (33.4 nM) for E. coli, ~98% 

inhibition was observed for Imp-Mg and Imp-Ca (1-1), >95% for Imp-Cu (1-1), compared to 90% 

inhibition in control. Similarly, for B. subtilis, >99% inhibition was observed for Imp-Me 1-1 (Me= 

Fe and Cu) for MIC90 (20 nM), as shown in Figure 5.5. These findings lie in good accordance 

with the results from the DFT studies. That is, lowering dipole moment, or increasing lipophilicity 
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by metal complexation of the antibiotic, displays higher antibacterial activity. Thereby, both 

studies substantiate each other.  

This higher antibacterial activity of IMP-metal complexes compared to the parent antibiotic can 

be due to decreasing polarity (hydrophilicity) and an increase in lipophilicity because of electron 

delocalization, which can thereby facilitate the uptake and interaction of these molecules 19,27. 

Further, metal ions can also interact with the bacterial cell membrane, leading to membrane 

destabilization and increased permeability- this increased permeability can lead to higher uptake 

of antibiotic molecules within the cell and increased toxicity.   

While both these strains- E. coli and B. subtilis serve as representative model wastewater 

microorganisms for gram-negative and positive bacterial species, providing a standardized and 

widely accepted framework for comparative toxicity evaluation, they do not fully represent the 

complexity of the wastewater microbial communities. The results, thereby, should be interpreted 

as indicators of intrinsic antibacterial and metal-complexation-driven toxicity rather than direct 

predictions of community-level ecological impacts. 

 

5.4 Conclusions  

The binding affinity of IMP with metals Mg (II), Ca (II), Fe (II), Cu (II), and Al (III) follows the 

order: Al (III) > Ca (II) ≈ Mg (II) > Cu (II) > Fe (II), as determined by potentiometric titrations 

performed at pH 6.0 ± 0.2 at room temperature. The most stable stoichiometry (M: L) was observed 

to be 2: 3 for trivalent metal, (Al (III)); 1: 2 for alkaline earth metals Mg (II) and Ca (II); and 2: 1 

for Cu (II) and Fe (II). The interaction of IMP and metals, and the formation of complexes were 

also studied by UV-vis spectroscopy and LC-MS. The peaks at m/z 319.0742 and 311.08595 are 

attributed to [Ca (IMP)2]
2+ and [Mg (IMP)2]

2+, respectively. Further, the metal complexes for IMP 

displayed higher antibacterial activity towards E. coli and B. subtilis, wastewater model 

microorganisms. For B. subtilis, MIC50 and MIC90 were found to be 4 μg/L and 6 μg/L (~20 nM), 

respectively. Similarly, for E. coli, MIC50 and MIC90 were observed to be 2 μg/L and 10 μg/L 

(~33.4 nM). For E. coli, ~98% inhibition was observed for Imp-Mg and Imp-Ca (1-1), >95% for 

Imp-Cu (1-1), compared to 90% inhibition in control (33.4 nM). Similarly, for B. subtilis, >99% 

inhibition was observed for Imp-Me 1-1 (Me= Fe and Cu) for MIC90 (20 nM). These findings lie 

in good accordance with the results from the DFT studies. DFT studies reveal that, in general, 

IMP-metal complexes have lower electronic energy, and thereby higher stability than IMP. For 
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instance, the electronic energy of IMP-Al (M: L= 2: 3) was determined to be -4474.18 Hartree, 

compared to -1330.93 Hartree of IMP alone. This higher stability, coupled with lower dipole 

moment or higher lipophilicity, facilitates higher uptake of IMP- metal complexes by bacterial 

community in environmental matrices, like wastewaters, thereby posing a threat to the existing 

wastewater treatment systems and triggers the rapid spread of antibiotic resistance.   
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Abstract 

Fluoxetine (FLX), a widely prescribed antidepressant and one of the most prevalent 

pharmaceuticals detected in the environment, has piqued significant interest recently due to its 

persistence and potential ecological effects. Despite its widespread detection, no comprehensive 

review currently exists that focuses specifically on FLX's environmental behaviour. As a 

polyfluorinated synthetic organic compound, FLX serves as an ideal model for understanding the 

broader challenges faced by fluorinated pharmaceuticals. This review presents a critical and 

integrative assessment of FLX, beginning with its molecular structure and role of the C-F bond in 

enhancing the chemical stability and recalcitrance. The review then explores its environmental 

fate, including its behaviour towards hydrolysis, photolysis, partitioning, susceptibility to 

microbial attack, potential for bioaccumulation, and interactions and joint toxicity with other co-

existing pollutants. This is followed by a comprehensive and critical discussion of existing 

advanced removal techniques currently investigated for FLX removal and offers recommendations 

for future studies. Despite some promising approaches, challenges remain due to the inherent 

stability of the C-F bond, the toxicity of by-products, and the complexity of the matrix. This review 

also aims to highlight the need for environmental management of FLX, not only to mitigate its 

ecological footprint but also to offer broader insights into the class of polyfluorinated 

pharmaceuticals.  

 

Keywords: Fluoxetine, Contaminant, PFAS, Biodegradation, Polyfluorinated compounds  
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6.1 Introduction  1 

Fluoxetine (FLX), sold as Prozac®, belongs to the second generation of SSRI (Selective Serotonin 2 

Reuptake Inhibitor) class of antidepressants and is considered a breakthrough drug for depression. 3 

Following its discovery and FDA approval in 1987, FLX has become one of the most prescribed 4 

antidepressants globally 154. This is primarily because of its safety, therapeutic efficiency for all 5 

genders and ages, and fewer adverse effects, withdrawal symptoms, and dropouts. It is considered 6 

a first line of treatment for mental disorders, including depression, anxiety, phobias, obsessive-7 

compulsive disorders, and bulimia nervosa 154,155. It acts on the central nervous system and inhibits 8 

the uptake of neurotransmitter serotonin (5-hydroxytryptamine or 5-HT) by the presynaptic neuron 9 

by blocking the serotonin transporters (or SERT) in the neural membrane. The mechanism of 10 

action of FLX and its metabolism in body is summarized in appendix C. 11 

 12 

 13 

Figure 6.5: Antidepressant consumption in OECD member countries (2020-2024)14 
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Figure 6.6: Statistics on antidepressant use in Canada and variations (2019-2023) 

 

With increasing incidences of psychiatric and mental disorders, the prescription and consumption of FLX 

have increased over the years 156–160. Figure 6.1 displays the most recent data by the OECD on 

antidepressant consumption (the USA was not a part of this study) 161. However, as mentioned elsewhere, 

FLX was ranked 31 on the top 300 best-selling drugs in 2020, with 21.9 million prescriptions in the US 

in 2017. In 2019, 27.1 million prescriptions were filled for FLX, making it among the top 200 most 

prescribed drugs for the year at rank 20 162. Similarly, Canada has seen a 26% increase in the use of 
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antidepressants from 2019-2023 (as shown in Figure 6.2), with over 2.5 billion units (tablets/capsules) 

dispensed in 20235. In addition to North America, the use of SSRIs has also been on the rise in Europe. 

For instance, prescription data from Denmark show a gradual increase from 42.32 to 48.24 defined daily 

doses (DDD) per 1000 inhabitants between 2020 and 2024 163. Similarly, data from Sweden and Spain 

indicate an increasing trend for FLX use for the same period, with DDD rising from 6.19 to 7.19, and 

from 7.06 to 8.08, respectively 163,164.   This increase in consumption is well reflected in the 

concentrations and frequency of its detection in environmental matrices, such as wastewater, wastewater 

sludge, and surface water, via domestic and hospital effluents, industrial leaks, and poor disposal 

practices, as summarized in Table 6.1. Among environmental matrices, the highest FLX concentrations 

have been reported for wastewater treatment plant (WWTP) influents (reaching up to ~ 3.2 µg/L), as it 

directly receives excreted drug residues from patients, and no chemical or biological methods of 

treatment have been applied to reduce their levels. In addition, the concentrations in Table 6.1 indicate 

highly variable removal efficiency for FLX during the wastewater treatment. For instance, an analysis of 

grab samples collected from a WWTP in the UK by Evans et al. (2015) revealed a ~49% efficiency, 

while another study by Piaga et al. (2019) in Portugal reported an efficiency of ~26% 165,166. In some 

cases, a negative removal efficiency was also observed. For example, for Canadian hospital wastewater 

monitoring, a removal efficiency ranging between -171% and 40.2% was calculated based on the 

concentrations reported for the influent and effluent 167. The negative values could indicate metabolite-

back transformation, desorption, or sampling variability. Most of these samples are grab samples, which 

do not reflect the efficiency of WWTP correctly. Despite this, an inconsistent, often incomplete removal 

of FLX has been reported during wastewater treatment. 

Due to its poor degradation along the treatment chain and its relatively high lipophilicity, FLX persists 

beyond the influent stage, resulting in frequent detection in wastewater sludge and effluent, which can 

further carry FLX to surface water. Its frequent detection, persistence and toxicity in these environmental 

matrices, instigate several concerns in aquatic and terrestrial ecosystems 165,167–170. For instance, FLX 

uptake in fish has been reported to have consequences on growth and behaviour, reproductive axis, 

metabolism, accumulation, and gene expression10–13. Similarly, wild European starlings (also known as 

songbirds), after exposure to FLX (2.7 µg/day), displayed altered physiological and behavioural changes, 

such as higher aggression towards partners,  poor courtship behaviour, and reduced female attractiveness 

171. The hydrophobic and lipophilic nature of FLX allows its adsorption on biological membranes, 

resulting in its uptake, and bioaccumulation. The lipophilic nature of the drug also allows it to readily 

distribute into cells, including central nervous systems in human body, and cross blood-brain barrier 
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(BBB) by passive lipophilic diffusion. This also poses a risk of neural disruptions by targeting serotonin 

pathways in non-target organisms, altered reproductive, growth, and physiological behaviours, including 

prey-predator dynamics, which can result in the disruption of food web 172–174. Further, in regard to its 

environmental presence, previous reports have indicated that the drug is stable towards hydrolysis, 

photolysis, and facile microbial degradation, making them environmentally persistent 175–177. This 

constant presence of FLX in both aqueous and solid matrices, along with its persistence and toxicity to 

non-target organisms, has rightly garnered attention recently. The number of publications addressing 

FLX in aquatic environments has increased markedly since, as shown in Figure 6.3, reflecting growing 

recognition of its importance, although significant research gaps remain in its treatment approaches. The 

drug has been identified as an emerging contaminant and demands immediate attention concerning its 

monitoring and degradation strategies.  

 

Figure 6.7: Annual number of publications on FLX for 2000-2025. Data retrieved from Scopus using 

relevant keywords. 

(*Search strings used: (TITLE-ABS-KEY (Fluoxetine) AND TITLE-ABS-KEY (wastewater OR aquatic 

OR river OR environment OR effluent OR lake) for studies limited to Environmental Science. For total 

FLX publications: (TITLE-ABS-KEY (Fluoxetine))). 
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Table 6.1: Summary of occurrence of FLX in wastewater and wastewater sludge 

Year Matrix Location 
Concentration of 

FLX (ng/L) 
Detection Method Ref. 

2010 Raw influent 

Douro River 

estuary 

(Portugal) 

0.80-3.20 µg/L HPLC-DAD [178] 

2011 Hydro matrix 
Scotland 

(WWTPs) 
<10 LC-MS [179] 

2012 
Raw influent 

Final effluent 

5 STPs in 

Canada 
9-26 LC-MS [180] 

2012 Effluent 
Waterloo, 

Canada 
5 LC-MS [11] 

2012 - Italy 
55-190 

10-63 
- [181] 

2013 
Influent 

Effluent 
UK 

4.9-175.9 

5.6-44.9 
- [182] 

2015 
Influent 

Effluent 
UK WWTP 

51 ± 4.3 

26 
LC-MS [165] 

2017 
Influent 

Effluent 
UK 

36-436.5 

33-66.5 
- [183] 

2019 
Influent 

Effluent 

WWTPs in 

Portugal 

78 

57.5 
LC-MS/MS [166] 

2019 
Influent 

Effluent 
Spain 

77-207 

63-72 
LC-MS/MS [184] 

2019 Raw influent 
4 WTPs in 

Belgium 
7.5-70 RPLC-MS/MS [168] 

2020 Raw influent 
WWTP London, 

UK 
50-58 LC-MS/MS [185] 

2022 
Influent 

Effluent 

Hospital 

Wastewater, 

Canada 

3.51 

2.1-9.5 
LC-MS/MS [167] 

 

Year Matrix Location 
Concentration of 

FLX (ng/g) 
Detection Method Ref. 

2011 
Treated Sludge 

and sediments 

WWTP, 

Scotland 

<10 

 
LC-MS [170] 

2012 Treated Sludge WWTP, Sweden 144 ± 45 HF-LPME [186] 

2012 

Primary sludge 

Secondary 

sludge 

Biosolids 

STP, Canada 

339 

94 

74 

LC-MS [180] 

2015 Digested sludge STP, Canada 85.6 ± 9.4 LC-MS [165] 

2019 Sewage sludge STP, Brazil 90 LC-MS/MS [169] 
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Various researchers have investigated physical and chemical methods to tackle FLX-polluted waters; 

however, no method currently identified is sustainable, promising, and effective for potentially 

retrofitting current wastewater treatment plant (WWTP) treatment chains. In order to overcome these 

challenges and present a low-energy, green, and economically feasible approach, several attempts have 

been made recently to degrade the recalcitrant FLX biologically. However, owing to the drug’s low 

biodegradability, biodegradation attempts with microalgae, fungi, and bacteria (isolated and consortia), 

have displayed subpar results 187–190. Previous reports have suggested that the current knowledge of 

bioremediation systems cannot handle polyfluorinated compounds due to evolutionary constraints 191–193. 

While C-F bond cleaving enzymes are not rare, microbial intolerance to high concentrations of 

intracellular fluoride ion poses this limitation. Intracellular fluoride can deactivate enzymes, mimic 

phosphate in harmful ways,  and disrupts cell’s energy balance by collapsing the proton gradient across 

membranes. Due to this, very low concentrations of intracellular fluoride, as little as 70 µM, are reported 

to be toxic to prokaryotic cells and can result in cell death 193,194. So, if a cell can defluorinate, it will 

generate fluoride ions, thereby causing cell death and putting a constraint on both microbial degradation 

and evolution. The same principle also makes the enrichment culturing an ‘unpromising’ method 193. It 

is irrefutable that the efficiency of the employed removal technique depends on the structure of the 

pollutant, and its fate in the environment provides more insight into its behaviour and breakdown profile. 

In this regard, the present review aims to (i) delineate the structural features of FLX, including 

fluorocarbon chemistry, that renders it persistent in the environment, (ii) elaborate on fate of the drug in 

the environment, and (iii) comprehensively and critically discuss the existing removal methods for FLX, 

identify the challenges, and present prospects in the research area. 

 

6.2 Structural features of FLX and fluorocarbon chemistry 

The molecular structure of FLX contains two aromatic rings, one phenyl ring and one trifluoromethyl-

substituted phenyl ring, connected by a substituted methoxy group (Figure 6.4). The aliphatic side chains 

comprise a secondary amine functionality and a chiral carbon (giving rise to (R) and (S)- enantiomers of 

FLX). Although the two enantiomers have similar efficiency in blocking serotonin reuptake, their 

metabolism, half-life, renal clearance from the human body, and environmental behaviour vary slightly 

195,196. For instance, the clearance and half-life of R-FLX are four times greater than those of S-FLX, as 

reported elsewhere 196. Given its slower clearance and longer half-life, R-FLX is expected to be excreted 

and consequently released into the environment in greater quantities than the S-enantiomer. In addition, 



70 
 

the stereoselective biodegradation in WWTPs often favours the transformation of S-FLX, leading to 

further enrichment of the more persistent and ecotoxicologically more relevant R-FLX in effluents 195. 

However, at least one study has demonstrated preferential degradation of R-FLX under specific microbial 

conditions, indicating that enantioselective outcomes may vary with the microbial community and 

operational context 197.  

 

 

Figure 6.4: Substituent effects on the trifluoromethyl-benzyl group in FLX 
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The structural features of FLX hinder facile microbial degradation and define its environmental 

persistence. To begin with, the presence of the secondary amine group (pKa~ 9.8-10.3) indicates that 

FLX is a weak base and exists predominantly in its protonated or ionized form at circumneutral pH 187,198. 

This not only improves the solubility of the drug at environmental pH but also stabilizes it against the 

nucleophilic attack.  

Also, it is evident from the structure that the nitrogen heteroatom, which acts as an electron donor or 

Lewis base, is spatially well separated from the aromatic rings, suggesting that it does not significantly 

affect the π-electron delocalization of the rings 199. The aromatic rings make the drug more hydrophobic 

and confers high affinity for sorption, thereby limiting its bioavailability. Further, the presence of an 

oxygen atom (in the phenoxy group, or ether linkage) and -CF3 substitution at the para position introduces 

some interesting effects. To begin with, fluorine has the highest electronegativity of all elements, and 

having three fluorine atoms attached to a single carbon unit makes the -CF3 a strong electron-withdrawing 

group (EWG). The Fluorine atoms tend to pull electron density from the adjacent C, and the aromatic 

ring. This strong -I (negative inductive effect) of the trifluoromethyl group makes the ring less 

nucleophilic, thereby deactivating it towards electrophilic aromatic substitution reactions (EASR). This 

reduces the susceptibility of the drug to oxidative metabolism and confers metabolic stability in the 

environment.  This also means that FLX is resistant to environmental breakdown processes, like those 

mediated by sunlight and radicals, in addition to microbes, as they proceed via electrophilic attack on the 

aromatic ring. This resistance keeps the aromatic rings intact, and FLX persists in the environment with 

long half-lives. 

In addition, oxygen, being electronegative, exhibits a -I effect, while also exerting a positive mesomeric 

effect (+M) via resonance. This means that oxygen tends to pull the electron density through the σ bond 

via an inductive component, while donating a pair of electrons into the π system (resonance) (Figure 6.3). 

Generally, for oxygen directly attached to an aromatic ring, the +M effect is stronger than the -I effect, 

which suggests that oxygen increases the electron density at the ortho and para positions of the ring, 

making it more reactive towards EASR. However, the -I of the CF3 substituent at the para position often 

dominates the +M of the oxygen atom and, overall, deactivates the ring by making it electron deficient. 

This indicates low reactivity of the aromatic ring and greater chemical stability of the drug. The presence 

of ether also makes it relatively resistant to hydrolysis at ambient conditions that further limit microbial 

cleavage. 
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It is noteworthy that the molecular structure of FLX possesses 3 C-F bonds, which is known to have the 

highest bond dissociation energy (BDE) among all C-X bonds. To strengthen, the BDE of C-F bond is 

expected to be ranging between 105-130 kcal/mol (i.e., 4.53-5.59 eV), compared to 81 kcal/mol for C-

Cl and 46 kcal/mol for C-Br bonds 200. As mentioned elsewhere, the C-F bond in trifluoromethyl (CF3H) 

has a BDE of 114.6 kcal/mol 201. In FLX, the proton in the trifluoromethyl group has been substituted by 

an aromatic ring (phenyl), which stabilizes the structure by inductive and resonance effects, thereby 

increasing the BDE of C-F in aromatic structures, and supporting the high chemical stability of FLX 

under environmental and treatment conditions.    

Owing to these highly stable fluorinated bonds, FLX has been identified as a per- and poly- fluoroalkyl 

substance (PFAS), commonly referred to as ‘forever chemical’, in line with OECD guidelines 191. Overall, 

this lipophilic and stable chemical structure of FLX contributes to its environmental persistence, 

underscoring the need to understand its fate in real systems.   

6.3 Environmental persistence and Fate of FLX 

Once released into wastewater, the pharmaceutical residues can undergo physical, chemical, and 

biological transformations, determining their fate in the environment. Understanding the fate of the 

analyte is crucial for determining its behaviour and toxicity, and aids in devising suitable degradation 

methods for the same. This section, in this regard, outlines different courses, such as hydrolysis, 

photolysis, sorption and partition, microbial susceptibility, interactions with co-existing pollutants, and 

their single and combined toxicity, which could influence the occurrence, persistence, and toxicity of 

FLX. It is, however, important to note that in the 'real' world, these do not operate in isolation but work 

in integration to define the environmental behaviour of any pollutant, including FLX. The different 

courses highlighted in this section aim to summarize existing literature and provide a fundamental 

understanding of how these processes influence FLX fate and transformation in environmental matrices 

with a water-sediment-biota continuum.  

6.3.1 Hydrolysis and photolysis 

To understand the fate of the antidepressant FLX, Lam et al. (2005) investigated the direct and indirect 

photolysis of the drug in simulated sunlit waters (~300-800 nm) under pH 6, 8 and 10. An aqueous 

solution of FLX (10 µM) (pH 8) was observed to be susceptible to direct photolysis with a half-life of 7 

± 1 days (55.2 ± 3.6 h) with a pseudo-first-order rate constant of 0.0126 ± 0.001 h-1. Negligible 

degradation in controls stored in the dark confirms the contribution of only base-catalyzed direct 
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photolysis (<5%) and no effect of thermal or hydrolytic degradation of the drug 202. The thermal stability 

of the drug at pH>2.5, with ≥95% of initial FLX for 8 weeks at temperatures of 5 and 30 °C, was also 

reported previously by Peterson et al. (1994) 175.   

Although the study by Lam et al. (2005) did not provide degradation rates for pH 6 and 10, degradation 

is expected to be faster at alkaline pH (pH 10) due to the prevalence of more neutral/anionic species that 

are more photoreactive, compared to slightly acidic pH. However, this must be viewed as a comparative 

trend, and it must be noted that FLX has demonstrated stability towards base, heat, humidity, and 

oxidative conditions and displayed degradation only under highly acidic conditions (pH <1), which is 

not environmentally relevant 203 204. Another study by Kwon and Armbrust (2006) conducted laboratory-

scale studies to investigate the persistence of FLX in aquatic systems, including aqueous solution 

(buffered solution pH 7, synthetic humic water, and lake water), water/sediment systems and activated 

sludge media. The study reported that the drug was hydrolytically and photolytically stable for a period 

of 30 days 176. Similarly, a more recent study by 177 observed low photolysis rates for the degradation of 

FLX and FLX-SO4 by hydrolysis in pure water and natural pH and under simulated sunlight.  

Also, it must be noted that hydrolysis and photolysis frequently overlap in aquatic environments, as 

hydrolytic reactions may occur under irradiation and photolytic pathways are typically studied in aqueous 

systems; these processes should not be considered entirely isolated, particularly in the environmental 

context. 

6.3.2 Sorption and partition in Water/sediment systems 

The physicochemical properties of FLX allow for the prediction of its environmental fate, including 

biodegradability and partition in water/sediment systems. For instance, the octanol-water partition 

coefficient, or hydrophobic descriptor, represented by log Kow, defines its uptake in biological wastewater 

treatment processes. A log Kow < 2.5 indicates low sorption potential, 2.5 < log Kow < 4 indicates 

medium sorption potential, while log Kow > 4 indicates high sorption potential 187,205. Additionally, the 

solid-water distribution coefficient (Kd) is defined as the partition of a compound between the sludge and 

the water phase at equilibrium. For compounds with Kd  > 300 L/kg (i.e. log Kd > 2.48), sorption onto 

sludge is considered significant 206. However, factors such as functional groups, their speciation with pH, 

organic matter, cation exchange capacity, ions, and clay also play crucial roles 207,208.  

FLX has a log Kd = 2.76-3.78 (log Kd > 2.7) and log Kow > 4 at circumneutral pH (pH 6-8), which 

indicates that the drug is lipophilic and predicts its high adsorption potential  187,188,209. This suggests that 
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FLX tends to adsorb onto solids, indicating its elimination by activated sludge processes (ASP) during 

the treatment train at WWTPs. The study by Kwon and Armbrust (2006) also revealed that FLX rapidly 

partitions in water/sediment systems, with adsorption to sediments, and this distribution is unaffected by 

light: dark cycles 176. Although this partitioning to sediments and natural organic matter (NOM), via 

adsorption or complexation, and salinity does not affect the concentration of FLX, it alters the 

bioavailability of the drug and uptake by organisms210. Recent studies have shown that (i) FLX is stable 

in soil for up to 270 days, which is sufficiently long period for plant uptake, if any, and (ii) the presence 

of FLX in soil significantly affects both- pH of the soil and internal pH of earthworm Eisenia fetida, 

which are the key terrestrial invertebrates 211,212.  

It is worth mentioning that although there is a significant knowledge gap concerning the fate of FLX in 

soil systems, it is known that organic matter in the soil, and so the soil types, influences the sorption and 

bioavailability of FLX; however, it does not influence the stability and persistence of the drug residues 

211,212. Long-term stability of FLX in soil coupled with the land application of FLX-containing sludge 

and biosolids as fertilizer into the soil can provide a route of entry for the drug to the soil and agricultural 

fields. A previously reported preliminary study has reported the uptake of FLX into Brassicaceae tissues 

(cauliflower stems and leaves); however, more studies are required, especially for crops commonly 

grown on sewage-sludge amended soils, such as corn, potato, lettuce, and cabbage 213.  

It has also been reported that nucleophilic -NH of FLX reacts with electrophilic chlorine of hypochlorite 

during chlorination to rapidly (<2 minutes) form N-chloramine 214. It is noteworthy that the presence of 

amine-containing organics, such as FLX, creates a high 'chlorine demand' but results in lower disinfection 

efficiency. The release of N-chloramines is also concerning because of (i) increased hydrophobicity and 

(ii) acts as an active chlorine carrier. At neutral conditions, FLX exists in protonated form. However, the 

replacement of H by Cl makes it neutral or unprotonated, making it more hydrophobic than the parent 

FLX. This increased hydrophobicity can result in a greater tendency to adsorb on organic surfaces such 

as sediment, soil, and biological membranes 214,215. The N-chlorofluoxetine can also serve as a carrier for 

'active chlorine' and transfer its chlorine to other reductants or assimilation in biological cells post 

uptake214. 

6.3.3 Microbial susceptibility and bioaccumulation potential  

The Kbiol for FLX ranges from 0.03 to 9.0, demonstrating poor to significant biodegradability, depending 

heavily upon conditions 187; the antidepressant was found to be resistant to microbial degradation in 
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WWTPs 176,216. Ultrasonication has been explored as a pretreatment to improve the biodegradability of 

FLX 216. 

In addition to microbial persistence, FLX has been studied to accumulate in aquatic organisms and 

transfer via the food chain, exhibiting the potential to bioaccumulate and bio-magnify at all trophic levels 

217–219. For instance, after exposure to 75 ng/L FLX for 15 days, mussel M. galloprovincialis showed 

signs of accumulation of both FLX and norfluoxetine, increasing from 2.53 and 3.06 ng/g dry weight on 

day 3 to 9.31 and 11.65 ng/g on day 15, respectively 220. The SSRI has also been studied to accumulate 

in Spirostomum ambiguum, ciliated protozoa commonly found in activated sludge in WWTPs and 

surface waters 215. Since protozoa have a critical role in controlling bacterial populations and dynamics, 

promoting floc formation, and improving sludge settling, FLX accumulation in them can potentially (i) 

affect their mobility and growth, (ii) cause a shift in bacterial communities, (iii) impair sludge settleability, 

affecting nutrient removal and WWTP performance. Although previous studies have reported 

consequences on growth and behaviour, reproductive axis, metabolism, accumulation, and gene 

expression due to accumulation of FLX in the brain, liver, and muscles of zebrafish (Danio rerio) and 

goldfish (Carassius auratus), reports on the accumulation of FLX in protozoa and its potential effects 

are lacking 10,12,155,13,210. . 

6.3.4 Interactions with co-existing pollutants and combined toxicity  

Owing to its structural features and physicochemical parameters, FLX can interact with co-existing 

pollutants and has been the center of a few studies, as summarized in Table 6.2. The drug has been studied 

to interact, directly or indirectly, with organic matters such as co-existing pharmaceutical residues, 

microplastics, and inorganic entities like metals and engineered nanomaterials 221–225. For instance, the 

co-occurrence of FLX and Sertraline (SER) has been studied to affect the growth, photosynthetic activity, 

and antioxidant system of the microalga Chlorella pyrenoidosa. Although both FLX and SER strongly 

inhibit microalgal growth, with 96-hour EC50 values of 493 and 61.1 µg/L, respectively. However, the 

combined effect is additive and causes more significant photosynthetic damage and oxidative stress than 

either compound alone. The microalgae C. pyrenoidosa can efficiently remove FLX by biodegradation 

and SER by both biodegradation and bioaccumulation, but their co-existence lowers the biodegradation 

rate and subsequent removal for both drugs 225. A similar effect on the antioxidant system and inhibition 

of Ca (II)-ATPase was observed in Daphnia magna on simultaneous sub-chronic (7 days) and acute 

exposure (48 h) to FLX and Zn (II) 221. The presence of FLX has also been reported to affect the 
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functioning of intracellular Ca (II) channels in cells, thereby inhibiting respiratory chain and disrupting 

ATP production 226–228.    

Likewise, the co-existence of FLX and ketoprofen, an analgesic, induces greater disruptions in nitrogen 

and phosphorus cycles and micro-eukaryotic communities, including physicochemical and biological 

variations, compared to either pharmaceutical alone 223. This can be partially owed to its potential to 

influence the antibacterial activity of several co-occurring antibiotics against both standard and multi-

drug-resistant strains 222,229. For instance, FLX is effective against gram-positive bacteria, with limited 

activity against gram-negative bacteria. Although it does not interfere with the antibacterial activity of 

antibiotics directly; however, it interferes with the bacterial resistance mechanism, such as inhibition of 

efflux pumps, to exhibit both antagonistic and synergistic effects 222. It can also alter the behaviour of 

Asellus aquaticus, a benthic micro invertebrate and a decomposer, resulting in a slower rate of microbial 

decomposition of plant remains near the sediment 224. 

A recent study by Yan et al. (2019) highlighted the increased FLX uptake and accumulation in fish in 

the presence of multi-walled carbon nanotubes (MWCNTs) 210. Similar results were observed with 

mussels (Mytilus galloprovincialis) 220. It is considered that the occurrence of nanomaterials, like 

MWCNTs, serves as an adsorbent for FLX, forms an adduct, increases the uptake, and promotes the 

accumulation in aquatic organisms 210.   

All these studies highlight that combined exposure of FLX with other pollutants may instigate harmful 

impacts on ecosystem levels, including aquatic microcosms and bacterial communities. This has 

encouraged the researchers to devise effective removal techniques for FLX from aqueous matrices, 

including physical, chemical, and biological degradation, as discussed in the next section. 
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Table 6.2: Summary of interactions between FLX and other environmental co-pollutants 

Co-pollutant/ 

Condition 

Interaction 

Nature 

Observed effects Environmental relevance Ref. 

Sertraline Additive - FLX with sertraline showed additive 

toxicity to microalgal growth 

- Damaged antioxidant systems and 

photosynthesis 

 

- Presence of SSRIs can affect 

microalgae-based 

bioremediation  

 

225 

Ketoprofen  Additive - Induced greater disruptions in 

nitrogen and phosphorus cycles 

- Reduced D. magna brood rate, 

inhibited Lemna growth 

- Changed the composition of micro-

eukaryotic communities 

- Can affect ecosystem 

communities and their 

functional processes 

- May affect ecological risk 

estimations due to 

over/underestimation   

223 

Microplastics 

(polystyrene) 

Synergistic  - Disruption of gene expression and 

oxidative pathways 

- Increased malformations, morality, 

and delayed embryonic development 

- Microplastics enhance FLX toxicity 

and tissue accumulation 

- Interfere with fundamental 

biological processes, cause 

direct and indirect toxic effects 

 

230 

Microplastics 

(polystyrene) 

Mixed  - Microplastics reduced trophic 

transfer of FLX along food chain and 

mitigated the neurotransmission 

biotoxicity in fish induced by FLX 

- Enhanced oxidative stress, apoptosis, 

immune responses in zebra fish 

- Carrier effects of 

microplastics can affect 

trophic transfer of FLX and 

biotoxicity in environmental 

matrices 

- Relevant in matrices 

containing both the entities 

231 

Microplastics 

(polystyrene) 

Complex - Combination of FLX and 

microplastics influence phytoplankton 

biomass, zooplankton abundance, and 

microbial decomposition rate of plants  

- Microplastics can reshape 

dose-response outcomes for 

FLX at ecosystem levels 

224 

Azoles Synergistic - Combination of FLX with 

fluconazole dimmish the virulence of 

C. albicans by downregulation of gene 

expression and weakening of 

extracellular phospholipase activity  

- FLX in presence of azoles 

can be used as a potential 

therapeutic strategy against 

resistant C. albicans infections 

232 

Zinc (Zn2+) Antagonistic Reduced FLX toxicity on D. magna, 

along with antioxidant suppression and 

Ca(II)-ATPase- inhibition 

Oxidative stress 221 

Carbon 

nanotubes 

(MWCNTs) 

Synergistic - MWCNTs play as ‘carrier’, 

increasing bioavailability, uptake and 

accumulation in fish 

- NOM alleviated, and salinity 

reversed the carrier effect of 

MWCNTs 

NOM and salinity affect the 

interactions between FLX and 

engineered nanostructures; can 

cause uncertainty in risk 

assessment of FLX 

210 
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6.4 Removal technology bottlenecks 

6.4.1 Physical methods 

6.4.1.1 Adsorption 

The physicochemical properties of FLX indicate its high tendency for surface adsorption, and this 

capacity has been utilized to remove FLX from aqueous solutions via adsorption. Various adsorbents, 

including but not limited to commercial adsorbents, biosorbents, and metal-based nanoparticles, have 

been employed for this purpose, as summarized in Table 6.3.  

(i) Waste-derived adsorbents: The principles of waste valorization, zero-waste and circular economy 

have promoted the utilization of waste, such as lignocellulosic and agri-food waste, to prepare 

high-capacity adsorbents to combat pharmaceutical pollution. For instance, Silva et al. (2020) 

utilized spent coffee grounds, pine bark and cork waste to produce biosorbents with maximum 

adsorption capacity between 4.74 mg/g and 14.31 mg/g 233. Nkana et al. (2024) prepared a series 

of adsorbents using different ratios of polyethylene glycol (PEG 2000) and carboxymethyl 

chitosan derivatives (O-CMCs and N, O-CMCs; 0.03 g/mL) (denoted as PHB1, PHB2, PHB3, 

PHB4, and PHB5, with surface area 19.84, 29.81, 37.50, 3.69, and 25.93 m2/g, respectively), and 

used them to remove FLX via physisorption. The maximum absorption capacity observed for the 

materials ranged from 90.6 to 112.6 mg/g 234. Similarly, adsorbents prepared by chemical 

activation of primary paper sludge with KOH, NaOH, and ZnCl2, followed by pyrolysis (PS800-

10KOH, PS800-10NaOH, and PS800-10ZnCl2) achieved a maximum adsorption capacity of 

191.6 ± 4.8, 136.6 ± 9.6, and 28.4 ± 0.3 mg/g, respectively. 235  

The naturally occurring fibres, such as xylan, pectin, and lignin, have also been exploited to 

produce efficient adsorbents. For instance, Farghal et al. (2023) used xylan and pectin-coated 

activated-carbon-based magnetite adsorbents to remove FLX. These nanocomposites- 

Xylan/AC/Magnetite (XCM) and Pectin/AC/Magnetite (PCM) displayed adsorption capacities of 

90.9 mg/g and 114.9 mg/g, respectively. The xylan and pectin-modified nanocomposites 

displayed enhanced regeneration, reusability, and stability compared to AC/magnetite (CM) 

nanocomposite 236. Similarly, Camiré et al. (2020) transformed lignin into anionic nanofibrous 

adsorbents via electrospinning, using poly(vinyl alcohol) (PVA) as a co-polymer. Nanofibers 

containing different rations of lignin and PVA were prepared, and the nanofibers with a lignin: 

PVA ratio of 50:50 exhibited the best performance, with a maximum adsorption capacity of 29 

mg/g 237.   
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A study by Fernandes et al. (2019), on another note, utilized agri-food waste to produce twelve 

biochars and explored their potential to absorb and remove FLX. The biochar prepared by 

pyrolysis of eucalyptus proved to be the most promising, with a surface area of 335 m2/g and an 

adsorption capacity of 6.41 mg/g 238. 

(i) Inorganic adsorbents: Both waste-derived mineral-based and synthetic metal-based adsorbents 

have been employed for FLX removal from aqueous solutions. For example, Piccirillo et al. 

(2017) prepared biphasic apatite-carbon bone-char from cod fish bones by pyrolysis at different 

temperatures (200, 400, 600, 700, 800, 900, and 1000 °C) and used it to remove 60% of FLX 

from an initial concentration of 200 mg/L in aqueous solutions 239.  

On the other hand, Narayanan et al. (2021) synthesized and utilized mesoporous ferrite 

nanoparticles of RuFeO3 (80-100 nm) and CeFeO3 (20-30 nm) for effective FLX removal (>99% 

for initial FLX concentrations of 20 mg/L), with maximum adsorption capacities of 683.5 mg/g 

and 729.6 mg/g, respectively 199. A nanocomposite of ternary ZnCoAl layered double hydroxide, 

supported on activated carbon (LAC), was recently synthesized and used for FLX removal by 

Mahgoub et al. (2024), thereby reaching a maximum adsorption capacity of 450.92 mg/g for FLX 

concentration of 50 µg/mL. However, this adsorption capacity was achieved at pH 10, which is 

unsuitable for environmental applications 240.  

(ii) Commercial adsorbents: A few studies have also investigated the potential of commercially 

available adsorbents for FLX removal, which have been summarized here for reference. A recent 

study by Silva et al. (2020) reported the adsorption capacity ranging between 21.86 mg/g - 233.5 

mg/g  for commercial adsorbents- granular activated carbon (GAC), zeolite 13X and zeolite 4A 

233. Similarly, a report by Escudero-Curiel et al. (2021) utilized low-cost commercial biochar, 

with an adsorption capacity of 6.57 mg/g, to remove FLX via adsorption at room temperature and 

pH 7.1 241. Another study by the same authors employed commercial carbon aerogel (NANOLIT 

3D monolith NQ40 honeycomb premium (CO2 activated); specific surface area of 790 m2/g) as 

a high-capacity adsorbent to remove high concentrations of FLX via chemisorption, with an 

adsorption capacity of 125.24 mg/g at pH 7-7.5 242. However, after regeneration with Fenton's 

process, about 87% of the surface area was lost due to the collapse of the pores, which might not 

be well-suited for biochar removing FLX via pore-filling 242. For biochar operating by other 

forces such as electrostatic, hydrophobic-hydrophobic, or π-π interactions, solvent desorption and 

thermal methods of regeneration have been reported to be effective 236,238,243.  
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Table 6.3: Summary of removal of FLX by adsorption using different adsorbents in previous studies 

   

qmax  

 

  (mg. g−1) 

pH Initial 

concentration  

  (mg/L) 

Temperature  

 (°C) 

Ref. 

Commercial adsorbents      

Activated carbon PBFG4 96.2 - 10 25 [235] 

Granular activated carbon 

(GAC) 
233.5 9 5 25 [233] 

NQ40 125.24 7-7.5 1000 - [242] 

Biosorbents      

PS800–10KOH 191.6 - 10 25 [235] 

PS800–10NaOH 136.6 - 10 25 [235] 

PS800–10ZnCl2 28.4 - 10 25 [235] 

Fish bone char 55.87 - 100 - [239] 

Eucalyptus Biochar 6.41 6.5 20 RT [238] 

Nanofiber AL: PVA 50:50 29 - 50 - [237] 

Biochar - 7.1 50 RT [241] 

Nanocomposite XCM 90.9 7.35 25 28 [236] 

Nanocomposite PCM 114.9 7.35 25 28 [236] 

Alperujo hydrochar 4.63, 5.95 6.4 30 RT [244] 

PHB4 (PEG/ O-CMCs, 3:3) 112.6 8.5 50 30 [234] 

PHB5(PEG/N, O-CMCs 0:3) 109.3 8.5 50 30 [234] 

Modified Pine bark 0.652 - 5 25 [243] 

Synthetic adsorbents      

RuFeO3 nanoparticles  

CeFeO3 nanoparticles 

683.5 

729.6 
7 - 25 [199] 
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6.4.1.2 Membrane technology 

Membrane processes have gained immense attention recently, both as a method of separation and 

remediation technique of pharmaceutical wastewater. Membranes of varying pore size, retention 

characteristics, composition and membrane material, and configuration (hollow fibre, flat sheet, tubular) 

have been employed recently. However, the technique has not been explored for FLX removal, and only 

three studies have been reported.  

Dalbosco et al. (2023) observed a FLX removal efficiency of 50-60% and >98% for polymeric 

nanofiltration (NF) and reverse osmosis (RO) membranes, respectively 245. These commercial 

membranes comprised a polyamide (PA) layer on a polysulfone (PS) support for mechanical strength. 

The NF membrane was operated at 600 kPa, and the permeate flux decreased from 41 to 34 L/m2 h after 

1 h of operation when FLX concentrations were increased from 1 to 50 mg/L. Similarly, RO membranes 

displayed a high dependence on operating pressure and FLX concentrations. The RO membrane achieved 

a permeability of about 29 L/m2 h with a rejection efficiency of 98.8% for an FLX concentration of 20 

mg/L at a pressure of 1500 kPa, which makes it highly energy intensive 245. 

In another study, Rad et al. (2024) prepared Ti-based MOF-modified electrospun PS/PEG nanofiber 

membranes (PSf/PEG/NH2-MIL-125(Ti)) to achieve maximum flux and removal efficiency of 148.3 

L/m2 h and 84.5% at pH 8 and loading of 1.5% w/w in continuous mode and a maximum adsorption 

capacity of 21.6 mg/g for FLX concentration of 2 mg/L in batch mode 246. It is also worth mentioning 

that membrane technology is a separation technique, and when applied to treat FLX-contaminated 

wastewater, it produces a secondary stream loaded with the pollutant, thereby underlining the need for 

complementary degradation technologies. 

 

 

6.4.2 Chemical Technologies 

6.4.2.1 Advanced Oxidation Processes (AOPs) 

Reports on the degradation of micropollutants, including FLX, by ozonation and heterogenous 

photocatalysis are not scarce (Table 6.4) 247,247–252. FLX is susceptible to the action of both oxidizing 

(•OH) and reducing agents (e-
aq) 

253,254. They have been increasingly explored and reported to be highly 

efficient in removing contaminants by cyclo-addition and electrophilic reactions.  

Ozone is an electrophile and can attack the secondary amine group in the FLX structure to aid its 

degradation via oxidation 255. Hydroxylation, demethylation, carbonylation, and cleavage of benzene 

rings also contribute to the degradation of FLX via radical pathways 256,257. As reported by Yu et al. 
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(2015), FLX is photo-susceptible and can be effectively degraded by direct UVC photolysis (254 nm), 

with ~30% degradation observed at a UVC dose of 100 mJ/cm2 in the absence of H2O2. The addition of 

H2O2 (3-6 mg/L) did not result in a significant increase in FLX degradation, suggesting that indirect 

photolysis, or •OH-mediated oxidation, plays a minor role 258. Nevertheless, various photosensitizers, 

including but not limited to ozone, hydrogen peroxide, and photocatalysts, have been recently 

investigated and reported to improve FLX degradation under UV irradiation  249,252,255,259. 

Chemical oxidation of FLX using sulphate-radicals (SO4
-) via peroxymonosulphate (PMS), 

peroxydisulphate (PDS), or sulphite (S(IV)) activation has also shown promising results in previously 

reported studies 241,256. For instance, Escudero-Curiel et al. (2021) reported almost complete FLX 

removal under 5 minutes of treatment with PMS/Fe(II) and PMS/Fe(II)/Citric acid (CA) systems for 

different molar ratios. Although, the removal efficiency of FLX (50 mg/L) was directly influenced by 

doses of PMS and Fe(II), as well as the presence of CA, and demanded a high molar ratio of chemical 

reagents 241. A comparison of FeO/S(IV), FeO/PDS and FeO/PMS under the same conditions for FLX 

degradation, as reported by Chen (2022), showed removal efficiencies of 84.4, 56.4, and 30.7%, 

respectively, in 17.5 minutes. Both PMS and PDS have a high oxidizing capacity, and the possibility of 

surface passivation of FeO, resulting in lower removal of FLX, could not be eliminated 256. Also, despite 

the high removal efficiency of the FeO/S (IV) system in eliminating FLX at neutral conditions, the system 

could not degrade the pollutant satisfactorily (14.4% at pH 7) in real water because of the inhibitory 

effects of Cl-, HCO3
-, and NOM. For instance, with an increase in concentration of Cl-  from 0 to 8 mM, 

the FLX removal efficiency decreased from 84.4% to 32.9%. Similarly, in the presence of 4 mg/L fulvic 

acid (used as a model NOM), FLX removal efficiency reduced by 61.1%. Both Cl- and NOM quench the 

free radicals, thereby inhibiting the degradation pathways, while bicarbonate, via the buffering effect, 

results in slow dissolution of Fe(II) and, thus, slower degradation. Under circumneutral pH, iron can also 

precipitate as hydroxides, thereby retarding the S(IV) activation 256. Also, despite the agent, AOPs 

necessitate the optimization of parameters to obtain desired results, which is not feasible in a dynamic 

setting such as wastewater.  

Several nano-photocatalysts have also been fabricated, which have demonstrated improved degradation 

for FLX in real wastewater systems. For instance, application of a hybrid heterojunction photocatalyst 

(Fe3O4-BiVO4/Cr2V4O13 (FBC)) removed >99% FLX under 60 minutes of exposure to visible and solar 

radiation by the action of •OH and •O2
- 260. Another study by Liu et al. (2025) employed a molecularly 

imprinted photocatalyst (MI-BiOCl) and removed 99.3% FLX (C0 20 mg/L) from municipal wastewater 
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in 150 minutes252. In another study, catalytic ozonation using nano-gamma-alumina catalyst degraded 

96.14% of 28.56 mg/L FLX in 30 minutes of reaction using 30 mg/L ozone and 1 g/L catalyst 261.  

Similarly, Fotiou et al. (2024) investigated the removal of FLX (C0 5 mg/L) using TiO2 P25 and g-C3N4 

photocatalysts from both ultrapure water (lab scale) and real secondary treated hospital wastewater 

(HWW) (pilot scale)249. It should be noted that although a much lower concentration of FLX was used 

in HWW (250 ng/L) compared to ultrapure water (5 mg/L), the degradation proceeded at a lower rate in 

HWW, with a t1/2 of 34 min vs 18 min in ultrapure water. This is primarily due to the complexity of the 

HWW, which contains dissolved organic and inorganic ions capable of scavenging the ROS and 

attenuating UV radiation. Overall, it is evident that inhibitory effects of Cl-, HCO3
-, NOM, surface 

passivation, and pH dependency limit the use of AOPs in real systems. Therefore, further studies are 

necessary to understand the effect of real wastewater on the efficiency of AOPs and to enhance their 

applicability to WWTPs, without compromising the overall WWTP performance and nutrient removal.  

It is also noteworthy that these AOPs can result in more toxic byproducts, resulting in obstinate toxicity 

and limiting the application. Typically, toxicity has been reported to increase in the beginning due to the 

formation of free radicals, and then decrease with continued AOPs, which does not necessarily imply 

reduced toxicity. AOPs produce hydroxylated and dealkylated intermediates and transformation products, 

which often exhibit different environmental persistence, bioavailability, and toxicity 250,257,262. For 

instance, the demethylated product of FLX, Norfluoxetine (NFLX) has a longer half-life and higher 

bioaccumulation potential than the parent compound itself. In addition to dealkylation, the formation of 

smaller molecular products with functionalities, such as aldehydes, also contribute to the toxicity of the 

transformation products at the end of AOPs 257. As reported, 'high degradation efficiency' of AOPs, which 

generally means the removal of parent compound only, does not necessarily imply reduced toxicity; 

therefore, future studies should include toxicity analysis of intermediate and transformation products 

formed by AOPs rather than reporting parent compound removal. 

 



84 
 

Table 6.4: Summary of FLX removal via Advanced Oxidation Processes (AOPs) 

AOP Method Dosage and Operating conditions Removal Efficiency  Insights/ Comments Ref. 

Ozone/H2O2 30 mg/L ozone, 0.02 mM H2O2, 20 

minutes, 50 mg/L FLX 

86.14% removal  247  

259 

Ozonation and Ozone/Activated 

carbon  

1 mM FLX, 2 g of activated carbon, 20 

g N/m3 O3, flow rate 0.06 Nm3/h; pH 

3-9 

~100% removal within 20 

minutes (pH 7 and 9) 

- Degradation slower under acidic 

conditions 

- FLX highly reactive with HO• 

but not with O3 – Indirect oxidation 

primary route. 

248 

Catalytic ozonation with Nano-

γ-alumina catalyst 

30 mg/L ozone, 1 g/L catalyst 96.14% of 28.56 mg/L FLX 

in 30 minutes 

 261 

Photocatalysis with  TiO2 P25 

and g-C3N4 photocatalysts 

Ultrapure water (lab); 5 mg/L FLX, 

100 mg/L catalyst; I = 500 W/m2 

~100%  in 120 minutes using 

TiO2 (t1/2 =18 minutes) 

~91% removal using  g-

C3N4 (t1/2 =69 minutes) 

 

- Half life of 87 minutes was 

calculated for FLX under 

simulated solar radiation (I = 500 

W/m2) 

 

- TiO2 found superior to g-C3N4 

249 

Real secondary hospital wastewater 

(pilot scale); 5  mg/L FLX, 100 mg/L 

catalyst; I = 500 W/m2 

~100% in 120 minutes using 

TiO2 (t1/2 =34 minutes) 

~90% removal using g-C3N4 

(t1/2 =65 minutes) 

Photocatalysis with hybrid 

heterojunction photocatalyst 

(Fe3O4-BiVO4/Cr2V4O13 (FBC) 

10 mg/L FLX, 30 mg catalyst, 500 W 

Xe lamp (280 mW cm2) 

~99.2% removal in 60 

minutes 

- •OH and •O2
- identified as 

dominant species 

- Charge transfer mediated by 

Fe3O4 

260 
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Photocatalysis with Molecularly 

imprinted catalyst (MI-BiOCl) 

Municipal wastewater, 20 mg/L FLX, 

20 mg (in V= 50 mL) catalyst; 

simulated solar irradiation (500 W)  

99.3% removal in 150 

minutes 

 

 252 

Catalytic ozonation 

 

0.11 mM FLX, 60 minutes, pH 11, 

0.050 g/L TiO2 

UV/TiO2 : ~100% removal 

in 60 minutes with 50% 

mineralization 

UV/O3/H2O2 : ~100% in 10 

minutes, ~97% 

mineralization 

 

- Strong pH dependence on 

adsorption of FLX on TiO2 

- Photolysis of FLX only under 

alkaline conditions 

- Peroxide enhances the removal of 

dissolved organic carbon 

250 

FeO/Sulphite (S(IV)) 

FeO/PMS 

FeO/PDS 

 84.4% 

56.4% 

30.7% in 17.5 minutes 

- Surface passivation of FeO with 

operation results in lower removal  

256 

Real wastewater 14.4% - Inhibitory effects of Cl-, HCO3
-, 

and NOM 

PMS/ Fe(II) (with and without 

citric acid) 

50 mg/L FLX ~100% in 5 minutes - Removal efficiency directly 

influenced by doses of PMS, 

Fe(II), and citric acid 

241 

Electrogenerated peroxide (AO-

H2O2) 

Electro-Fenton (EF)  

Photoelectron-Fenton (PEF) 

BDD anode for PEF 94% in 300 minutes - In-situ generation of hydroxy 

radicals’ results in FLX oxidation 

263 

Heterogenous EF with FeS2/C 

nano-catalyst 

IrO2/air diffusion cell 

50 mA with 0.4 g/L catalyst 

~100% in 60 minutes  264 
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6.4.2.2 Electrochemical methods 

Some researchers have coupled AOPs with electrochemical methods to degrade FLX. For instance, 

Salazar et al. (2017) explored the potential of electrochemical methods (electrogenerated peroxide (AO-

H2O2), electro-Fenton (EF) and photoelectron-Fenton (PEF)) to degrade fluorinated antidepressant FLX  

263. The drug was oxidized, owing to the generation of hydroxy radicals by in-situ peroxide production 

and Fenton’s reaction, coupled with the photolytic action of UVA radiation. PEF with boron-doped-

diamond (BDD) anode was observed to be the most effective process, with 94% mineralization in 300 

minutes 263. Another study by Ye et al. (2020) studied the heterogeneous EF treatment for FLX 

degradation in spiked wastewater using FeS2/C nano-catalyst. EF treatment with an IrO2/air diffusion 

cell ensured complete removal and mineralization of the drug (150 mL of 0.049 mM) at near neutral pH 

in 60 min at 50 mA with 0.4 g/L catalyst dose 264. The electrochemical oxidation has also been coupled 

with adsorption to present a commercial solution, Nyex Rosalox, to FLX-contamination with impressive 

~92% removal efficiency for FLX (from 0.06 µg/L to 0.0046 µg/L) 265. Although very effective, these 

techniques can only be adapted to small-scale facilities, community-level water treatment systems, or 

modular installations, as a stand-alone or as a hybrid technology. High energy demand and matrix 

complexity (including but not limited to competition for electrons, fouling electrode surface, and lower 

selectivity) hinder their application in rugged, high-volume settings such as WWTPs. 

 

6.4.3 Biological Degradation 

6.4.3.1 Phytoremediation (Microalgae) 

Microalgae-mediated remediation, or phytoremediation, is an environmentally friendly, sustainable, and 

cost-effective approach for remediating pharmaceutical-contaminated water. This carbon-fixation-based, 

sunlight-driven approach primarily removes pollutants by abiotic (hydrolysis and photolysis) and biotic 

processes (bio-adsorption, bioaccumulation, and biodegradation).   

Previous studies have shown that positively charged pharmaceuticals (or pKa >7) and higher lipophilicity 

(higher log Kow) exhibit enhanced elimination due to their adsorption on the negatively charged surface 

of microalgae and their ability to penetrate the cell membrane 266–269. With an acid dissociation constant 

of 9.80, FLX partially exists as a cationic species in the circumneutral pH (pH 6.5-8.5) environmental 

wastewater and surface waters. In addition, high lipophilicity (log Kow of 4.10) renders it adept at 

biosorption and accumulation.  
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Table 6.5: Overview of FLX biodegradation performance in biological systems 

Biodegradation 

Strategy  

Organism/ 

System 

Conditions Removal Efficiency By-products/ Insights Ref. 

Microalgae 

 

Chlorella pyrenoidosa 25 °C, 12:12 h light-

dark period 

100 - 41.2% for [C0] = 10-

1000 µg/L in 4-10 days 

- Growth inhibition by FLX  

- Uptake and transformation of 

FLX by demethylation, O-

dealkylation, hydroxylation, and 

N-acylation 

268 

Chlorella vulgaris (living 

and non-living) 

RT, real wastewater.   

Biomass centrifuged, 

frozen, and free-dried  

Maximum capacity 1.9 ± 

0.1 mg/g and 1.6 ± 0.2 

mg/g for living and non-

living microalgae, 

respectively   

- Significant contribution from 

adsorption by algae 

- Simultaneous removal of 

nutrients 

 

270 

Bacteria B. subtilis, C. testosteroni, 

P. aeruginosa, P. 

knackmussii, and P. putida 

Aerobic, 30 °C for 72 h, 

Mineral Salt Media 

(MSM) with FLX as 

only carbon source 

- - FLX hydrolysed  to form 4-

(trifluoromethyl) phenol (TFMP) 

and 3-(methylamino)-1-

phenylpropan-1-ol, which is 

further catabolized via meta-

cleavage to produce 

trifluoroacetate and fluoride ion 

271 

Autochthonous aerobic 

community from a WWTP 

Aerobic sludge (10% 

w/v) used as inoculum, 

real wastewater, RT, 6 

days (144 h) 

~60%, 85%, and ≈89% of 

degradation after 48, 72, 

and 144 h, respectively (at 

20 mg/L FLX) 

- P. putida, Enterobacter ludwigii, 

Pseudomonas nitirireducens, 

Alacaligenes faecalis, P. 

aeruginosa and P. nitroreducens 

189 
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could grow with FLX as sole 

carbon source  

- P. nitroreducens showed highes 

removal of 55% of 20 mg/L FLX 

after 24 hours. 

SRB consortia from 

WWTP’s lagoon system 

(anaerobic pond)   

 

SRB consortia (10% 

v/v) used as inoculum; 

20, 50, and 100 mg/L 

of FLX in presence of 

sulphate 

28-69% removal for 20 

mg/L FLX after 5-31 days 

 

66% removal for 50 mg/L 

FLX after 31 days in 

sulfate reducing conditions 

- Initial enrichments were 

performed without the drug and in 

the presence of 5, 10 and 20 mg/L 

of FLX 

- Observed a shift in bacterial 

community after addition of FLX 

(20 mg/L and 50 mg/L) 

 

  

190 

Micrococcus yunnanensis 

strain (isolated from 

autochthonous marine 

organisms) 

 

28 °C at 150 rpm in 

dark for 21 days in  

Synthetic media (MSM)  

82.1% of 16 mg/L FLX 

mainly by adsorption; 

biodegradation also 

occurred. - 504 hours (21 

days) 

- 188 

Labrys portucalensis F11 Aerobic, 25 °C, 30 

days, 0.6-2.8 mg/L FLX 

as sole carbon; 1.2-27.5 

mg/L FLX when 

supplied with acetate 

Sole C source: up to 97% 

(R) and 80% S in 55 days 

 

With acetate: Complete 

removal up to 21 µM; ≥ 

81% at 49-89 µM in 55 

- Observed stereoselective 

degradation (degradation of R 

more than S-enantiomer) 

272 
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days 

 

Algae + 

Bacteria 

Algal-bacteria pond Pilot scale, Continuous 

mode (6 days HRT) 

66% removal - Contribution from photo-

oxidation, biodegradation, 

adsorption, not accounted 

273 

Fungi  

 

Pleurotus ostreatus 

colonized lignocellulosic 

matrix 

Batch and continuous 

studies with 600 and 

750 µg/L FLX, resp.  

Batch: ~83% 

Column: 70% 

- Combined effect of biosorption 

(44.7%) and enzymatic activity 

(19.6%) 

274 

White-rot fungi 

(Bjerkandera sp. R1, 

Bjerkandera adusta, 

Phanerochaete 

chrysosporium) 

30 °C, 14 days 

Modified Kirk Medium, 

1 mg/L FLX 

Partial degradation (23-

46%)  

 275 
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A few researchers have investigated the potential of microalgae in free and immobilized conditions in 

the removal of FLX. A recent study assessed the ecotoxicological effects of FLX (10-1000 µg/L) and its 

subsequent removal by a typical freshwater microalga Chlorella pyrenoidosa for 10 days. The study 

revealed that the presence of FLX at a concentration of  ≥50 ug/L inhibited the growth of C. pyrenoidosa 

and can be considered as 'very toxic' to the studied microalgae based on the EU-Directive 93/67/EEC 

(EC50 72h or longer) 268. Similarly, FLX shows high toxicity to Pseudokirchneriella subcapitata and 

Skeletonema marinoi with 72 h EC50 values of 0.2 and 0.043 mg/L, respectively 276. However, C. 

pyrenoidosa was able to recover its growth, along with photosynthetic and antioxidant functions, after 

exposure to FLX toxicity, with a removal efficiency of 100%, 97%, 77.4%, 58.6% and 41.2% for initial 

FLX concentrations of 10, 50, 200, 500, and 1000 µg/L, respectively.  

 

After 10 days of exposure, biodegradation was found to be the primary factor in removing FLX, 

accounting for 88.2-92.8% of the total removal. In contrast, bioaccumulation and biosorption contributed 

negligibly towards the removal, with ND-5.33% and 0.38-1.90%, respectively. The greater contribution 

of biodegradation also suggests that FLX absorbed by the microalgae was rapidly metabolized, leading 

to the release of transformation products (demethylation, O-dealkylation, hydroxylation, N-acylation) 

into the medium. While a similar study with Chlorella vulgaris by Silva indicated biosorption as a leading 

contributor to the removal of FLX by the microalgae, followed by bioaccumulation and biodegradation 

in living algal medium. The maximum monolayer capacity (qmL) for living C. vulgaris (pHZC 7.0) was 

only slightly better (1.9 ± 0.1 mg/L) than the dead biomass (pHZC 5.8) (1.6 ± 0.2 mg/g) 270.  

 

6.4.3.2 Bacteria and bacterial consortia 

Many advances have been made recently to tackle pharmaceutical pollution using bacterial consortia, 

such as those found in municipal wastewater, sludge, leachate, or bacterial strains isolated from these 

contaminated and complex matrices. These autochthonous bacterial communities often develop tolerance 

to these pollutants and release enzymes under stress that can facilitate their biodegradation. Some of the 

recent studies have been summarized in Table 6.5. For instance, a previous study by Khan and Murphy 

(2021) demonstrated the ability of common environmental bacteria, such as B. subtilis, Comamonas 

testosteroni, P. aeruginosa, P. knackmussii, and P. putida, to grow in present of FLX and use it as a sole 

carbon and energy source. Of these, C. testosteroni and P. knackmussii B-13 grew the best with 55% and 

70% of glucose growth, respectively, whereas E. coli grew the least 271. It was also proposed that the drug 

first undergoes hydrolysis to yield 4-(trifluoromethyl) phenol (TFMP) and 3-(methylamino)-1-
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phenylpropan-1-ol, which is further catabolized via meta-cleavage to produce trifluoroacetate and 

fluoride ion 271. However, the final product, trifluoroacetate, is both toxic and recalcitrant. 

Further, in a recent study, Luz Palma et al. (2021) could degrade >50% and ~89% of the 20 mg/L drug 

after 48 h and 144 h (6 days), respectively, using autochthonous bacteria from municipal wastewater and 

aerobic sludge as an inoculum. The study further isolated six bacterial strains- Pseudomonas putida, 

Enterobacter ludwigii, P. nitirireducens, Alacaligenes faecalis, P. aeruginosa and P. nitroreducens, out 

of which P. nitroreducens showed the highest removal of 55 ± 1% of 20 mg/L FLX after 24 h 189. The 

maximum removal efficiency of 69% and 66% were observed by anaerobic sludge as inoculum for FLX 

concentrations of 20 and 50 mg/L, respectively 190. The same authors also reported the removal of 82.1 

± 0.9% of 16 mg/L FLX after 504 h (i.e., 21 days) utilizing isolated strains from marine organisms: 

Micrococcus yunnanensis strain TJPT4 from Hymedesmia versicolor and Filograna implexa 188. 

However, both biosorption and biodegradation contributed to the drug’s removal. The efficiency of the 

process was reported to be 82% with a rate of 0.0538 d-1 (R2 = 0.9562) and t1/2 of 13 days, while adsorption 

assay with 10% inactivated inoculum presented a removal efficiency of 81 ± 8% after 504 h, 

corresponding to rate of 0.0625 d-1 and t1/2 of 11 days (R2 = 0.9689). The biosorption of FLX onto 

inactivated inoculum followed a pseudo-second order kinetics with R2 of 0.9954, equilibrium sorption 

capacity (K) of 0.048 ± 0.001 g/mg. days, and experimental sorption capacity of equilibrium (q eq, exp) of 

13.2 ± 0.6 mg/g 188. Other studies have reported similar findings, showing that sorption significantly 

contributes to FLX removal 187,273. 

 

Since FLX is chiral with one chiral-carbon, certain bacteria perform enantioselective biodegradation. For 

instance, a study by Moreira et al. (2014) used a bacterial strain, Labrys portucalensis F11, isolated from 

an industrially contaminated site to degrade 100%, 80%, and 67% of S-FLX; 100%, 97% and 89% of R-

FLX at initial racemic-FLX concentrations varying from 2, 4, and 9 µM (i.e., 0.6, 1.2, and 2.8 mg/L), 

respectively, after 30 days of treatment. The presence of supplementary organic carbon sources, such as 

acetate, can further aid FLX biodegradation by achieving higher removal efficiency in a shorter period 

272. The study surely reported high removal for FLX; however, the rate of removal is excessively slow-

paced for application in fast, dynamic, and large-scale WWTPs.  

 

6.4.3.3 Mycoremediation 

In addition to microalgae and bacteria, fungal-based solutions have shown promising potential in 

removing wastewater organic contaminants, and their application for wastewater remediation has been 
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extensively reviewed recently 277–279. However, only two reports have employed fungal-based 

degradation methods for FLX removal, and that too with low rates of FLX removal by biodegradation. 

For example, a report by Rodarte-Morales et al. (2011) studied the degradation of the antidepressant (1 

mg/L) by three white-rot fungi: Bjerkandera adjusta, Phanerochaeta chrysosporium, and an anamorph 

of Bjerkandera sp. R1, and observed poor drug removal in all the cases (maximum 46% by anamorph of 

Bjerkandera sp. R1) 275. This could be owed to the concentration of FLX used for the study.   

In another study conducted by Silva et al. (2022), mushroom substrate (CMS) colonized by Pleurotus 

ostreatus and its crude enzyme extracts, specifically laccase, were used to remove 600 µg/L of FLX from 

aqueous solutions, thereby achieving a removal efficiency of >83.1% and 19.6% in 10 minutes, 

respectively 274. Although the authors reported a synergistic contribution of biosorption onto CMS and 

enzymatic degradation in the degradation of the contaminant, the contribution of biosorption was much 

greater than biodegradation. The oxidative catabolism of extracellular lignin-modifying enzymes 

(LMEs), such as laccase, depends highly on the structure of the substrate. It is acknowledged that the 

presence of EWGs, such as amide, halogen, carboxylic, and nitro, makes the molecule less susceptible 

to enzymatic oxidation by generating electron deficiency, whereas electron-donating groups (EDGs), 

like amines, hydroxyl, alkyl, among others, makes the substrate more prone to the electrophilic attack of 

enzymes, thereby exhibiting good removal efficiency. FLX, despite having methyl, ether, and secondary 

amines (EDGs), the presence of trifluoromethyl EWG hinders the laccase-based degradation 274. A more 

recent article suggests that the role of laccase may be limited to acting as an adsorbent rather than a 

degrader, particularly in the removal of perfluorinated compounds 193,280. 

6.5 Challenges and Future perspective  

As discussed in previous sections, removal of FLX via physical, chemical, and biological systems has 

been extensively studied. However, after careful review, it is clear that these techniques have significant 

disadvantages (Table 6.6). Physical removal methods are based on adsorption and only work to remove 

the pollutant without degrading it. The disposal of generated secondary waste material, saturated with 

contaminants, is another challenge. Chemical treatment, such as Advanced Oxidation Processes (AOPs) 

and electrochemical methods, has a high chemical and carbon footprint and requires the optimization of 

influencing parameters, limiting its application in real wastewater systems. These methods generally 

require high energy input, chemical requirements, and/or extreme operating conditions. Further, the 

presence of organic matter, nitrates, phosphate, and bicarbonates affects the action of free radical 241,256,257. 

Although FLX is classified as a PFAS, its structure differs from that of a long-chain PFAS, such as PFOA. 
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The structure of conventional PFAS consists of a fully fluorinated carbon chain, whereas FLX contains 

aromatic rings with one trifluoromethyl group. PFOA is extremely stable and resistant to most 

conventional chemical, biological, and photolytic degradation, with its removal dominated by physical 

separation methods. In contrast, FLX is stable in water and wastewater and resistant to biological 

methods but can be partially degraded by AOPs and removed by adsorbent-based strategies. However, 

newer technologies currently being explored for PFAS can inform approaches for FLX treatment. Some 

recently published reviews have also discussed the possibility of using mechanochemical degradation, 

sonolysis, gamma ray irradiation, electron beam (eBeam), sub- and supercritical treatment, vapor energy 

generator (VEG), and plasma for the degradation of PFAS, in addition to bioremediation and advanced 

oxidation/reduction processes 281,282. However, research in the area has been lacking so far for FLX, and 

scalability and efficiency for real environmental samples remains a challenge. The current investigations 

for high-energy techniques, such as eBeam, gamma-ray, and plasma, are limited to a very small scale (< 

1 L) and their implementation is expected to incur very high costs and energy, with challenging scale-

up. Some of these advanced methods also require extreme working conditions, and optimization of all 

working parameters, which is practically not suitable for application in WWTPs. More research is needed 

to develop a treatment process that could effectively remove and degrade FLX (and other PFAS) at a 

reduced cost and under practical field conditions.  

Although bioremediation is generally inexpensive and reliable means to degrade low concentrations of 

distributed pollutants, it is not currently practical for polyfluorinated compounds, including FLX, given 

the present level of scientific understanding.  
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 Table 6.6: Comparative assessment of FLX removal methods: Advantages and limitations 

Treatment 

Technology 

Advantages Limitations 

Adsorption (e.g., 

biochar, GAC, 

nanoparticles) 

- Simple and cost effective  

- Scalable 

- Effective for low/trace 

concentrations 

- No toxic by-products 

- Limited 

desorption/regeneration 

strategies 

- Competitive adsorption with 

co-contaminants 

 

Membrane filtration 

(e.g., NF, RO) 

- No chemical transformation - Energy and cost intensive 

- Membrane fouling 

- Concentrate disposal issue 

Advanced Oxidation 

Processes (AOP) 

(e.g., UV/H2O2, 

Fenton, O3, 

photocatalysis) 

- High removal efficiency 

- Capable of mineralization of 

FLX 

- Fast and effective for 

micropollutants 

- Reusable catalysts 

- No sludge production  

- Matrix effects 

- Optimization of all working 

parameters (dose, time, pH) 

- pH-sensitive performance 

- High energy/chemical costs 

- Toxic intermediate and/or by-

products 

Electrochemical 

oxidation 

- Selective and tunable 

- High removal efficiency 

- Electrode fouling  

- Optimization of parameters 

(pH, electrode distance, 

current, electrode material, 

electrolyte) 

- Limited full-scale studies 

Biological treatment - Low cost 

- Can be integrated with any 

physical-chemical treatment 

technology 

- Environmentally friendly and 

sustainable 

- Low removal efficiency for 

FLX 

- Sorption to sludge  
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The biodegradation of FLX may appear promising based on the studies summarized in the previous 

section; however, a deeper analysis of the results reveals that: (i) there is a noticeable gap in enzyme-

based solutions for FLX degradation, (ii) adsorption and absorption play crucial roles in the removal of 

FLX from biological systems, and (iii) these processes are time intensive. Most of the studies have shown 

that even under enriched consortia, the half-life of FLX varies from several days to weeks, while retention 

time in WWTPs is usually around a few hours to 1 day. It must also be noted that most of these studies 

were conducted at FLX concentrations significantly higher than those typically found in the environment 

(Table 6.1). At such elevated concentrations, the drug can act as a stressor, eliciting stress-induced 

responses from the microbial and micro-algal- systems. In contrast, in real systems, where the 

concentrations are much lower (ranging from ppt to a few ppb), these responses are neither expected nor 

observed. Moreover, the presence of easily degradable carbon sources in wastewater, like glucose and 

acetate, can compete with FLX for microbial activity, reducing the FLX biodegradation, even if the 

microbes are capable of degrading it.  

Nevertheless, the drug continues to be detected in final effluent and sludge, despite undergoing biological 

treatment in WWTP and prolonged sludge retention times, respectively. It would, therefore, be correct 

to say that FLX recalcitrance is not a function of the sludge retention time (SRT) of municipal WWTPs, 

but its resistance to microbial transformation and low biodegradability. This raises concerns regarding 

the pseudo-persistence of FLX and its potential acute and chronic effects across ecosystems. Despite 

extensive research, effective, safe, and sustainable methods of removal for perfluorinated compounds, 

including FLX, remain lacking.  

Previous reviews have suggested three main constraints, that limit biodegradation of polyfluorinated 

organic compounds: rarity of natural fluorine, low tolerance of microbes to intracellular fluoride, and 

fluorine chemistry that makes these compounds stable. There are only a few naturally occurring organo-

monofluorinated compounds, such as fluoroacetone, fluorocitric acid, fluorothreonine, in contrast to over 

a million synthetic commercial polyfluorinated compounds introduced in that last few decades. This 

surge has put microbes at an ‘evolutionary disadvantage’. Some studies indicate that C-F bonds are stable 

and ‘harder’ to enzymatically cleave than other C-X bonds, while others claim that C-F bond can be 

cleaved, but it is the toxicity of fluoride that poses the constraint. Microbes have acquired the ability to 

tolerate high concentrations of extracellular fluoride by expelling the anion out of the cells using 

membrane export proteins. However, the cleavage of C-F bond generates a much higher concentration 

of intracellular fluoride, which is toxic and makes them non-viable. That means, if the microbe has the 

potential to cleave a C-F bond, it will toxify itself and die, thereby extinguishing the idea of evolutionary 
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innovation193. This leaves the knowledge gap in the remediation of organofluorinated compounds 

unfilled. 

Recent review articles suggest addressing this gap by developing 'fluorophiles' and engineering or 

identifying novel defluorinating enzymes using machine learning tools, adaptive laboratory evolution, 

and rational enzyme design. Meanwhile, further research is needed to validate these approaches 

experimentally and assess their feasibility in real environmental contexts.  

As natural evolutionary processes continue to adapt and refine microbial capabilities to tackle 

polyfluorinated organic compounds, it is important that we persist in our efforts. Given current resources, 

a compelling path forward lies in employing hybrid techniques combining physical, chemical, and 

biological strategies as a treatment chain. To begin with, the strong tendency of polyfluorinated 

pharmaceuticals, FLX and NFLX, to adsorb can be exploited, which not only concentrates these widely 

distributed pollutants for further treatment but also lowers the energy demand of the entire process. For 

this, carbon-based adsorbents, such as activated carbon and biochar, ion-exchange resins, and synthetic 

porous carriers, can provide effective and sustainable solutions. The spent adsorbent used for physical 

removal can then be subjected to degradation via electrochemical, AOPs, or thermal methods. They are 

effective in treating FLX-concentrated, small-volume streams and will ensure no legacy problems by 

degradation rather than mere physical removal. A commercial solution, Nyex Rosalox, as mentioned 

earlier, has combined electrochemical oxidation with adsorption for effective removal of FLX. However, 

toxic byproducts can form, which may need further treatment before environmental release. This 

highlights the need for combining chemical degradation with biological treatment, where the former 

fragments aromatic structures and the latter mineralize the biodegradable residuals and intermediates. 

This also reduces total organic carbon (TOC) and toxicity and offers sustainability to the treatment chain. 

Catalytic ozonation, Electro-Fenton, and UVC/Solar irradiation, coupled with a moving bed biofilm 

reactor (MBBR) or biofilters, can be seen as a promising solution to FLX-contamination.  

In some cases, two methods can be combined to reduce the steps in the treatment chain, thereby 

improving efficiency and reducing operational complexity. For instance, immobilization of the 

photocatalyst on porous carriers with UVC/solar irradiation can be directly followed by biological 

systems. Another example includes coupling of AOPs with biological activated carbon (BAC), 

combining biological (MBBR or biofilters) and physical methods. Such integrative technologies can 

enhance treatment efficiency and overcome the limitations of a single technique. While this can enhance 

treatment performance, the environmental footprint, sustainability, and resource efficiency must be 
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evaluated using life cycle assessment (LCA). Future studies must quantify energy use, emissions, and 

potential secondary pollution across single and hybrid treatment stages to inform sustainable research in 

the area. 

Beyond these hybrid approaches, source control and regulatory frameworks can also play a crucial role 

in mitigating FLX pollution. With the development of greener FLX analogues or the use of safer, more 

biodegradable FLX alternatives, environmental burden could potentially be controlled at the source. 

Further, by pairing scientific advances and 'control at source' strategies with thoughtful and practical 

policies, such as setting up discharge standards, monitoring guidelines, and ensuring compliance, 

sustainable pharmaceutical management can be achieved. 
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Chapter 7: Research Gap, Objective, and Originality 

 

Research Gap 

Despite existing studies, the removal of FLX remains a challenge. Physical, chemical, and 

biological methods alone are insufficient for its removal. The chemical footprint, high cost of 

chemicals, and toxic transformation products make chemical degradation methods less favorable. 

While bioremediation, which is generally an inexpensive and reliable means to degrade low 

concentrations of distributed pollutants, is not currently practical for FLX. Also, as indicated by 

literature review, adsorption based physical removal methods are effective at removing FLX but 

do not degrade the contaminant.  

To combat FLX-pollution, a new hybrid physicochemical removal method has been proposed by 

combining adsorption with UVC-mediated transformation of the contaminant using CuO-biochar 

(BC) mixture as a composite photocatalyst.  

 

Objective and Sub-objectives: To develop and evaluate effective treatment strategies for the 

removal of FLX using olive-stone-derived physically activated biochar and a CuO-assisted system 

under UVC irradiation. 

• Sub-objective 1: To explore the specific application and integration of physically activated 

biochar derived from olive stone- an agro-industrial waste- for the targeted removal of FLX 

• Sub-objective 2: To investigate the potential of CuO-biochar mixture as a composite 

photocatalyst for efficient UVC photocatalytic treatment of FLX 

These objectives collectively aim to develop and evaluate an effective treatment strategy for FLX, 

reflecting its persistent nature and limited potential for natural attenuation.  

 

Originality 

The novelty of this work lies in developing a rapid and sustainable FLX treatment approach using 

agro-waste-derived biochar and a simple CuO-biochar system, achieving removal within 2 minutes 

of treatment, while supporting circular economy principles and avoiding complex synthesis.  
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Abstract 

The increasing incidences of mood, anxiety, and panic disorders have made fluoxetine (FLX), 

known for its safety and therapeutic efficiency, one of the most widely prescribed antidepressants 

globally. However, due to its resistance to natural photolysis and hydrolysis, coupled with the 

potential to cause endocrine disruption, FLX has become an emerging contaminant, requiring 

urgent attention for removal. In this context, the present study explores the specific application 

and integration of physically activated biochar derived from olive stone-an agro-industrial waste-

for the targeted removal of FLX. By optimizing activation parameters (CO2-1000-30-600-1), this 

study demonstrates the ability to achieve superior adsorption capacities for FLX, which surpass 

the adsorption capacity of previously reported waste-derived biochar used for FLX removal. The 

maximum adsorption capacity for the biochar ranged from 4.82 ± 0.04 to 146.45 ± 10.55 mg g−1 for 

initial FLX concentrations of 1 to 50 mg L−1, respectively, for a biochar dose of 0.2 g L−1. 

Furthermore, the adsorption kinetics data revealed that the biochar–FLX interaction followed the 

Langmuir adsorption isotherm and a pseudo-second-order kinetic model, indicating irreversible 

adsorption of FLX onto the homogenous surface of the biochar. Non-electrostatic and non-

hydrophobic interactions, such as hydrogen bonding, pore filling, and π–π EDA forces, were 

identified as the primary interactions facilitating FLX adsorption onto the biochar. This study, 

therefore, presents a novel approach addressing the dual objectives of environmental remediation 

and zero-waste principles, contributing significantly to advancing sustainable solutions for 

emerging contaminants. 

 

Keywords: Olive-stone biochar, Fluoxetine, Adsorption, Kinetic models, Adsorption isotherms, 

Desorption  
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8.1 Introduction 

 

The alarming rates of incidences of psychiatric and mental disorders have led to an increase in the 

prescription rates and consumption of antidepressants globally. According to a recent report, the 

defined daily doses (DDD) of anti-depressants per 1000 inhabitants has seen an increase from 

13.20 in 2008 to 19.76 in 2018 globally 283. Fluoxetine (FLX), an anti-depressant from the class 

of selective serotonin reuptake inhibitors, is the most commonly prescribed anti-depressant 

globally for the treatment of depression, because of its tolerance, effectiveness, safety and 

prolonged half-life 6,7. In the US in 2017, approximately 21 million prescriptions of FLX were 

filled, suggesting a relatively high level of consumption 8. However, due to its incomplete 

metabolism in humans by cytochrome P450 enzymes, whereby 2.5% of the administered dose is 

excreted unaltered via urine, it gets discharged into wastewater 284.  

Due to its resistance to degradation and hydrolysis, and subsequent incomplete removal by 

WWTPs, has led to its frequent detection in waterbodies across the globe in concentrations ranging 

between 0.012 to 1.4 mg/L, causing defects in the behavioural, developmental and reproductive 

patterns of many aquatic organisms 10,285,286. Despite its low concentration, FLX poses a risk to all 

biomes owing to its ability to cross blood-brain-barrier (BBB) and human placenta due to its 

lipophilic nature 9. The drug’s uptake in fish has been reported to have consequences on growth 

and behaviour, reproductive axis, metabolism, accumulation, and gene expression 10–15.  

With a log Kd = 2.76-3.78 (log Kd > 2.7) and log Kow > 4, adsorption appears as a robust, effective, 

and efficient tertiary method to enhance its removal and limit its exposure in environment 187,190,287. 

Furthermore, with increasing emphasis on principles such as zero waste and circular economy, the 

production of waste-derived bio-adsorbents and their application in remediating FLX-polluted 

waters have been extensively researched 233,238,243. However, their low adsorption capacities have 

proven insufficient. For instance, biosorbents derived from agri-food waste have shown a 

maximum adsorption capacity of 6.41 mg/g, as reported for biochar obtained from eucalyptus 

when tested with FLX0 of 20 mg/L 238. A similar study by Silva et al., (2020) investigated the 

maximum adsorption capacities of waste-based biosorbents derived from cork waste, spent coffee 

grounds, and pine bark for FLX0 5 mg/L, which ranged between 4.74 mg/g - 14.31 mg/g 233. In 

this regard, the present study explores the application of physically activated biochar derived from 
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olive stone for the removal of FLX. While the valorization of olive oil production residues, such 

as olive stones, has been explored to some extent, their specific application in biochar production 

and other sustainable materials remains an emerging area of research 288. The novelty of this study 

lies in the use of these residues combined with physical activation (using CO₂ and steam) to create 

biochar for environmental remediation. This innovative approach not only highlights the potential 

of olive oil production residues but also introduces a sustainable alternative to chemical activation 

methods. The physical activation method, using CO₂ and steam, offers several advantages over 

chemical activation. It is more sustainable and environmentally friendly, as it does not require 

aggressive chemicals, thus reducing toxic byproducts and minimizing environmental impact. 

Additionally, it produces fewer hazardous waste materials, making it more compatible with 

circular economy principles 288,289. The process also allows for precise control over biochar 

properties, such as surface area and porosity, which is crucial for its application in environmental 

remediation. Furthermore, physical activation can be more adaptable to various types of 

biomasses, more energy-efficient in certain cases, and better suited to comply with stringent 

environmental regulations, making it a versatile and cost-effective approach 288. The novelty of 

this activation method, alongside its environmental benefits, further strengthens the innovative 

nature of this study. 

The present study, thereby, demonstrates specific application and integration of physically 

activated biochar derived from olive stone, an agro-industrial waste, for the targeted removal of 

FLX. This emerging pharmaceutical contaminant presents unique environmental challenges due 

to its resistance to natural degradation and its endocrine-disrupting potential, making its 

remediation an underexplored yet critical area of research. 

 

8.2 Experimental  

8.2.1 Materials and Methods  

Fluoxetine hydrochloride (FLX, >98%) was purchased from Sigma Aldrich (Toronto, Canada). 

An appropriate amount of the salt was dissolved in water to prepare the stock solution of FLX, 

which was stored in a dark glass vial at 4 °C until use. The olive stone waste was kindly received 

from an oil mill in Toledo, Spain (Aceites Garcia de la Cruz. It is worth mentioning that the olive 

stone was milled to obtain a particle size of 2-4 mm for pyrolysis and activation without any drying.  
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8.2.2 Biochar preparation and activation methods 

Biochar was prepared by a single-step physical activation process, using olive stone as a low-

carbon precursor and steam or carbon dioxide as the activation agents in a bench-scale high-

pressure thermobalance (Linsesis STA HP/2 HP-TGA DSC). The biomass was carbonized by 

heating it to 600 °C at a heating rate of 10 °C/min, and resting for 60 minutes, under N2 (300 

NmL/min). The carbonized material was then subjected to physical activation using steam or CO2 

under different operating conditions for temperature (700-1000 °C) at a heating rate of 20 °C/min 

under N2 atmosphere, pressure, holing time (30-60 min), and flow rate (CO2: 300-600 NmL/min; 

Steam: 0.07-0.3 NmL/min), as summarized in Table 8.1.  

Before use, the biochar samples were lightly crushed using a stainless-steel mortar pestle set and 

passed through metal sieves to obtain a fine powder (25-63 µm) and stored at room temperature 

until use. 

 

8.2.3 Biochar characterization  

The prepared biochar samples were characterized for their surface area and porosity (Brunauer-

Emmett-teller (BET)), elemental content (CHNS analyzer), zeta potential, and cation exchange 

capacity (CEC). The selected biochar (biochar 7, CO2-1000-30-600-1) was also characterized by 

FTIR for surface functional groups, point of zero charge (pHzc) to understand the conformational 

changes with varying pH. Morphological features of the biochar were observed via imaging with 

Scanning Electron Microscope (SEM). The sample preparation methods for all the techniques are 

outlined in Text 1 of Appendix F. 

 

8.2.4 Preliminary adsorption assays for biochar screening  

For screening the biochar, preliminary adsorption experiments were performed with 5 mg of 

respective biochar in 10 mL of FLX solution (0.5 to 50 mg/L) at room temperature. The initial 

FLX concentration was deliberately maintained high to (i) ensure accurate quantification of the 

drug and (ii) sought the saturation limit of the biochar. The samples were equilibrated for 24 hours 

on an end-to-end shaker, followed by centrifugation (Sorvall ST 16, Thermo Fisher Scientific, 

USA). The resulting supernatant was then analyzed for FLX using LC-MS. The LCMS system is 
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comprised of Waters M-class UHPLC and a Sciex ZenoToF 7600. The chromatographic 

separation was achieved with Kinetex 2.6 µm XB-C18 100 Å, 50 X 0.3 mm column, maintained 

at a temperature of 50 °C, using gradient mobile phase (ultrapure water with 0.1% v/v formic acid 

to Acetonitrile with 0.1% v/v formic acid). The other parameters were maintained as: positive 

ionization mode, flow rate 20 µL/min, injection volume 5 µL, curtain gas 35 psi, CAD gas 7 psi, 

and spray voltage of 5500 V.   

The samples were analyzed in duplicates, and the removal percentage was calculated as: 

Removal (%) =  
C0 − Ct 

C0
 X 100   … equation (8.1) 

 where C0 and Ct represent FLX concentrations (mg/L) at time 0 (initial) and t (24 h, here). Based 

on the preliminary screening, one biochar activated with steam, and one activated with CO2 were 

selected for further evaluation using secondary screening method.  

For the successive screening, the selected steam- and CO2- activated biochar (10 mg/50 mL) was 

used to perform FLX removal kinetics with an initial concentration of 50 mg/L. The percentage of 

FLX removal was determined using equation (1). The biochar with faster kinetics was selected for 

the rest of the study.  

 

8.2.5 Adsorption and kinetic studies 

Adsorption studies were performed by adding the selected biochar to 50 mL FLX aqueous solution 

at room temperature with continuous stirring at 400 rpm for 2 hours. The effect of (i) initial dose 

of FLX (1, 5, 10, 25, and 50 mg/L); (ii) time (0, 5, 10, 20, 40, 60, and 120 minutes); and (iii) dose 

of biochar (10 and 20 mg for FLX 25 and 50 mg/L) were investigated. Commercial activated 

bamboo charcoal powder was used as a reference. The samples were regularly collected and 

analyzed in triplicates for residual FLX using UV-visible spectroscopy (λmax 226 nm) and LC-MS 

for lower concentrations (<5 mg/L) after centrifugation to remove the adsorbent.  

The adsorption capacity (qt (mg/g)) was calculated using the equation (9.2): 

𝑞𝑡 = (𝐶0 − 𝐶𝑡) 𝑋 
𝑉

𝑚
      …equation (8.2) 

Where m (g) is the mass of the biochar used, and V (L) is the volume of the solution.  
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Subsequently, to understand the kinetics and the behaviour of adsorption, the experimental data 

was fit to different adsorption isotherm models (Langmuir and Freundlich) and kinetic models 

(Pseudo-first order (PFO), Pseudo-second order (PSO), and Intra-particle diffusion (IP)), as 

described in Text 2 in the Appendix F. 

While the environmental concentration of FLX usually ranges from a few ng/L to µg/L, high 

concentrations were used to construct complete adsorption isotherms and evaluate adsorption 

capacity over a broad loading range, which is an essential parameter to compare its performance 

with reported biochar systems. These high concentrations are routinely employed to determine 

maximum adsorption capacity, surface saturation, and performance for scale-up applications. 

 

8.2.6 Regeneration and reusability  

In order to investigate the regeneration and reusability of the spent biochar, solvent desorption 

assays were performed by change in solvent strength. For this, the residues from equilibrium 

adsorption experiments (25 mg/L FLX) were recovered by centrifugation and overnight drying at 

45 °C. To evaluate the desorption, the 2 mg of spent biosorbent was then mixed with 5 mL of 

different extraction solvents (i) water, (ii) MeOH, (iii) MeOH (pH adjusted to 2 using 0.1 M HCl), 

and (iv) 50% ACN in water, under end-to-end shaking for 24 hours at room temperature. This was 

followed by centrifugation and determination of desorbed FLX in the supernatant using UV-visible 

spectroscopy and LC-MS method. The desorption efficiency was calculated using equation (8.3) 

 

Desorption effeciency =  
C X V

q X m
 X 100%   … equation (8.3) 

 

where C (mg/L) is the desorbed FLX concentration. The spent biochar was regenerated by 

lyophilization. 

In addition to solvent desorption, an advanced regeneration method combining Fenton’s oxidation 

with ultrasonication (Ferro-sonication; Fe-UlS), as mentioned elsewhere, was also investigated 290. 

For this, the spent biochar was suspended in 10 mL milliQ, to which 1:1 %v/v Fenton’s reagent 

(0.05 M FeSO4 and H2O2) was added, and acidic pH (2.5) was adjusted using H2SO4. The solution 

was then sonicated at 40 kHz for 30 minutes, followed by centrifugation, washing with water, and 
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lyophilization to obtain the regenerated biochar. The regenerated biochar (both solvent and Fe-

UlS) was analysed for residual FLX by using Thermogravimetric Analyser (TGA) (Discovery 

TGA55, TA instruments, USA) at a heating rate of 10 °C/ min for a temperature range of RT (~20 

°C) to 500 °C.  

 

8.2.7 Adsorption mechanism 

To determine the adsorption mechanism and investigate the contribution of electrostatic and 

hydrophobic interactions in facilitating the adsorption of FLX on the surface of biochar, the effect 

of pH (3-11), NaCl (0.01, 0.1, and 0.5 M) and MeOH (2.5, 5, and 10% v/v) on the adsorption 

capacity of biochar was investigated for [FLX]0 25 mg/L. The samples were collected at regular 

intervals (0, 5, 10, 20, 40, 60, and 120 minutes) and analyzed for residual FLX using UV-visible 

spectroscopy (λmax 226 nm). ANOVA was used to determine their statistical significance with a p-

value of 0.05 as the level of significance.  

 

8.3 Results and Discussion 

 

8.3.1 Biochar characterization and screening 

BET technique, CHNS analysis, and CEC, as summarized in Table F2, were used to characterize 

the biochar samples for their surface area and pore size distribution. The results indicated that the 

biochar 3 (H2O-900-30-0.15-1) had the largest surface area (1015 m2/g) followed by biochar 4 

(836 m2/g, H2O-900-30-0.07-1) ~ biochar 2 (828 m2/g, H2O-800-60-0.3-1), and biochar 5 (678 

m2/g, H2O-800-60-0.15-1). Biochar 1 (449 m2/g, H2O-700-60-0.3-1) had the lowest surface area, 

as recorded by the surface area analysis. It is evident, both- here and from previous reports, that 

the surface area increases with the increasing activation temperature because of the removal of 

carbon atoms from the surface 289. This can also be rationalized with the carbon content of steam-

activated biochar, which follows the order biochar 3 (%C 69.6, 900 °C)> biochar 4 (%C 73.5, 900 

°C)> biochar 2 (%C 76.1, 800 °C) ~ biochar 5 (%C 874.5, 800 °C)> biochar 1 (%C 83.5, 700 °C). 

Overall, the total carbon content in all biochar samples ranged from 63.3% to 83.5%, i.e., medium 

carbon content, as previously described by Lehmann et al. 291. Correspondingly, the % oxygen for 

all the biochar samples varied from 13.94% to 32.83%.  
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Similarly, for CO2 activation, the biochar followed the order: biochar 7 (855 m2/g) > biochar 8 

(775 m2/g) >biochar 10 (557 m2/g) >biochar 9 (382 m2/g) > biochar 6 (236 m2/g) for surface area. 

In general, surface area increases with rising activation temperature from and improving flow rate 

from 300 to 600 mL/min and decreases with time, as seen in Table F2. Additionally, the zeta 

potential of physically activated biochar (1-10) was close to 0 mV (data not shown), which 

indicates the presence of both positive and negative charges, and rapid coagulation or aggregation 

of the particles in the solution. 

Adsorption experiments were performed to screen for the selected biochar. Batch adsorption 

assays were performed at room temperature for 24 hours, and the results are shown in Figure F1. 

As seen in Figure F1a, steam-activated biochar removed a significant portion of the drug, except 

biochar 1, where the activity drastically reduced when the FLX concentration gradually increased 

from 0.5 to 50 mg/L. Biochar 4 performed unfailingly throughout the drug concentration and was 

selected for the rest of the study. Similarly for the CO2-activated biochar set, as the concentration 

of FLX increased from 0.5 to 50 mg/L, a significant reduction in % adsorption of FLX was seen 

for biochar 6 (from 94.99 ± 4.59 to 22.64 ± 0.09) and 9 (from 96.37 ± 3.46 to 31.55 ± 0.67), while 

gradual decrease was seen in the reactivity of biochar 8 and 10, where % removal of FLX decreased 

from 99.87 ± 3.48 and 99.81 ± 0.10 to 76.81 ± 4.97 and 76.48 ± 23.01, respectively (Figure F1b). 

For biochar 7, only a slight change in activity was seen (from 99.25 ± 0.73% to 92.20 ± 3.92%) 

and thus selected for the rest of the experiments.  

Therefore, based on the results of the batch adsorption studies, steam-activated biochar 4 and CO2-

activated biochar 7 were selected for the next set of the experiments. To select one of the two 

biochar, the adsorption kinetics for removal of FLX was performed with 50 mL 50 mg/L FLX with 

10 mg biochar 4 and biochar 7. As shown in Figure F2 CO2- activated biochar 7 demonstrated a 

faster removal than steam-activated biochar 4, with residual FLX concentrations of 7.142 ± 2.48 

mg/L and 16.515 ± 1.67 mg/L, respectively, after 1 h of contact. Thereby, biochar 7 was selected 

for the rest of the study. The pHzc of the selected biochar 7 was observed to be about 7, as shown 

in Figure F2b. Also, the obtained FTIR spectra (Figure F2c) for the biochar indicated the presence 

of O-rich functional groups including carbonyl, carboxylic, and alcohols (Table F3) 238.  

The SEM analyses of the untreated, pristine biochar 7 (CO2-1000-30-600-1) revealed a rough 

texture, heterogeneous surface, irregular granular morphology, and highly porous matrix with 
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interconnected pores (Figure 8.1A (i); magnification 200x). The grain size and high porosity could 

be attributed to the high pyrolysis temperature and CO2-activation. When pyrolyzed at 1000 °C, 

the carbon tends to become crystalline and larger in grain size, as observed previously 239. The 

magnified image (5000x, Figure 8.1B(i)) displays the porous structure network of interconnected 

micropores with variable pore size distribution. Furthermore, the pore size distribution of the 

selected biochar 7, as determined using BET, predominantly indicates the presence of only 

micropores (< 2 nm) (Figure F3). 

 

 

Figure 8.1: SEM images of (i) Untreated biochar, (ii) Biochar loaded with 1 mg/L FLX, (iii) 

Biochar loaded with 25 mg/L FLX, and (iv) Biochar after desorption with MeOH for at 

magnification (A) 500x, (B) 5000 x. (C) shows EDS mapping for fluorine atom, inset shows 

EDS spectrum. 
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8.3.2 Adsorption kinetics 

The kinetic assays of FLX (1, 5, 10, 25, and 50 mg/L) with olive-stone derived CO2-activated 

biochar 7, as shown in Figure 8.2 (a), indicate that FLX removal occurs rapidly in the first 5 

minutes of contact. For lower initial concentrations of FLX (1 and 5 mg/L), equilibrium was 

attained within 5 minutes with 100% removal of FLX. For 10 mg/L FLX, equilibrium and 100% 

removal were achieved within 10 minutes of the assay. Further, as can be seen in Figure 8.2 (a), 

for higher concentrations (25 and 50 mg/L FLX), the minimum time required to attain equilibrium 

was <20 minutes, as reported previously 238,239,241. The performed kinetic studies show that after 2 

h of exposure, the amount of FLX adsorbed on the surface of biochar ranged from 4.82 ± 0.04 

mg/g to 146.45 ± 10.55 mg/g, for initial FLX concentrations of 1 mg/L to 50 mg/L, respectively 

(Figure 8.2 (b)). While commercial bamboo activated charcoal, which was used as a reference, 

exhibited maximum adsorption capacity of 9.85 ± 4.83 mg/g and a removal efficiency of 4.09 ± 

2.07% after 2 h of contact with 50 mg/L FLX (Figure 8.2 (a-b)). The uptake of FLX can also be 

traced by EDS mapping of F, as shown in Figure 8.1C (iii). For the biochar saturated with 25 mg/L, 

EDS mapping shows 2.08 wt% or 1.34 atomic% in the mapped area. However, no morphological 

changes were observed for the biochar.  

The uptake potential of the prepared olive-stone biochar (146.45 ± 10.55 mg/g within 2 h for [C0] 

= 50 mg/L FLX) surpasses the adsorption capacity of previously reported waste-derived biochar 

used for FLX removal. Some of these recent studies are summarised in Table 8.1 for comparison. 

For instance, a study by Fernandes (2019) reported the attainment of equilibrium of agri-food 

waste derived biosorbents after 15 minutes of the assay, with a maximum adsorption capacity of 

6.41 mg/g for biochar obtained from eucalyptus for FLX0 20 mg/L, while olive-stone biochar 

achieved a qmax of 106.32 ± 2.73 mg/g (>16 fold increase) 238. Similarly, a recent study by 

Escudero-Curiel et al., (2023) utilised nitrogen-doped alperujo derived hydrochars to remove FLX 

with qmax of 111.63 mg/g urea-modified hydrochar, while polyethyleneimine-modified adsorbent 

achieved a qmax of 29.31 mg/g for FLX 244. Silva et al., (2020) investigated the maximum 

adsorption capacities of waste-based biosorbents derived from cork waste, spent coffee grounds, 

and pine bark for FLX0 5 mg/L, which ranged between 4.74 mg/g - 14.31 mg/g 233; whereas, the 

present study achieves a qmax of 25 mg/g for FLX0 5 mg/L. In addition to agri-food waste, xylan, 

pectin, and lignin were also explored for their potential to removal FLX from aqueous solutions. 

For instance, Farghal et al., (2023) studied the ability of  xylan and pectin coated activated-carbon 
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(XCM and PCM) based magnetite adsorbents to adsorb FLX and achieved a maximum adsorption 

capacity of 90.9 mg/g and 114.9 mg/g, respectively 236. A similar study with lignin-derived anionic 

nanofibers demonstrated a capacity of 29 mg/g 237. It is worth mentioning that the olive-stone 

derived CO2-activated biochar performed better for FLX removal than some of the previously 

reported commercial adsorbents. For example, commercial carbon aerogel (NANOLIT 3D 

monolith NQ40 honeycomb premium (CO2 activated), with a specific surface area of 790 m2/g, 

obtained an adsorption capacity of 125.24 mg/g at pH 7-7.5 242. Similarly, an adsorption capacity 

of 96.2 mg/g was observed for commercial activated carbon PBFG4 in a study by 235. Therefore, 

CO2- activated biochar (CO₂-1000-30-600-1) used in the present study demonstrates the ability to 

achieve superior adsorption capacities for FLX. Further, FLX removal combined with the 

valorization of agricultural residues, represents a novel approach that addresses the dual objectives 

of environmental remediation and zero-waste principles. We believe this integration fills an 

important research gap and contributes to advancing sustainable solutions for emerging 

contaminants.  
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Figure 8.2: (a.) Removal efficiency, and (b.) uptake (qt) of FLX by biochar 7 for FLX 

concentrations of 1, 5, 10, 25, and 50 mg/L for 0-120 minutes; (c). Removal efficiency, and (d.) 

uptake (qt) of FLX by biochar 7 and commercially available activated charcoal for FLX 

concentration of 50 mg/L for 0-120 minutes 
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Table 8.1: Comparison of maximum adsorption capacities of FLX by different waste-derived 

adsorbents 

Waste-

Derived Biosorbent 

qmax (mg. g-1) pH Initial 

concentration  

(mg/L)  

Temperature 

(°C) 

Ref. 

Eucalyptus Biochar  6.41 6.5 20 RT 
Fernandes et al., 

2019 

Alperujo Biochar  4.63, 5.95 6.4 30 RT 
Escudero-Curiel et 

al., 2023 

Nitrogen – 

Doped Alperujo Biocha

r 

16.09, 111.63 6.4 30 RT 
Escudero-Curiel et 

al., 2023 

Fish bone char  55.87 --- 100 --- 
Piccirillo et al., 

2017 

Spent coffee ground  14.31  9 5 RT Silva et al., 2020 

Pine bark  6.53 9 5 RT Silva et al., 2020 

Cork waste 4.74 9 5 RT Silva et al., 2020 

Nanofiber AL: PVA 

50:50 
29 --- 50 --- 

Camiré et al., 

2020 

Nanocomposite XCM 90.9 7.35 25 28 
Farghal et al., 

2023 

Nanocomposite PCM 114.9 7.35 25 28 
Farghal et al., 

2023 

Pine-bark biosorbents 0.652 - 5 25 Lago et al., 2024 

Olive-stone Biochar 4.82 - 146.45 6-7 1 - 50 RT This study 
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Figure 8.3: (a.) Removal efficiency, and (b.) uptake (qt) of FLX by biochar 7 for FLX 

concentrations of 25 mg/L for 0-120 minutes; (c.) Removal efficiency, and (d.) uptake (qt) of 

FLX by biochar 7 for FLX concentration of 50 mg/L for 0-120 minutes. 

 

A higher adsorbent dose of 20 mg/50 mL was also studied for initial FLX concentrations of 25 and 

50 mg/L, as shown in Figure 8.3. For initial FLX concentration 25 mg/L, biochar dose of 10 mg 

removed 85.49 ± 1.22% FLX with maximum uptake capacity of 106.32 ± 2.73 mg/g, while 

adsorbent dose 20 mg could remove 99.10 ± 0.18% of FLX with adsorption capacity of 125.27 ± 

0.90 mg/g (Figure 8.3 (a-b)). Similarly, for 50 mg/L FLX, 10 mg of olive-stone derived biochar 

had a removal efficiency of 61.87 ± 5.39 and an uptake of 146.45 ± 10.55 mg/g, while 20 mg of 
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biochar removed 93.35 ± 3.62% FLX with qt of 230.56 ± 15.48 mg/g (Figure 8.3 (c-d)). This is 

markedly better than other reported agri-food waste derived adsorbents and comparable to the 

maximum adsorption capacities of commercial adsorbents explored by Silva et al., (2020), which 

ranged between 21.86 mg/g - 233.50 mg/g 233.   

To further understand the kinetics of the adsorption, the experimental data was fit into the PFO, 

PSO, and IP models (Figure F4). The model parameters as obtained are shown in Table 8.2. A 

comparative analysis of the model parameters reveals that the correlation coefficient of the PSO 

rate equation is higher than that of the PFO kinetics equation, thereby suggesting that the 

adsorption of FLX onto biochar follows PSO kinetics. Since high-fitting correlations to PFO and 

PSO have often been related to physisorption and chemisorption, respectively; the adsorption of 

FLX in the present study indicates chemisorption. However, physicochemical properties of both 

adsorbate and adsorbent, activation energy, and thermodynamic parameters, as mentioned 

elsewhere, play a crucial role in the adsorption mechanism 234.  

Also, it is noteworthy that both the kinetic models- PSO and PFO, exclude mass transfer 

considerations. Since the olive-stone-derived biochar is highly porous with internal pores 

accessible to FLX and the media, consideration of mass transfer, and external and internal 

diffusion becomes important. Thereby, to determine diffusion and rate limiting step during 

adsorption, the experimental data was fit to IP diffusion model.  

The model parameters- C (mg/g) and rate constant (Kp), as determined from the intercept and slope 

of the linear plot of qt vs √t (Figure F4c), respectively, are shown in Table 8.2. Since the plot does 

not pass through origin, the intraparticle diffusion model plot, demonstrates that there are more 

than one rate-limiting steps for the adsorption of FLX onto the surface of biochar. The plot can be 

divided into two zones- zone I, and zone II, with different slopes. In zone I, the slope is steeper, 

indicating the adsorption of FLX molecules onto the macropores of the biochar and the existence 

of diffusion film 242. While zone II is associated with the diffusion of FLX into the microporous 

structure of biochar. Further, the greater the value of the y-intercept, the more is the intraparticle 

diffusion 242,292. Since the y-intercept (i.e., C (mg/g)) is greater in zone II compared to zone I, the 

process is driven by intra-particle diffusion. 

For lower initial FLX concentrations of (1 and 5 mg/L), the plateau in both zone I and zone II 

indicate that the system has reached equilibrium. For a concentration of 10 mg/L,  zone I suggests 

the simultaneous occurrence of both film and intra-particle diffusion, while zone II represents 
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equilibrium. Similarly, for higher concentrations (25 and 50 mg/L), both zone I and zone II indicate 

a concurrent occurrence of film and intra-particle diffusion, as mentioned previously 242,293. As the 

initial concentration of FLX increases from 1 to 50 mg/L, the value for the boundary thickness (C) 

also increases. Larger the intercept, more the boundary layer effect. Also, as shown in Table 8.2, 

the value of Kp also increases with increasing initial concentration of FLX, indicating a direct 

correlation between FLX concentration and the intra-particle diffusion 199,294.  

 

Table 8.2: Rate constants (k1, k2, and Kp) obtained for different initial concentrations of FLX by 

PFO, PSO, and Intraparticle diffusion kinetic model 

  PFO PSO IP (Zone I) IP (Zone II) 

FLX qe k1 R2 qe k2 R2 C kp R2 C kp R2 

(mg/L) (mg/g) 
(min-

1) 
 (mg/g) 

(g/mg. 

min) 
 (mg/g) 

(mg/g 

min) 
 (mg/g) 

(mg/g 

min) 
 

50 65.366 0.031 0.662 141.844 0.002 0.994 65.092 11.686 0.992 98.059 4.408 0.997 

25 75.944 0.050 0.648 102.459 0.004 0.994 54.065 7.031 0.999 75.232 2.869 0.940 

10 49.402 0.168 0.785 49.652 0.061 1.000 38.102 2.301 0.997 49.057 0.037 0.999 

5 24.532 0.130 0.584 24.704 2.128 1.000 24.603 0.009 0.990 24.287 0.065 1.000 

1 4.759 0.121 0.516 4.751 1.064 1.000 4.268 0.099 0.879 4.757 
-

0.004 
0.757 

 

 

8.3.3 Adsorption isotherm  

To understand the adsorption behaviour and predict the nature of adsorption mechanisms, the 

experimental data was fit into the Langmuir and Freundlich isotherm models (Figure F5). The 

fitting coefficients and statistical parameters for both models are summarised in Table 3. These 

parameters show that both the isotherm model fit the experimental data with good regression 
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coefficients. From a comparative analysis of model parameters, it is evident that Langmuir 

isotherm model was the better fit for the obtained data, with higher values for linear regression 

coefficients (R2 >0.98). As the experimental data aligns best with Langmuir isotherm, the 

separation factor, RL, can be appropriately determined using equation (9.4) 199,295. 

RL =  
1

1+ b C0
     … equation (8.4) 

where C0 is the initial concentration of FLX. It is a dimensionless equilibrium parameter to 

understand the feasibility of the adsorption behaviour of FLX onto the adsorbent. Based on the 

value of RL, the process of adsorption can be unfavorable (RL >1), linear (RL =1), favorable (0 < 

RL < 1) and irreversible (RL=0) 199,234. For the experimental data, the value of RL varied between 

0.324 and 0.986, i.e., 0 < RL < 1, thereby suggesting favourable adsorption of FLX onto the biochar 

for initial FLX concentrations varying from 1 to 50 mg/L 199,234. Also, as the initial FLX 

concentrations increased from 1 mg/L to 50 mg/L, the highest maximum monolayer adsorption 

(Q0 (mg g -1)) ranged from 4.38 to 58.51 mg/g, respectively. The observed maximum monolayer 

adsorption was higher than that obtained for high-surface-area nanoparticles reported previously 

(40.7 mg/g for RuFeO3 and 15.8 mg/g for CeFeO3) 
199.  

 

Table 8.3: Langmuir and Freundlich isotherm model parameters of adsorption of FLX on 

biochar 

 Langmuir Isotherm Freundlich Isotherm 

FLX 

(mg/L) 

Q0  

(mg/g) 

b  

(L/mg) 

RL 

 

R2 

 

KF 

[(mg/g) (L/mg)]1/n 

1/n 

 

R2 

 

50 58.514 0.003 0.860 0.976 2419.390 0.961 0.975 

25 58.140 0.001 0.986 0.991 183.950 0.395 0.959 

10 44.723 0.060 0.626 0.997 47.350 0.02 0.735 

5 97.371 0.088 0.695 1.000 23.104 0.024 0.967 

1 4.382 2.082 0.324 0.999 3.950 0.062 0.940 
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In addition, the model parameters obtained by data fitting to Freundlich isotherm model (as shown 

in Table 8.3) further provide insight into the adsorption of FLX onto the surface of the biochar. 

For instance, the values for KF >1 indicate strong adsorption capacity, 0 < KF < 1 suggests favorable 

irreversible adsorption, while KF =1 for linear isotherm. As shown in the table 3, KF values of 3.95, 

23.10, 47.35, 183.95, and 2419.39 were observed for [FLX]0 1, 5, 10, 25 and 50 mg/L, respectively, 

which represents that favourable irreversible adsorption. That is, olive-stone derived biochar has 

a high capacity for adsorbing FLX from its aqueous solution. The heterogeneity factor, 1/n, also 

suggests favourable adsorption (0 < 1/n <1).  Typically, 1/n closer to 0 indicates that the adsorption 

intensity is higher 238.  

 

8.3.4 Regeneration and reusability tests 

To desorb the adsorbed FLX and regenerate the spent biochar, solvents with different polarities 

were used as eluents and the results are summarized in Figure F6 (a). Since solvent polarity affects 

the contaminant desorption, a polar protic solvent (Methanol) and a dipolar aprotic solvent (50% 

ACN) were employed for the study. Deionized water was used to verify desorption at equilibrium. 

A very low recovery rate of 0.06 ± 0.03 % was observed with water, indicating that the bond 

strength was sufficient to prevent the establishment of a new equilibrium 234.  

Methanol has often been used as a desorption solvent owing to its ability to disrupt polar 

interactions, such as hydrogen bonding, that may exist between the adsorbate and the surface of 

the adsorbent. It was also identified as the best desorption solvent for the recovery of FLX from 

nanofibers, with 100% recovery 237. However, in the present study, only 21.51± 2.44 % desorption 

was observed. Similarly, pH-adjusted MeOH (pH 2), under low magnetic stirring at 30 °C, 

performed best for the desorption of FLX from the chitosan-derived hydrogel beads, thereby 

achieving >95% desorption 234. However, in the present study, this solvent could only desorb 19.83 

± 4.78 % after 24 h of stirring at room temperature. This can be explained by the nature of forces 

acting between FLX and the adsorbent in both studies. The study by Nkana et al., (2024) suggested 

the physisorption of FLX on active sites of the biosorbent, while in the present study, the 

adsorption of FLX on biochar is attributed to chemisorption and intra-particle diffusion 234. 

Acetonitrile is another solvent popularly used as an eluent. In a recent study by Lago et al., (2024), 

50% acetonitrile (% v/v) was found to be the best desorption solvent for FLX from pine- bark-
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derived biosorbents with 100% desorption within 48 h 243. The present study observed 19.02 ± 

3.26 % desorption with 50% acetonitrile, indicating a strong interaction, such as pore filling and/or 

strong π-π stacking, between FLX and the surface of the biochar. This also highlights the need for 

advanced regeneration methods to recover the porosity of the spent biochar without altering the 

structural parameters. 

Previous studies have suggested the use of solvent-free techniques, such as the Fenton and Fenton-

like process with peroxymonosulphate (PMS), to regenerate the spent biochar and subsequent cost 

reduction 241,242. However, the use of strong oxidants, such as hydrogen peroxide, can often result 

in the collapse of pores by introducing oxygen-rich functional groups on the walls and at the 

entrance of the pores, as observed in the present study 242,296,297.  Despite this loss of porosity, Fe-

UlS regenerated biochar retained 38.78 ± 1.59 % removal efficiency for cycle 2 of adsorption with 

25 mg/L FLX after 2 h of treatment (as shown in Figure F6 (b)). This decrease in FLX uptake can 

be attributed to the blocking of pores due to oxidation and loss of potential interaction sites of FLX 

and biochar. 297 Further, a comparative analysis of TGA curves of unused and regenerated biochar 

shows an additional weight loss between 200-400 °C, thereby suggesting the presence of residual 

FLX in the biochar regenerated using solvents. While Fe-UlS regenerated biochar shows higher 

mass loss than raw biochar, but less than solvent-regenerated biochar. This indicates either more 

effective desorption of FLX by the synergistic action of Fe-catalysed oxidation and ultrasound. 

However, in practical application, the dose of the oxidant and the treatment time for regeneration 

can be optimized to maximize the retention of the porous network, without altering the surface of 

the adsorbent 297. 

 

8.3.5 Adsorption Mechanism  

The exchanges between the adsorbent and the adsorbate, and the subsequent removal by effective 

adsorption, can occur through one or more of these chemical interactions- (i) Electrostatic 

attractions between functional groups of the adsorbate and the adsorbent owing to their opposing 

electrical charges, (ii) Hydrogen bonding or dipole-dipole interactions, (iii) Hydrophobic, (iv)  π-

π Electron-donor-acceptor (EDA) interactions, and (v) Pore filling 243,298.  

The adsorption via electrostatic interactions is governed by the surface charge of the adsorbent and 

the adsorbate, ruled by the pHzc and pKa, respectively. The pHzc of the synthesized biochar was 
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observed to be around 7, i.e., it has positive and negative charges that balance to give electrically 

neutral biochar. When the pH of the solution is less than pHzc, the surface of the biochar is 

positively charged, favouring the adsorption of anionic species 299. Meanwhile, for pH> pHzc, the 

negative surface charge of the biochar favours the adsorption of cationic species via electrostatic 

attraction. The pKa of FLX is 9.8, suggesting the presence of FLX as a cationic species at 

circumneutral pH 233,243. Therefore, under the conditions of the study (6<pH<7), when the biochar 

is electrically neutral (with slightly more positive charge) and FLX is positively charged, weak 

electrostatic forces are expected. For the solution pH <7 (pH=3 and pH=5), where both FLX and 

biochar surface are positively charged, electrostatic repulsion is expected, while at pH=9 

electrostatic attraction is predicted due to the opposite charge of both entities (FLX predominantly 

positive and negative biochar surface). Since FLX exists predominantly in uncharged form, no 

electrostatic forces are expected at pH=11. 

Therefore, under typical electrostatic considerations, maximum adsorption of FLX is expected at 

pH 9, where FLX is positively charged while biochar carries a negative charge. However, the 

observed adsorption order (pH 11> 9 ~ 5 > 6.5 > 3) deviates from the classical electrostatic 

expectations. In the present study, the maximum adsorption was observed for pH 11 (as shown in 

Figure 8.4 (a)), where FLX is predominantly neutral and electrostatic attraction is minimal. The 

findings suggest that there is no significant effect of pH on the adsorption of FLX on biochar (p 

value<0.05) and electrostatic interactions are not the primary forces driving the adsorption.  

 

 

Figure 8.4: Effect of (a) pH, (b) NaCl (ionic strength), and (c.) MeOH (organic solvent) on the 

adsorption of FLX (C0 25 mg/L) onto biochar 
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In addition, no appreciable changes (p value<0.05) in the adsorption of FLX on biochar on varying 

the concentration of NaCl from 0.01 to 0.1 to 0.5 M (Figure 8.4 (b)) further strengthen that 

electrostatic forces play only a minor role. Further, the heteroatom-rich, negatively charged surface 

functional groups, such as -C-O-C-, C=O, -C-O-, -OH, -NH(R), can establish hydrogen bonding 

with the protonated amine  (-NH2) functionality of FLX 240,300.  

Besides electrostatic forces and hydrogen bonding, FLX can also base hydrophobic-hydrophobic 

(van der Waals interaction), attractive interactions, owing to the hydrophobic nature of both- the 

biochar surface and the target pollutant 298. The octanol partition coefficient of FLX (Kow of 4.17) 

indicates the hydrophobic nature of the pharmaceutical compound and its tendency to adsorb on a 

solid surface rather than remain in the aqueous phase 270,301. However, co-solvent experiments 

using methanol (2.5-10% v/v) revealed no appreciable changes in the adsorption (p value<0.05), 

thereby suggesting hydrophobic interactions do not play a dominant mechanism either (as shown 

in Figure 8.4 (c)). If hydrophobic interactions were central, the presence of methanol would disrupt 

the hydrophobic partitioning of FLX into the biochar matrix, thereby affecting the adsorption 

process.  

Moreover, low desorption using solvents, methanol, acidic methanol (pH 2), and 50% ACN, also 

suggests strong and irreversible adsorption, like pore entrapment, or strong coordination of FLX 

with the surface functional groups of biochar, rather than electrostatic and hydrophobic forces. The 

aromatic rings in the structure of FLX can serve as the π-electron acceptors for the carbon-based 

biochar, which can typically conform as robust π-donors due to the presence of oxygen-rich 

function groups, such as hydroxyl 235,240,243,298. In addition, the microporosity of the olive-stone 

biochar, coupled with high surface area (855 m2/g), is also expected to greatly contribute to the 

adsorption of small organic polar molecule, FLX, on the biochar surface 298. Thereby, for FLX, 

non-electrostatic and non-hydrophobic interactions, such as pore filling, hydrogen bonding or 

complexation with functional groups, and π-π EDA forces are expected to play a significant role 

in adsorption on olive-stone-derived CO2- activated biochar. 

8.4 Conclusion 

In the present study, olive stone waste was used as a carbon precursor to produce biochar, which 

was employed to remove FLX from aqueous solutions. The study of adsorption kinetics 

demonstrated that the pseudo-second-order kinetic model best described the experimental data 
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with a regression coefficient of >0.99. The process is also driven by intra-particle diffusion, with 

a direct correlation between initial FLX concentration and the intra-particle diffusion constant. 

Further, both Langmuir and Freundlich's isotherm models were in good agreement with the 

experimental data, with good regression coefficients. Model parameters, including RL (between 

0.324 and 0.986, i.e., 0 < RL < 1), and KF (>1), suggested favourable irreversible adsorption of 

FLX onto the biochar for initial FLX concentrations varying from 1 to 50 mg/L. Further, the 

maximum adsorption capacities ranged from 4.82 ± 0.04 mg/g to 146.45 ± 10.55 mg/g, for initial 

FLX concentrations of 1 mg/L to 50 mg/L, respectively, which exceeds the adsorption capacity of 

previously reported waste-derived biochar used for FLX removal.  

The findings also suggest a significant contribution of pore entrapment, hydrogen bonding, and π-

π EDA forces in the adsorption of FLX on olive-stone-derived CO2-modified biochar, and a minor 

contribution from the electrostatic attractive and hydrophobic-hydrophobic forces. Overall, the 

study shows that agri-food waste-derived biosorbents can be a potential alternative to produce 

high-capacity adsorbents for industrial applications while sustaining the vision of a circular 

economy and waste valorization. 
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From the previous study, the optimized biochar was selected, and its 

adsorption kinetics and mechanism were thoroughly investigated. 

For the next study, this optimized biochar was coupled with CuO to form a 

photocatalytic system for the degradation of FLX under UVC irradiation. For 

the CuO-biochar mixture, CuO acts as the active photocatalyst, while biochar 

improves charge separation by effective electron transport, thereby achieving 

rapid degradation of FLX under UVC. 
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Abstract 

The present work utilizes a mixture of olive-stone-derived physically activated biochar (BC) and 

cupric oxide (CuO) as a composite photocatalyst under UVC (254 nm) irradiation for the 

degradation of fluoxetine (FLX). The BC, prepared using a single-step physical activation process 

with CO2 as the activation agent, showed a high surface area (855 m2/g) and porosity, a low H/C 

ratio (0.023), and a high O/C ratio (0.519). Meanwhile, CuO, prepared by co-precipitation, had an 

energy band gap of 3.32 and 1.34 eV, and exhibits an excellent potential for using it as a 

photocatalyst for UVC-driven degradation of pollutants. The synergistic effect of BC and CuO 

under UVC irradiation resulted in the rapid degradation of FLX. Photocatalytic experiments with 

a catalyst dose of CuO (0.4 g/L) and BC (0.2 g/L) for an initial FLX concentration of 25 mg/L 

FLX in pure water achieved >95% removal within 2 minutes of UVC irradiation (254 nm, 16 

W/m2). For the same catalyst dose, 46.73 ± 5.68% removal was observed in 2 minutes for 50 mg/L 

FLX. Mechanistic investigation by scavenging tests (Na2EDTA, Isopropyl alcohol (IPA), and 

Furfuryl alcohol (FFA)) indicated that the contribution of each active species follows the order h+ 

> 1O2 > •OH, with the degradation rate of 19.58%, 91.70%, and 94.30%, as opposed to 95.76% in 

the control in 2 minutes of treatment. Photogenerated holes (h+) were, thereby, identified as the 

primary active species responsible for the photocatalytic degradation of FLX in the CuO-BC/UVC 

system, making the treatment apparently faster than the classical •OH-mediated processes. 

Moreover, the in-silico toxicity assessment of the transformation products indicated higher acute 

and chronic toxicity compared to the parent drug, thereby supporting the importance of this work. 

 

Keywords 

Biochar, Composite photocatalyst, Degradation, Fluoxetine, Photocatalysis, Toxicity assessment  
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9.1 Introduction 

Fluoxetine (FLX), a widely prescribed selective serotonin reuptake inhibitor (SSRI), has emerged 

as a priority contaminant due to its environmental persistence and ecological toxicity. With a high 

octanol-water partition coefficient (log Kow> 4), FLX exhibits a strong tendency to adsorb, and 

this property has often been explored as a remediation strategy for FLX-contaminated aqueous 

systems 238,243,274,302. For instance, synthetic adsorbents (RuFeO3 and CeFeO3 nanoparticles) 

synthesized by Narayanan et al. (2021) demonstrated maximum adsorption capacities of 683.5 and 

729.6 mg/g 199. Similarly, a nanocomposite of ZnCoAl layered double hydroxide, supported on 

activated carbon, achieved a qmax of 450.92 mg/g for an initial FLX concentration of 50 μg/mL 

FLX at pH 10 240. Other commercially available adsorbents- activated carbon PBFG4, Granular 

activated carbon (GAC), and NQ40 were also previously reported to obtain qmax of 96.2, 233.5, 

and 125.24 mg/g for initial FLX concentrations of 10, 5 and 1000 mg/L, respectively 233,235,242. 

In addition, waste-derived biosorbents, such as biochar, have also been synthesized and explored 

for the removal of FLX 238,243,302. For example, KOH-activated paper sludge (PS800-10KOH) and 

CO2-activated olive stone waste biochar have reported maximum adsorption capacities of 191.6 ± 

4.8 mg/g and 146.45 mg/g for chemically and physically activated biochar 235,302. Biochar offers a 

cost-effective, sustainable, and high-capacity adsorbent while supporting circular economy and 

zero-waste principles. However, despite their high efficiency (immediate effect, and effective even 

at low concentrations), adsorption-based removal strategies inevitably generate secondary waste.  

In contrast to adsorption, UVC-based advanced oxidation processes (AOPs) have garnered 

attention for their ability to degrade persistent pharmaceuticals, like FLX. UVC irradiation, 

particularly at 254 nm, in the presence of a photocatalyst (TiO2, ZnO, g-C3N4, etc.) or oxidant 

(H2O2, persulphate, ozone, etc.), can generate reactive oxygen species (ROS), such as hydroxyl 

radicals (•OH), which have been highly efficient for the degradation of FLX 247,249,252,260,261. Unlike 

adsorption, which merely involves phase transfer of the contaminant, UVC-photocatalysis offers 

the potential for complete mineralization, eliminating the risk of secondary waste generation. 

However, UVC comes with its own set of practical limitations. To begin with, in wastewater 

treatment plants (WWTPs), UVC is rarely employed for the degradation of persistent 

pharmaceutical residues; its use is primarily limited to microbial disinfection rather than 

contaminant removal. To achieve disinfection, UVC exposure with water is limited to brief, 
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instantaneous contact, which is insufficient for any action of ROS on low concentrations of 

distributed pollutants. Even if UVC is used, its action is limited by the UV dose and kinetics of 

direct photolysis. In addition, the photolabile fraction for FLX is low, and only minimal 

degradation has been reported under direct UVC 254 photolysis 258. The introduction of 

photocatalysts and oxidants results in kinetic enhancement of FLX degradation under UVC; 

however, the reaction times remain relatively long for practical implementation in WWTPs. Even 

the most efficient systems with photocatalyst reported in literature require at least 30 minutes to 

achieve >95% degradation 261,303.  

To improve the kinetics of FLX degradation and shorten the reaction time, a mixture of Copper 

(II) oxide (CuO) and olive-stone-derived activated biochar (BC) was explored as a composite 

photocatalyst. CuO is a promising semiconductor photocatalyst due to its optical properties, low 

cost, and environmental compatibility. In addition to easy preparation from low-cost copper salt 

precursors, CuO can offer a redox capability [Cu(I)/Cu(II)], high chemical stability, and 

bactericidal activity 303.  The addition of BC ensures adsorption support and electron transfer in 

the photocatalytic system 304,305. Their synergy can lead to a straightforward, practical, scalable, 

and safer treatment strategy for recalcitrant pharmaceuticals. In this regard, the present study 

explores the photocatalytic degradation of FLX using a simple CuO-BC composite prepared by 

physically mixing the two materials. The study evaluates the degradation kinetics under UVC 

irradiation, explores the role of reactive species by scavenger test, identifies the transformation 

products (TPs) and predicts their toxicity, and examines the effect of the water matrix by 

performing degradation in simulated effluent. This comprehensive approach provides insights into 

both the efficiency and practical applicability of CuO-BC composite for removing recalcitrant 

pharmaceuticals from water. 

 

9.2 Experimental 

9.2.1 Materials and chemicals 

Fluoxetine hydrochloride (FLX, 98%) was purchased from Sigma Aldrich (Toronto, Canada). The 

stock solution for FLX was prepared by dissolving the appropriate amount in water, which was 

stored in a dark glass vial at 4 °C until further use.  
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For scavenger studies, EDTA disodium salt dihydrate (99%) was procured from Samchun Pure 

Chemical Co. Ltd. (China), while Furfuryl alcohol (FFA, 98%) and Isopropyl alcohol (IPA, 70%) 

were procured from Millipore Sigma and Fisher Scientific, Canada, respectively.  

Photocatalytic experiments were performed in a closed cabinet equipped with a disinfectant wand 

(Crystal Clear Raze 18 W) emitting radiation at a wavelength maximum (λmax) of 254 nm and a 

fixed irradiance of 16 W/m². The UVC irradiance measurements were performed using Ocean 

Insight FLAME Miniature spectrometer.  

9.2.2 Preparation and characterization of CO2-activated olive stone biochar (BC) and 

CuO particles 

Biochar was prepared using a single-step physical activation process, employing olive-stone waste 

as the biomass and CO2 as the activating agent (CO2-1000-30-600-1), as previously described 302. 

Briefly, olive-stone biomass was carbonized at 600 °C at a heating rate of 10 °C/min, followed by 

a rest for 60 minutes under N2 atmosphere (300 N mL/min). The carbonized material was then 

activated at 1000 °C at a heating rate of 20 °C/min and holding time of 30 min, using CO2 as the 

activation agent at a flow rate of 600 N mL/min, and pressure of 1 bar. Detailed physicochemical 

characterization, including Brunauer-Emmett-Teller (BET) surface area analysis, CHNS elemental 

analysis, FTIR spectroscopy, Cation Exchange Capacity (CEC), and Scanning Electron 

Microscopy (SEM), has been described elsewhere302. 

Copper oxide particles (CuO) were synthesized using the co-precipitation method. Briefly, 2 M 

NaOH was added to 0.2 M CuSO4. 5H2O (aq.) dropwise until a black suspension was observed. 

This suspension was left overnight for aging, after which it was filtered and rinsed with water to 

remove unreacted salts. The precipitate was then dried and calcinated at 450-600 °C in a muffle 

furnace for 6 hours to remove possible impurities and refine the particle size. Finally, the obtained 

powder was ground using a mortar and pestle before use. The steps involved in the preparation of 

CuO particles can be presented as 306: 

CuSO4.5H2O (aq.) + 2 NaOH (aq.) → Cu (OH)2 (s) + Na2SO4 (aq.) … (eq. 9.1) 

Cu (OH)2 (s) → CuO (s) + H2O (g) … (eq. 9.2) 

The synthesized CuO particles were characterized using X-Ray Diffraction (XRD), BET, Zeta 

potential, UV-Visible Diffuse Reflectance Spectroscopy (DRS), SEM, and FTIR for their 
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structural properties, surface area, porosity, optical properties (energy band gap, Eg), morphology, 

and functional groups. The sample preparation methods and operational parameters for all the 

techniques are outlined in Text S1 of the supplementary information.  

9.2.3 Degradation of FLX and Mechanism of action 

The performance of synthesized BC and CuO for FLX degradation was evaluated under UVC 

irradiation. The UVC-assisted photocatalytic experiments were performed in a closed cabinet 

equipped with a disinfectant wand (Crystal Clear Raze 18 W) emitting radiation at a wavelength 

maximum (λmax) of 254 nm and a fixed irradiance of 16 W/m².  

The experiments were conducted at room temperature in a 100 mL glass beaker placed on a 

magnetic stirrer, adjusted to 400 rpm, to ensure uniform suspension of the catalysts. A total volume 

of 50 mL of an aqueous FLX solution (25 and 50 mg/L) was used. The catalyst system consisted 

of biochar (BC, 10 mg) and/or CuO particles (20 mg), unless stated otherwise. At predetermined 

time intervals, aliquots were withdrawn, immediately filtered through 0.22 µm syringe filters to 

remove the suspended solids, and analyzed for FLX concentrations using UV-visible spectroscopy 

(at 226 nm) (Genesys 50, ThermoFisher Scientific) 302. Control experiments were performed in the 

dark under identical conditions. It is noteworthy that high concentrations of FLX (25 and 50 mg/L) 

were used in the present study to prevent adsorption-dominated removal at low concentrations and 

to ensure accurate mechanistic separation of asortion, photolysis, and photocatalysis contributions. 

To identify dominant ROS responsible for FLX degradation, radical scavenger tests were 

performed under identical photocatalytic conditions (50 mL of 25 mg/L FLX, 10 mg BC, 20 mg 

CuO, UVC 254 nm) in the presence of different scavengers: Na2EDTA (10 mM), Isopropyl alcohol 

(IPA, 10 mM), and Furfuryl alcohol (FFA, 0.05 mM) to quench h+, •OH, and 1O2, respectively305. 

The degradation efficiency in the presence of a scavenger was compared with the control (without 

any scavenger) to identify the contribution of each reactive species to the degradation of FLX.  

All the experiments were performed in duplicates to reduce experimental errors, and the 

degradation efficiency was calculated as: 

Degradation % =  
C0− Ct

C0
 X 100  … (eq. 9.3) 

Where C0 and Ct represent FLX concentrations (mg/L) at time 0 (initial) and at time t.  
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9.2.4 Identification of transformation products and ecotoxicity prediction 

The transformation products from FLX degradation were determined using LC-MS using the Sciex 

QTOF (Zeno TOF 7600 system) equipped with an electrospray ionization (ESI) in positive 

ionization mode 302. The ecotoxicity of the parent compound FLX and identified transformation 

products to fish (F), daphnids (D), and green algae (GA) was estimated using EPI Web Suite 

(KOWWIN, WATERNT, and ECOSAR) by USEPA (software version 1.0.2). The software uses 

QSAR (Quantitative Structure-Activity Relationship) to predict the acute and chronic toxicity of 

these products to the aquatic organisms, calculate predicted no-effect concentration (PNEC) by 

dividing the EC50 or LC50 by an uncertainty factor of 1000, and concentration of concern (COC) 

by dividing the lowest chronic concentrations (ChV) by an uncertainty factor of 10307.     

9.2.5 Matrix effects/ Degradation of FLX in simulated effluent  

To evaluate the matrix effects, photocatalytic degradation experiments were performed using a 

simulated effluent, as shown in Table S1, prepared according to the literature-reported synthetic 

wastewater composition (excluding copper salts to avoid interference with the CuO catalyst)308. 

The matrix contained a representative concentration of organic carbon, nitrogen, phosphate, 

carbonate, and major inorganic ions to mimic the conditions of treated municipal wastewater.  

FLX was spiked in simulated effluent to achieve an initial concentration of 25 mg/L. Experiments 

were performed in a 100 mL beaker containing 50 mL of solution under continuous stirring at 400 

rpm. The following conditions were tested: effluent + FLX (dark); effluent + FLX + UVC; and 

effluent + FLX + BC + CuO + UVC (10 mg BC and 20 mg CuO). The UVC irradiation (254 nm) 

was applied under identical geometric and operational conditions as ultrapure water experiments. 

Samples were collected at predetermined time intervals, filtered through 0.22 µm syringe filters, 

and analyzed by UV-Visible spectroscopy.  

9.2.6 Catalyst reusability tests 

To evaluate the reusability of the catalyst, the CuO-BC mixture was subjected to 5 cycles of UVC-

mediated degradation of 25 mg/L FLX. After each cycle, the solution was centrifuged at 4500 rpm 

for 5 minutes. The supernatant was then collected for FLX analysis and replaced with 50 mL of a 

25 mg/L FLX solution for the next degradation cycle. 
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9.2.7 Statistical analysis 

The experiments were performed in duplicates, and analysis of variance (ANOVA) and Tukey test 

were used to determine their statistical significance with a p-value of 0.05 as the level of 

significance. 

 

9.3 Results and Discussion 

9.3.1 Physicochemical characteristics of BC (CO2-1000-30-600-1) and CuO  

The BC (CO2-1000-30-600-1) exhibited a high surface area (855 m2/g), low H/C ratio (0.023), and 

high O/C ratio (0.519) (Table S9.2 and S9.3), indicating a highly condensed aromatic structure 

with extensive π-conjugation and abundant surface oxygen functionalities. The appearance of 

peaks at 2400-2250, 1700-1760, 1300-1400, and 1080-1300 cm-1 in the FTIR spectra of BC, as 

shown in Figure S9.1, further confirmed the presence of oxygenated functional groups on the 

surface of the biochar 302. In addition to these functionalities, BC also possesses a highly porous 

structure, as indicated by SEM images (Figure 9.1a) and BET (Table S9.3), which contribute 

greatly to its adsorption potential 302.  

 

Figure 9.1: SEM images of pristine (a) BC and (b) CuO; and spent CuO + BC (c and d) 
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On the contrary, the SEM images of CuO particles showed nano-sized, irregular and spherical 

particles, with a rough, grainy surface (Figure 9.1b). The relatively low zeta potential (-16.83 ± 

1.03 mV) (Figure S9.2) indicates weak electrostatic repulsion between CuO particles, resulting in 

significant particle agglomeration, as confirmed by SEM images. Further, in contrast to the largely 

amorphous carbon structure of the biochar, the structural analysis of CuO via XRD revealed sharp 

and intense peaks, which are indicative of the excellent crystallinity of the synthesized CuO 

particles. The diffraction pattern, as shown in Figure 9.2a, with distinct peaks at 2θ values of 

approximately 32.5°, 35.5°, 38.7°, 48.7°, 53.4°, 58.3°, 61.5°, 65.9°-66.6°, and 67.9°, corresponds 

to the reflection planes (110), (-111), (111), (-202), (020), (-113), (022), and (220), 

respectively303,309. These identified planes confirm the monoclinic structural phase of the CuO 

particles, consistent with the COD reference entry 9016105 for tenorite (CuO). A Cu-O stretching 

band observed in the low wavenumber region of the fingerprint region of the FTIR spectrum (400-

600 cm-1) further supported the formation of CuO (Figure S9.1).  

The UV-Vis DRS of the synthesized CuO, recorded in the wavelength range of 200-1400 nm 

(Figure 9.2b), shows increased reflectance intensity at λ > 800 nm and exhibits low reflectance in 

the UV and visible regions of the spectrum, further confirming the preparation and semiconductor 

nature of CuO particles. The optical band gap (Eg) for allowed direct and indirect transitions was 

determined using the Kubelka-Munk method and the Tauc plot. For this, (F(R∞) hν)n is plotted 

against photon energy (hν), where F(R∞) is the Kulbelka-Munk function, given by F(R∞)= (1-

R∞
2)/2R∞, where R∞ is Rsample/Rstandard and n depends on the nature of the semiconductor optical 

transition. For directly allowed transitions, n=2; for directly forbidden transitions, n=3/2; for 

indirectly allowed transitions, n= 1/2, and for indirectly forbidden transitions, n=3 .310  

The curves for (F(R∞) hv)2 vs hν and (F(R∞) hν)1/2 vs hν are presented in Figures 9.2c and 9.2d. 

The extrapolation of the linear regions of these plots yielded optical band gap values of 3.32 

(direct) and 1.34 eV (indirect), which are in good agreement with the previously reported band gap 

values for CuO 303,311. The Eg values also confirm the excellent potential of using it as a 

photocatalyst for UVC-driven degradation of pollutants. UVC (254 nm), with energy of 4.88 eV 

(>3.32 eV), can excite electrons from the valence band (VB) to the conduction band (CB), and 

generate electron-hole pairs, which are responsible for photocatalytic degradation of contaminants 

under UVC irradiation. 
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Figure 9.2: (a) XRD of synthesized CuO particles; Variation in (b) reflectance as a function of 

wavelength, (c) [F(R) hν]2 and (d) [F(R) hν]1/2 vs the photon energy (eV) for CuO and their 

extrapolation of the linear portion 

 

 

9.3.2 Adsorption behaviour of FLX on BC, CuO, and BC-CuO 

 

The adsorption behaviour of BC and CuO towards FLX was evaluated at initial concentrations of 

25 and 50 mg/L using pseudo-second order (PSO) kinetic modeling. The results are shown in 

Figure 9.3(a-d) and the obtained model parameters are summarized in Table 9.1.  As shown in table 
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9.1, the PSO model provided a good correlation for all systems, allowing comparison of adsorption 

capacity (qe) and rate constants (k2). However, the two materials exhibited fundamentally different 

adsorption characteristics, reflecting their distinct physicochemical properties.  

 

  

Figure 9.3: Adsorption controls for FLX at initial concentrations of 25 and 50 mg/L shown as 

normalized concentration (C/C0) in (a) and (c), respectively. (b) and (d) present the 

corresponding PSO kinetic model fits. Experimental points represent mean values with error bars 

indicating standard deviation, while dashed lines represent PSO fitting. 



134 
 

Table 9.1: Rate constants (k2) and adsorption capacities (qe) for BC, CuO, and CuO + BC by 

PSO kinetic model 

 BC CuO CuO + BC 

25 mg/L FLX 

Slope  0.0123 0.0394 0.0359 

q
e
 81.5661 25.3678 27.8164 

Intercept 0.0076 0.0209 0.0191 

k
2
 0.0197 0.0743 0.0677 

R
2
 0.9929 0.9788 0.9959 

50 mg/L FLX 

Slope  0.0088 0.0565 0.0213 

q
e
 113.6364 17.6929 46.9704 

Intercept 0.0084 0.0259 0.0309 

k
2
 0.0092 0.1233 0.0147 

R
2
 0.9819 0.9045 0.9802 

 

The olive-stone-derived activated biochar (CO2-1000-30-600-1) served as an effective, porous, 

high-capacity adsorbent for the removal of FLX from aqueous media. At a dose of 10 mg/50 mL 

for 25 mg/L FLX, the biochar could remove 67.33 ± 1.15 % of FLX within 20 minutes, with an 

adsorption capacity of 80.59 ± 1.70 mg/g (Figure 9.3a) and its fitting to PSO model is shown in 

Figure 9.3b. At the same adsorbent dose, for an initial FLX concentration of 50 mg/L, BC exhibited 

a removal efficiency of 47.58 ± 5.87%, with a qt of 111.85 ± 10.35 mg/g within 20 minutes of 

contact (Figure 9.3c).  

The BC exhibited a clear concentration-dependent increase in adsorption capacity, thereby 

indicating efficient utilization of available surface sites at higher solute loading, developed pore 

structure, and intraparticle diffusion, as explored by a previous mechanistic study 302. Although the 

rate constant decreased from 0.0197 to 0.0092 g/mg min with increasing FLX concentration, this 
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reduction is consistent with site occupation and increasing intraparticular diffusion at higher 

adsorbate loading. The model fit remained strong (R2≥ 0.98, Figure 9.3d), suggesting that 

adsorption is governed primarily by surface interactions rather than physical partitioning.  

This also aligns well with the structural properties of BC. The low H/C ratio (0.023) indicates a 

highly aromatic framework, while the moderate O/C ratio (0.519) suggests the abundance of 

oxygenated functional groups. These characteristics support multiple interaction mechanisms, 

such as π-π interactions, surface complexation, electrostatic forces, and hydrogen bonding. High 

surface area (855 m2/g), as indicated by BET analysis, and relatively high qe values, further confirm 

that BC functions as a true porous adsorbent with significant sorption capacity for FLX. 

In contrast, CuO exhibited markedly lower adsorption capacities, which decreased with increasing 

FLX concentrations. For instance, when FLX concentration increased from 25 to 50 mg/L, the 

adsorption capacity decreased from 25.37 to 17.69 mg/g (Figures 9.3a and 9.3c). This inverse trend 

indicates surface-limited adsorption rather than pore-filling behaviour. The PSO rate constant (k2) 

increased substantially from 0.0743 to 0.1233 g mg-1 min-1, indicating a very rapid adsorption 

kinetics at a higher concentration gradient. For both the FLX concentrations, CuO exhibited 

instantaneous partition (<1 minute) with an equilibrium plateau from t = 1 to 20 minutes for both 

C0 = 25 and 50 mg/L FLX, with equilibrium concentrations of 14.55 ± 1.64 mg/L and 35.84 ± 1.72 

mg/L, respectively. This indicates rapid surface interaction and saturation due to the limited 

available adsorption sites. The low surface area (~ 7 m2/g) of CuO further supports its limited 

adsorption capacity, compared to biochar (855 m2/g). The negative zeta potential of CuO (-16.83 

± 1.03 mV) and the positive surface charge of FLX (pKa 9.8) at near-neutral pH (pH = 6.5 ± 0.2) 

supports that electrostatic forces likely exist between the two entities. Although rapid surface 

interactions occur, the small number of available active sites results in early saturation, confirming 

that CuO acts mainly through surface-mediated catalyst for photochemical processes rather than 

an adsorptive medium.  

When BC and CuO were applied simultaneously (10 mg BC + 20 mg CuO), the adsorption 

capacity was intermediate between the two components and consistently lower than BC alone 

despite the higher dose of adsorbent used. For instance, at 25 mg/L FLX, the equilibrium capacity 

of the composite system (27.82 mg/g) was substantially lower than BC alone (81.57 mg/g), but 

slightly higher than CuO alone (25.37 mg/g). Similarly, for 50 mg/L FLX, the composite exhibited 

a qe of 46.97 mg/g, which exceeded CuO (17.69 mg/g) but remained lower than BC (113.64 mg/g). 
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These results indicate that the incorporation of CuO does not enhance adsorption; instead, it 

partially suppresses the intrinsic adsorption capacity of BC, possibly due to surface coverage and 

pore blocking of BC by CuO particles, as reported by previous studies 312,313. This is further 

confirmed by the SEM images and specific surface area of the spent catalyst (Figures 9c-d and 

Table G3). As shown in Figures 9.1c and 9.1d, deposition and agglomeration of CuO particles on 

the surface of the biochar lead to partial blocking of pores. This reduces the accessible surface area 

and pores for the adsorption of FLX, thereby decreasing its adsorption capacity, when compared 

to BC. 

 

9.3.3 Photolytic and photocatalytic degradation of FLX under UVC 

 

The degradation of FLX under UVC irradiation (254 nm) was investigated to distinguish direct 

photolysis from photocatalytic enhancement in the presence of BC, CuO, and CuO-BC. As shown 

in the Figure 9.4, FLX undergoes limited direct photolysis under UVC, while significantly 

enhanced degradation was observed when BC and CuO-containing systems were introduced. 

Under UVC alone, FLX showed a very slow decline in C/C0, achieving only 4.70 ± 1.58% and 

15.35 ± 0.95 removal in 2 and 20 minutes, respectively (C0 25 mg/L). For 50 mg/L FLX, removal 

efficiencies of 2.28 ± 1.14% and 11.77 ± 0.86% were observed after 2 and 20 minutes of UVC 

irradiation, respectively. This confirms that direct photolysis is not a dominant removal pathway 

for FLX at the given irradiance.  

Following the addition of BC in the presence of UVC (UVC + BC), the removal percentage of 

71.40 ± 4.93% and 66.46 ± 1.11% were observed after 20 minutes for 25 and 50 mg/L FLX, 

respectively. It is noteworthy that the removal efficiency does not differ significantly from the 

adsorption removal of FLX by BC alone, indicating that the observed effects are dominated by 

adsorption and not by photochemical processes. However, this slight increase in the removal could 

be possibly due to the regeneration of the adsorbent in the presence of UVC. Biochar adsorbs fast, 

boosts low-dose capture, and increases the exposure/contact time for UVC to degrade the adsorbed 

FLX over time. This can also allow for possible in-situ self-regeneration of the adsorbent media, 

thereby enhancing the total removal efficiency of FLX. Similarly, the introduction of CuO in 

presence of UVC did not significantly improve the removal efficiency of FLX (C0 25 mg/L), when 

compared to the adsorption control performed with CuO in the dark.  
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Table 9.2: Comparison of Fluoxetine (FLX) removal efficiency (%) at 2 and 20 minutes under 

different treatment conditions at initial concentrations of 25 and 50 mg/L 

Treatment Removal in 2 minutes (%) Removal in 20 minutes (%) 

25 mg/L FLX 

BC a 49.80 ± 2.39* 67.33 ± 1.15 

CuO ab 34.91 ± 1.25 42.11 ± 24.06 

CuO + BC a 57.28 ± 6.07 70.27 ± 5.97 

UVC b 4.70 ± 1.58 15.35 ± 0.95 

UVC + BC a 42.06 ± 6.53 71.40 ± 4.93 

UVC + CuO a 59.59 ± 4.67 54.82 ± 1.45 

UVC + BC + CuO c 95.76 ± 0.26 100 

50 mg/L FLX 

BC bc 32.63 ± 1.01* 47.58 ± 5.87 

CuO ab 23.72 ± 2.82 13.99 ± 6.18 

CuO + BC c 32.18 ± 2.61 58.12 ± 7.33 

UVC a 2.28 ± 1.14 11.77 ± 0.86 

UVC + BC c 27.87 ± 3.26 66.46 ± 1.11 

UVC + CuO c 54.28 ± 1.15 52.25 ± 4.14 

UVC + BC + CuO c 46.73 ± 5.68 63.15 ± 8.92 

 

*Estimated from PSO model.  
# Equal lower letters within same FLX concentration indicate that the treatment do not differ by 

the Tukey test (p value < 0.05) 

 

However, the simultaneous addition of CuO and BC in presence of UVC significantly improved 

the removal efficiency of the system. With the introduction of both CuO and BC, >95% of FLX 

removal (C0 25 mg/L) was achieved in 2 minutes of treatment, compared to 42.06 ± 6.53% and 

59.59 ± 4.67% for BC-UVC and CuO-UVC, respectively (Figure 9.4a). For 50 mg/L FLX, 46.73 

± 5.68% degradation was observed within 2 minutes of treatment (Figure 9.4b). This rapid, 

unprecedented removal of the parent drug is owed to the synergistic effect of CuO, BC, and the 

UVC irradiation. CuO, being a direct/indirect gap semiconductor, with the energy band gap of 
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3.32 and 1.34 eV, serves as an exceptional photocatalyst in the presence of UVC for the 

degradation of FLX. When CuO is irradiated with UVC, an electron (e-) gets excited from VB to 

CB, thereby creating a hole (h+) in VB and a free e- in CB (eq. 9.4). These photogenerated charge 

carriers are highly reactive and can react with H2O and O2 to generate ROS like •OH and O2 
•-, 

which are highly oxidative and can potentially result in pollutant degradation (eq. 9.5-9.7). 

However, rapid recombination of e- and h+ in CuO limits its photocatalytic activity. The addition 

of BC aids the faster apparent removal of the drug by reducing electron-hole recombination and 

improving charge separation, in addition to rapid adsorption. Previous studies have also reported 

the ability of biochar to separate and transport the photo-generated charge carriers due to its 

inherent conductivity 305,314,315.  

CuO + hν → e- CB  + h+ 
VB (photogenerated electron and hole) … (eq. 9.4) 

h+ + H2O/OH- → •OH (hydroxyl radical) … (eq. 9.5) 

e- + O2  → O2 
•- (superoxide radical) … (eq. 9.6) 

FLX + h+ /•OH/ e-/ O2 
•-  → TPs … (eq. 9.7) 

The olive-stone-activated biochar, in addition to rapid pore filling, which increases local FLX near 

CuO surface, can act as a green electron transport medium (shuttle) and/or sink via the redox action 

of various carbon structures (such as quinone and phenolic groups) present on its surface. Both 

high O/C (0.519) and low H/C (0.023) ratios indicate oxygen-rich, highly carbonized, aromatic 

surface sites, which can participate in electron transfer as an electron shuttle and/or sink (eq. 9.8-

9.9).  

BC + e- → BC (e-) (electron sink/transfer) … (eq. 9.8) 

BC (e-) + O2  → BC + O2 
•- … (eq. 9.9) 

This separates the charge carriers, suppresses e- - h+ recombination, thereby enhancing the lifetime 

of photogenerated holes for direct oxidation of FLX. This synergy between BC and CuO, therefore, 

facilitates the rapid adsorption and degradation of FLX by the action of photogenerated holes. This 

was further confirmed from the findings of the scavenger tests.  
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Figure 9.4: Photocatalytic degradation of FLX using BC, CuO, and CuO-BC under UVC 

irradiation for initial FLX concentrations of (a) 25 mg/L, and (b) 50 mg/L; (c) in presence of 

scavengers ([FLX0] = 25 mg/L), and (d) in simulated wastewater effluent ([FLX0] = 25 mg/L) 

To identify the primary ROS responsible for the photocatalytic degradation of FLX, degradation 

assays in the presence of scavengers, Na2EDTA (10 mM), IPA (10 mM), and FFA (0.05 mM), were 

carried out to quench h+, •OH, and 1O2, respectively, and the results are shown in Figure 4c. The 

decrease in FLX degradation efficiency reflects the crucial role of these ROS. According to the 

results illustrated in Figure 4c, the contribution of each active species follows the order h+ > 1O2 > 

•OH, with the degradation rate of 19.58%, 91.70%, and 94.30%, as opposed to 95.76% in control 

in 2 minutes of treatment. 
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These findings identify the photogenerated hole as the primary active species responsible for the 

photocatalytic degradation of FLX in the presence of the CuO-BC-UVC system. The C/C0 remains 

high even in the presence of a hole scavenger, which supports that the photogenerated holes are 

critical in the process, and FLX degradation proceeds largely via direct hole oxidation. The better 

fir of PSO also supports surface-controlled electron-transfer interactions, further supporting the 

involvement of holes as primary oxidative species. Also, since it is not a classical •OH-dominated 

photocatalysis, which is often an indirect route, to the best of the authors' knowledge, it is the 

fastest FLX degradation reported in literature so far. To support, a comparison of the photocatalytic 

responses from recent studies has been summarized in Table 9.3, evidencing the superiority of the 

CuO + BC system used in the present study for the degradation of FLX. Although CuO is a widely 

used photocatalyst, its application for FLX degradation is limitedly explored. A targeted literature 

search using Web of Science displayed only one result where CuO or CuO-based systems were 

used for the photocatalytic degradation of FLX. This recent study by Becerra et al (2025) reported 

a 94% removal in 30 minutes using photocatalytic heterostructures CuO/CuWO4 under UVC (254 

nm) for an initial FLX concentration of 10 mg/L (10 mL)303. Other studies have investigated the 

use of other photocatalytic systems, such as TiO2, g-C3N4, Fe3O4-BiVO4/Cr2V4O13, as shown in 

Table 9.3, for the degradation of FLX.  

Although the total organic carbon (TOC) was not measured, the changes in pH before and after 

treatment provide indirect evidence for mineralization. Under UVC irradiation alone (FLX 25 

mg/L), the pH decreased from near neutral (pH = 6.5 ± 0.2) to acidic (pH = 4.45 ± 0.1), suggesting 

formation and accumulation of acidic intermediates. The CuO-BC/UVC system did not show any 

significant pH change (6.87 ± 0.5) despite complete removal of the parent pharmaceutical drug. 

This suggests that intermediates were also rapidly degraded, supporting a complete degradation of 

intermediates and enhanced mineralization, compared to direct photolysis. In addition, potential 

copper leaching is unlikely under this pH change; however, accounting this in continuous-flow 

systems can become crucial.    

The recyclability studies using CuO-BC showed that the photocatalytic activity decreased from 

the 1st cycle to the 2nd cycle, which can be attributed to the loss of catalysts during recovery and 

the adsorption of degradation intermediates onto the catalyst surface (Figure S9.5). After this initial 
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decline, the removal efficiency of the system remained stable in subsequent cycles, thereby 

indicating that the catalysts possess good structural stability.  

 

Table 9.3: Comparison of the photocatalytic response of several materials reported in literature 

for FLX degradation 

Photocatalytic treatment Dosage and Operating 

conditions 

Removal Efficiency  Ref. 

Catalytic ozonation with 

Nano-γ-alumina catalyst 

30 mg/L ozone, 1 g/L catalyst 96.14% of 28.56 mg/L FLX 

in 30 minutes 

261 

Catalytic ozonation 

 

0.11 mM FLX, 60 minutes, pH 

11, 0.050 g/L TiO2 

~100% removal in 60 

minutes  

250 

FeO/Sulphite (S(IV)) 

FeO/PMS 

FeO/PDS 

 84.4% 

56.4% 

30.7% in 17.5 minutes 

256 

Real wastewater 14.4% 

Photocatalysis with  TiO2 

P25 and g-C3N4 

photocatalysts 

Ultrapure water (lab); 5 mg/L 

FLX, 100 mg/L catalyst; I = 500 

W/m2 

~100%  in 120 minutes using 

TiO2 (t1/2 =18 minutes) 

~91% removal using  g-C3N4 

(t1/2 =69 minutes) 

249 

Real secondary hospital 

wastewater (pilot scale); 5  mg/L 

FLX, 100 mg/L catalyst; I = 500 

W/m2 

~100%  in 120 minutes using 

TiO2 (t1/2 =34 minutes) 

~90% removal using  g-C3N4 

(t1/2 =65 minutes) 

Photocatalysis with  hybrid 

heterojunction photocatalyst 

(Fe3O4-BiVO4/Cr2V4O13 

(FBC) 

10 mg/L FLX, 30 mg catalyst, 

500 W Xe lamp (280 mW cm2) 

~99.2% removal in 60 

minutes 

260 
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Photocatalysis with 

Molecularly imprinted 

catalyst (MI-BiOCl) 

Municipal wastewater, 20 mg/L 

FLX, 20 mg (in V= 50 mL) 

catalyst; simulated solar 

irradiation (500 W)  

99.3% removal in 150 

minutes 

 

252 

Photocatalysis with 

CuO/CuWO4 

heterostructures 

10 mL 10 mg/L FLX 94% in 30 minutes 

303 

Photocatalysis with CuO/BC 

composite catalyst 

50 mL 25 mg/L FLX  >95% in 2 minutes 
This 

work 
50 mL 25 mg/L FLX in simulated 

wastewater effluent 

>95% in 10 minutes 

 

9.3.4 Effect of water matrix: simulated effluent study 

Despite being a promising technique for FLX under laboratory conditions, photocatalysis has often 

been reported to fail under ‘realistic’ conditions. Previous studies have seen a significant reduction 

in the performance of photocatalytic systems when employed for real and simulated wastewater 

matrices. For instance, a recent study by Chen et al. reported >80% FLX removal in 17.5 minutes 

under optimal conditions, whereas the performance dropped to 14.4% removal in real wastewater 

conditions 256. Similarly, another study (using TiO2 as photocatalyst; dose 100 mg/L) reported a 

t1/2 of 34 minutes in real secondary hospital wastewater, compared to a t1/2 of 18 minutes in 

ultrapure water (controlled, lab conditions)249. This is primarily due to the combined effects of the 

scavenging action of transformation products and various wastewater constituents, including but 

not limited to chlorides, NOM, carbonate, and bicarbonate, which consume ROS and reduce 

degradation rates for the target pollutants 316,317. In some cases, dissolved organics and turbidity 

limit the reaction rates by affecting the penetration of UVC irradiation 249,318. For catalytic systems, 

these organic and inorganic ions can adsorb on the catalyst surface, limiting the available sites for 

FLX and deactivating the catalytic surface in some cases 249,256. For these reasons, photocatalytic 

systems often show reduced efficiency under real environmental conditions. To evaluate whether 

similar limitations occur in the present study, the performance of the CuO-BC/UVC system, 

developed in the present study, was analyzed in simulated wastewater effluent, and the results are 

shown in Figure 9.4d. 
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As shown in Figure 9.4d, in the absence of light, the normalized concentration of FLX remained 

close to 1, indicating negligible adsorption of FLX and no matrix effects on the stability of the 

drug under the studied conditions. Under UVC irradiation (photolysis control), a gradual decrease 

in C/C0 was observed, suggesting limited photolytic degradation of FLX. In contrast, in the 

presence of CuO-BC under UVC, rapid degradation of FLX was observed, with nearly complete 

removal within 10 minutes. Despite the presence of scavenging entities such as chloride, 

bicarbonate, dissolved organic, and inorganic ions, the reaction proceeded rapidly, possibly via 

direct oxidation pathways. Since the reaction proceeds directly via photogenerated holes despite 

indirect •OH photocatalysis, the reaction is fast and unaffected by the wastewater constituents. 

9.3.5 Transformation products, and their in-silico toxicity assessment  

The photocatalytic transformation products, as identified using LCMS, are shown in Figure 9.5. 

The identified TPs indicated that the initial oxidation of FLX produces hydroxylated and N-oxide 

intermediates, followed by defluorination and the formation of multioxygenated species, as seen 

in previous studies. The transformation of FLX also includes ether bond cleavage to phenolic and 

side chain fragments, which can culminate in ring oxidation and progressive mineralization 

249,250,256,303,319. The identified TPs, as shown in Figure 9.5, suggest O-dealkylation (amine, 

phenolic), N-demethylation, hydroxylation, hydrolysis, and defluorination as the primary 

contributors to the transformation of the parent drug molecule under the synergistic action of CuO-

BC/UVC.  
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Figure 9.5: Proposed transformation products (TPs) for FLX after photocatalytic treatment with 

CuO-BC composite catalyst 

The physicochemical properties and aquatic toxicity of the identified TPs were assessed using an 

in-silico approach, and the complete dataset is presented in Table G5. From this data, PNEC and 

COC values were calculated using the most sensitive toxicity endpoint (EC50 or LC50) as 

ecotoxicity indicators, and the compounds were ranked from highest (red bars) to lowest (green) 

concern, as presented in Figure 9.6. The data for FLX serves as the reference (gray bar; PNEC = 

0.771 µg/L and COC= 13.9 µg/L) for the comparative estimation of the toxicity of the identified 

TPs. Interestingly, PNEC values for all identified TPs were higher than those of FLX, indicating 

reduced aquatic toxicity after degradation with the CuO-BC/UVC system. This suggests that the 

treatment not only removes the parent compound but also lowers the associated ecological risk. 

However, it is noteworthy that although ecotoxicity parameters estimated using QSAR have been 

recognized by regulatory agencies as a screening and predictive tool to support risk prioritization 

and risk assessment frameworks, bioassays and experimental validation are required for definitive 

confirmation. It is also likely that ECOSAR models can overestimate/underestimate toxicity 

depending on functional groups.  
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Figure 9.6: Predicted ecotoxicity indicators based on (a) acute values and (b) chronic values for 

FLX and its TPs generated during the proposed treatment (UVC-CuO/BC) 

 

 

  

9.4 Conclusion 

In this study, a CuO-BC composite photocatalyst was developed for the efficient and rapid 

degradation of FLX in pure water and in simulated wastewater effluent under UVC irradiation. 

For an initial FLX concentration of 25 mg/L in pure water and simulated wastewater effluent, 

>95% removal was observed within 2 and 10 minutes of UVC irradiation, respectively. Similarly, 

for 50 mg/L FLX, 46.73 ± 5.68% removal was observed within 2 minutes of irradiation. The 

photocatalytic degradation in the presence of various scavengers further identified the 

photogenerated hole as the primary active species responsible for the degradation of FLX in the 

CuO-BC/UVC system. While CuO serves as an exceptional photocatalyst in the presence of UVC 

for the degradation of FLX, the presence of BC concentrates FLX for ROS action by rapid 

adsorption, reduces electron-hole (e- - h+) recombination and improves charge separation. Since 

degradation proceeds primarily via direct h+ oxidation, aided by adsorption on the catalytic surface, 

it appears to be faster than other reported photocatalytic systems operating via indirect •OH-

mediated pathways.  
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The in-silico ecotoxicity assessment of TPs revealed a higher PNEC and COC (acute and chronic 

toxicity indicators) than FLX (PNEC = 0.771 µg/L and COC = 13.9 µg/L), indicating reduced 

aquatic toxicity (fish, daphnids, and green algae) after the proposed treatment. This reduced 

toxicity suggests that the CuO-BC/UVC treatment not only removes the parent drug FLX but also 

lowers the associated ecological risk. Overall, the present work demonstrated the promising 

performance of CuO-BC/UVC photocatalytic systems for effective degradation of FLX in batch 

systems; however, further experimental validation on the toxicity and persistence of TPs, the 

degree of mineralization, and the performance of the composite photocatalytic system in a 

continuous flow regime is deemed necessary for optimization of conditions (catalyst dose, time of 

irradiation, flow rate) for application at a larger scale. In addition to this, several operational 

constraints, including but not limited to continuous flow reactor design, UVC energy demand, 

catalyst recovery and reusability, potential copper leaching, and its performance under dynamic 

real wastewater, must also be sought. 
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Chapter 10: Conclusions and Future Recommendations 

 

10.1 Conclusions 

From the results obtained, the following conclusions can be drawn for the two model 

pharmaceuticals studied as a part of this investigation: Imipenem (IMP) and Fluoxetine (FLX). 

 

- Imipenem: "A Fleeting Threat" 

The stability of the antibiotic depends on the presence of light (irradiation), temperature, solvent, 

humic acids (dissolved organic matter), and metals. The results indicate that under the conditions 

of the study, the drug was photolabile and thermosensitive and rapidly degraded under visible light 

and room temperature. Further, the presence of humic acid and metals, such as copper, accelerated 

the degradation of the antibiotic via indirect photochemical pathways. Although the presence of 

reactive oxygen species was not analyzed for humic acids due to the complexity of the molecule, 

hydroxyl radicals (OH•) were detected for the IMP-Cu binary system using N, N-dimethyl-4-

nitrosoaniline (RNO) as a probe. A notable increase in signal at m/z 316.096 (corresponding to 

[IMP-O-H+]), a gradual decrease in drug concentration, and discoloration of RNO indicated 

oxidative degeneration of the antibiotic due to in vivo generation of reactive species via copper-

redox coupling. Copper, owing to its redox cycles of cuprous and cupric copper [Cu (I)/Cu (II)], 

can produce H2O2, and then decompose the generated H2O2 to produce OH• via a heterogeneous 

Fenton-like reaction.  

In addition to copper, IMP was also observed to interact with other metals, such as Mg (II), Ca (II), 

Al (III), and Fe (II). For all these metals, a decrease in the free drug concentration, accompanied 

by the appearance of new signals, indicated facile interaction between the two entities. For instance, 

signals as m/z 311.08595 and m/z 319.0742 were observed and attributed to [Mg (IMP)2]
2+ and 

[Ca (IMP)2]
2+, respectively. The stoichiometric ratio (M: L = 1: 2) was also confirmed by 

potentiometric titrations and computational studies using Gaussian. Further, a toxicity assessment 

of these metal complexes on wastewater model microorganisms (E. coli and B. subtilis) revealed 

higher antibacterial activity of IMP-Me complexes, compared to free IMP. This increased toxicity 

of IMP-Me can be attributed to the electron delocalization over the entire chelated system, which 
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reduces polarity and increases the lipophilicity of the complexes. This increase in lipophilicity, as 

also shown from DFT studies, can thereby facilitate stronger interaction between AMCs and the 

bacterial cell membrane.  

Overall, IMP exhibits a potential to form metal complexes, which are more toxic than the parent 

antibiotic; However, its natural attenuation across multiple pathways in wastewater limits its 

retention and persistence in the environment.  

 

- Fluoxetine: “Contaminant that stays” 

Designed to cross the blood-brain barrier in human hosts, the widely prescribed SSRI, FLX, is 

resistant to the action of humic acid, metals, and persists in the environment. Its physicochemical 

properties indicate its high tendency to adsorb on organic matters, such as soil, sediment, and risk 

the invasion of the food chain by bioaccumulation and magnification in all biomes. Given its 

persistence, the present study proposed a novel, CuO-biochar-UVC hybrid treatment approach for 

fast and effective degradation of FLX.  

The CO2-activated biochar, produced using olive stone waste as a carbon precursor, was used for 

effective removal of FLX by adsorption in batch systems. By optimizing activation parameters 

(CO₂-1000-30-600-1), this study demonstrates the ability to achieve superior adsorption capacities 

for FLX.  The observed maximum adsorption capacities ranged from 4.82 ± 0.04 mg/g to 146.45 

± 10.55 mg/g, for initial FLX concentrations of 1 mg/L to 50 mg/L, respectively, which exceeds 

the adsorption capacity of previously reported waste-derived biochar used for FLX removal. The 

adsorption kinetics follow a pseudo-second-order kinetic model best, and the Langmuir adsorption 

isotherm, indicating irreversible adsorption of FLX onto the biochar. Non-electrostatic and non-

hydrophobic interactions, such as hydrogen bonding, pore filling, and π-π EDA forces, were 

identified as the primary interactions facilitating FLX adsorption onto the biochar. Overall, the 

study uses agri-food waste-derived biosorbents as a potential alternative to produce high-capacity 

adsorbents for industrial applications while sustaining the vision of a circular economy and waste 

valorization.  

The optimized biochar was then coupled with CuO, a photocatalyst, to achieve rapid degradation 

of the drug under UVC irradiation. While CuO acts as an active photocatalyst, the presence of 
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biochar improved charge separation by effective electron transport, thereby achieving rapid 

degradation of FLX. For the initial concentration of 25 mg/L FLX, >95% removal was observed 

within 2 minutes of treatment, which, to the best of our knowledge, is the fastest removal reported 

to date. Photocatalytic degradation in the presence of different scavengers identified that the 

photogenerated hole was the primary active species responsible for the degradation of FLX in the 

presence of the CuO-BC/UVC system. Since it proceeds primarily via direct hole oxidation, it is 

apparently faster than indirect OH•-mediated pathways.  

Further, the higher PNEC and COC or reduced predicted ecotoxicity of the identified 

transformation products support the importance of this work. Overall, the present work 

demonstrated the promising performance of the CuO-BC-UVC system for effective and rapid 

degradation of FLX in batch systems.  

 

10.2 A comparative review of Environmental Fate, Toxicity and Treatment implications: 

IMP vs FLX 

As evident from the findings of the study, both IMP and FLX have an environmental impact; 

however, their behaviour and fate vary greatly. This stark contrast does not imply that one is less 

of a contaminant than the other; rather, both these contaminants are relevant pollutants, which are 

undeniably present and pose unique environmental challenges. 

Based on the conclusions, a few parallels have been drawn, and a comparative assessment has been 

presented: 

a. Environmental Fate and Persistence 

To begin with, IMP's sensitivity to sunlight, temperature, moisture, oxygen, and humidity restricts 

its environmental presence and persistence, while FLX resists natural attenuation, is highly stable, 

and can persist in the environment.  

Based on the partition coefficients, IMP (with a negative log P value) is hydrophilic in its free 

form and prefers to occur in the solution phase, while FLX has a positive coefficient, supporting 

its 'surface' driven effects. For IMP, the degree of hydrophilicity is expected to change on metal 

complexation; however, the risk of long-term exposure declines sharply due to photodegradation 
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and hydrolysis. In contrast, FLX displays partitioning to organic matter even in its free form, where 

it persists, and the impact is drawn out over a long timescale due to its recalcitrance.  

b. Toxicity and Biological impacts 

This persistence, natural attenuation, combined with partition coefficients, also defines their 

toxicity and long-term ecological impact. For instance, upon release, IMP can exert antimicrobial 

pressure, trigger the development and spread of resistance genes in existing bacterial communities. 

That is, IMP can cause an evolutionary shift in the environmental bacterial microbiome and pose 

long-term public health implications via horizontal gene transfer.  

On the other hand, the ecological impact of FLX perturbs various kingdoms of life. The presence 

of FLX doesn't kill organisms directly, but its ability to cross the blood-brain barrier, along with 

its high lipophilicity, causes it to both alter neurological signaling and bioaccumulate and magnify 

across the food chain. Therefore, the acute effects are sub-lethal, but the consequences of chronic 

exposure to FLX are ecologically significant.  

c. Treatment strategies  

The distribution of these pharmaceuticals, with their environmental behaviour and persistence, 

influences the selection of treatment strategies for their effective removal. For example, the use of 

antibiotic IMP is restricted to hospitals, which would mean that the drug residues appear in hospital 

wastewater in short bursts. This IMP spike can be mitigated at the point sources through timed 

innovations such as UV or AOPs, before being released to the WWTPs.  

In contrast, the course of FLX spans from a few months to a year, and the discharge is not limited 

to one type of wastewater effluent. Therefore, to mitigate FLX, round-the-clock removal and 

degradation approaches are needed. In addition, based on the adsorption potential, adsorption 

columns and their hybrid systems can be designed and optimized for maximum FLX removal; 

however, reactor surface area and material affinity must be thoroughly sought. 

Overall, the two case studies together provide decisive insights into the prioritization of 

contaminants and their treatment decisions. IMP is short-lived but toxic, while FLX is stable and 

persistent. Both are contaminants. Their environmental behaviour, however, influences their 

prioritization. IMP, owing to its transient yet significant toxicity, should be prioritized for 
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monitoring over intervention, whereas FLX should be prioritized for treatment. Their 

physicochemical properties and behaviour also define treatment strategy selection, as one 

treatment does not fit all the contaminants. Therefore, intervention approaches should shift towards 

targeted removal strategies. 

 

10.3 Limitations of the study 

While the present work demonstrated the promising performance of the CuO-BC-UVC system for 

effective and rapid degradation of FLX, multiple constraints need to be recognized. These 

limitations associated with experimental conditions, toxicity assessment, and large-scale 

applicability provide important directions for future research. 

1. Experimental and Concentration-related constraints: To begin with, the experiments were 

conducted (i) at high FLX concentrations, and (ii) in batches in a controlled lab environment, 

which does not reflect the continuity and spatial variability of real systems. Higher 

concentrations were necessary to ensure reliable kinetic interpretation and mechanistic 

exploration of contributing factors- adsorption, photolysis, and photocatalysis. At lower 

concentrations, rapid adsorption dominated the removal process, limiting accurate evaluation 

of these contributions. Therefore, future studies should assess system performance at 

environmentally relevant concentrations under dynamic wastewater conditions in continuous 

flow systems.  

2. Toxicity assessment of transformation products (TPs): The ecotoxicity assessment of the 

TPs was performed using an in-silico prediction model, ECOSAR, by USEPA. While 

computational tools provide useful preliminary insights, they may not represent the complex 

biological response under real environmental conditions. Experimental validation of TPs using 

broader ecological models is therefore recommended. 

3. Scalability and Operational Limitations: While the rapid degradation observed in batch 

conditions suggests strong potential for scale-up in continuous flow systems, factors such as 

reactor design, catalyst dose, flow rate, and UVC energy need to be optimized. In addition to 

operating parameters, continuous monitoring of copper leaching, the degree of mineralization, 

catalyst stability, and regeneration can become crucial in extended continuous-flow systems. 
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10.4 Future Recommendations 

Based on the findings of this dissertation, the following recommendations are proposed to explore 

the feasibility, practicality, and scalability of the proposed treatment approach for FLX: 

1. Scale-up to continuous-flow systems: The proposed CuO-BC-UVC photocatalytic 

system showed promising results for FLX degradation in batch mode; however, to evaluate 

its effectiveness at real wastewater conditions, scaling up to a continuous flow regime is 

necessary. To maximise surface-area-to-volume ratio and ensure maximum UV 

penetration, a flat plate photoreactor (FPPR) with a short optical path is suggested. The 

reactor can be designed with a flat quartz plate on its surface, featuring an immobilized 

catalyst bed to prevent leaching. The design of the FPPR can be scaled up by parallelization 

using scalable, modular stacking to cater to the size of the facility and treat varying influent 

loads. For a compact pilot-scale study, the following parameters are suggested to start with:  

• Light/Energy source: External UVC 254 nm behind quartz windows, or UV-LEDs 

installed symmetrically to ensure uniform irradiation 

• Flow and residence time: Total working volume of 10-20 L with residence time of 

about 30 s to 1 minute  

• Pollutant concentration: 1 and 5 mg/L FLX with immobilized catalyst layer (10-

500 um) 

• UVC irradiation: 10-20 mW/cm2 

• Reactor dimensions: 100 cm X 50 cm X 2 mm per channel (V = 1 L) 

• Sampling: Inlet, Outlet 

• Suggested placement: Tertiary treatment + disinfection  

• Performance indicators: Removal efficiency for FLX, Mineralization (TOC 

removal), catalysts stability and leaching, Cu leaching (mg/L), Fluoride ion 

concentration  

To reiterate, the optimization of parameters, such as catalyst dose and their ratio, UV dose, 

and flow rate, is deemed essential for larger-scale applications. In addition, continuous 
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monitoring of water quality parameters, such as pH (which influences adsorption and 

potential leaching of copper), fluoride ion concentration and total organic carbon (which 

indicates the degree of mineralization), is critical.  

2. Evaluation in real wastewater matrices: The composition of wastewater can greatly 

influence the efficiency of the proposed treatment approach. To understand the effect of 

competing ions and organic matter, the performance of the catalytic systems needs to be 

assessed in real wastewater matrices. 

3. Long-term catalyst stability: Investigation of the long-term stability, durability, and 

reusability of the CuO-BC catalyst is required to understand the environmental safety and 

sustainability of the treatment. Chances of leaching of copper, deposition of copper on 

biochar, and loss of adsorption potential of biochar must be investigated under long hours 

of continuous operation. 

4. Identification of TPs and experimental validation of their toxicity: The present 

dissertation assessed the in-silico toxicity of TPs and predicted their ecotoxicity in 

comparison to the parent drug; however, experimental validation of the toxicity and 

persistence of TPs is necessary to evaluate the safety of the treatment. The models estimate 

the toxicity of a compound based on its physicochemical properties, which can over- or 

under-estimate their persistence and long-term risks. It is also important to consider the 

combined (both additive and synergistic) effects of the TPs, not in isolation, as accounted 

by these models. 

5. Extension to other fluorinated pharmaceuticals and PFAS: The proposed 

photocatalytic system can be extended to other highly persistent and recalcitrant emerging 

contaminants, such as other fluorinated pharmaceuticals and PFAS, for their potential 

transformation and/or degradation. 

 

In addition to these recommendations for improving the applicability and efficiency of the 

proposed degradation approach for FLX in the field, the following recommendations are proposed 

for contaminant management: 
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1. Inclusion of metal interaction in environmental risk assessment: The co-occurrence 

and interaction of metals can affect the physicochemical and biological properties of 

organic contaminants. Consequently, the role of metals in altering contaminant toxicity, 

mobility, and persistence should be evaluated and included while performing the risk 

assessment. 

2. Contaminant prioritization (stability v/s transformation): Consideration of chemical 

stability and natural transformation must be accounted for, instead of relying solely on 

contaminant toxicity and persistence. Contaminant toxicity, along with its stability, 

determines whether an invention is necessary. For labile compounds like IMP, monitoring 

should be prioritized, while FLX needs active and targeted removal approaches. 

3. Decision-based treatment strategies: After establishing priority and risk, the decision for 

appropriate treatment of persistent, high-risk contaminants must be made to ensure mindful 

utilization of resources, while ensuring their rapid and targeted removal. 
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Table A1: Rate constants for degradation of Imipenem (IMP= 25-250 mg/L) under different 

conditions of light and temperature 
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Figure A1: Spectral irradiance profile showing the distribution of irradiance (µW/cm2) across 

wavelengths for the ambient light conditions used in the study. The dominant emissions between 

400-700 nm confirm visible light conditions. For light protected samples, amber glass vials, 

which block UV light and visible light (blue and violet), was used. 

(Two overlapping curves, red and black spectral profiles, represent the duplicate measurements)  
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Figure A2: Mass spectra for: (a and b) humic acid; and (c and d) Humic acid-Imipenem mixture. 

(a.)

(b.)

(c.)

(d.)
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Figure A3: Overlapped chromatogram and mass spectrum for Imipenem (blue) and Imipenem-Al (III) solution (pink) (M: L = 2: 1) 
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Figure A4: Mass spectrum of the identified Imipenem-Mg (II) complex [Mg (IMP)2]
2+ (m/z 311.08595) 
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Figure A5: Change in % peak area for m/z 300.1012 [IMP-H]+ and m/z 316.0960 [IMP-O-H]+
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Figure A6: Time-dependent mass spectra of IMP-Cu system (IMP= 33 µM; Cu(II)= 66 µM) at RT: 0.1-0.2 min 
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Figure A7: Time-dependent mass spectra of IMP-Cu system (IMP= 33 µM; Cu(II)= 66 µM) at RT: 0.2-0.4 min 
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Figure A8: Proposed pathway for bleaching of the dye and oxidation of Imipenem by copper 

redox coupling 
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Figure A9: Mass spectra for: (a) Aqueous Imipenem solution at zero-hour, (b) Imipenem spiked 

in wastewater at zero hour, and (c) Imipenem spiked in wastewater after 5 hours of natural solar 

exposure. 
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Table B1: Concentrations of metals in collected municipal wastewater (mg/L) and wastewater sludge (mg/kg) samples by ICP-OES 

*(RS- Return activated sludge, and TS- Thickened sludge) 

Metal Al As B Ba Ca Cd Co Cr Cu Fe K Mg  Mn 

  mg/L mg/L mg/L mg/L mg/L mg/L mg/L mg/L mg/L mg/L mg/L mg/L mg/L 

 LOD 0.005 0.04 0.01 0.0005 0.01 0.0007 0.004 0.005 0.007 0.004 0.1 0.02 0.0008 

                            

WW1 0.509 < 0.04 0.12 0.067 82.3 0.0013 < 0.004 0.006 0.64 0.95 15.6 13.8 0.123 

WW2 38.6 < 0.04 0.18 0.206 92.6 < 0.0007 < 0.004 0.012 0.35 4.00 21 15.6 0.971 

WW3 0.188 < 0.04 0.18 0.031 77.3 < 0.0007 < 0.004 < 0.005 0.021 0.015 21 13 0.005 

WW4 0.048 < 0.04 0.18 0.030 79.4 < 0.0007 < 0.004 < 0.005 0.015 0.020 14.5 12.9 0.0069 

WW5 0.048 < 0.04 0.18 0.031 79.2 < 0.0007 < 0.004 < 0.005 0.018 0.014 14.2 12.9 0.007 

RS raw 107 < 0.04 0.20 0.505 117 < 0.0007 < 0.004 0.035 0.944 11.2 35 20 2.47 

RS liq 0.637 < 0.04 0.16 0.022 83.7 < 0.0007 < 0.004 < 0.005 0.015 1.38 31 15 1.42 

TS liq 14.5 < 0.04 0.19 0.075 124 0.0010 < 0.004 < 0.005 0.133 5.16 72 24.8 3.12 

TS raw 808 < 0.04 0.54 3.70 325 0.0045 0.031 0.29 7.3 61.8 89 55 11.3 

  
         

    
 

mg/kg mg/kg mg/kg mg/kg mg/kg mg/kg mg/kg mg/kg mg/kg mg/kg mg/kg mg/kg mg/kg 

RS dry 33840 < 2 48 157 27620 0.21 1.56 13.2 299 1895 7946 4612 632 

TS dry 38840 < 2 24 176 15710 0.27 1.63 15.5 354 1973 4360 2622 538 
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Table B2: Concentrations of metals in collected municipal wastewater and wastewater sludge samples by ICP-OES 

*(RS- Return activated sludge, and TS- Thickened sludge) 

Metal Mo Na Ni P Pb S Sb Se Sr Ti V Zn Hg 

  mg/L mg/L mg/L mg/L mg/L mg/L mg/L mg/L mg/L mg/L mg/L mg/L ug/L 

 LOD 0.006 0.1 0.03 0.4 0.02 0.014 0.05 0.03 0.00022 0.004 0.003 0.003 1.0 

                           

WW1 < 0.006 106 < 0.03 7.2 0.02 12.9 < 0.05 < 0.03 0.29 0.013 < 0.003 0.474 1.4 

WW2 < 0.006 111 < 0.03 29 < 0.02 31.9 < 0.05 < 0.03 0.329 0.028 < 0.003 0.368 1.4 

WW3 < 0.006 109 < 0.03 < 0.4 < 0.02 28.1 < 0.05 < 0.03 0.262 < 0.004 < 0.003 0.064 1.3 

WW4 < 0.006 111 < 0.03 < 0.4 < 0.02 32.2 < 0.05 < 0.03 0.261 < 0.004 < 0.003 0.057 2.3 

WW5 < 0.006 112 < 0.03 < 0.4 < 0.02 31.5 < 0.05 < 0.03 0.264 < 0.004 < 0.003 0.068 < 1.0 

RS raw 0.006 110 < 0.03 77.6 0.03 31.9 < 0.05 < 0.03 0.446 0.077 0.003 0.943 3.0 

RS liq < 0.006 104 < 0.03 2.4 < 0.02 9.7 < 0.05 < 0.03 0.244 < 0.004 < 0.003 0.023 2.8 

TS liq < 0.006 111 < 0.03 12.5 < 0.02 15.9 < 0.05 < 0.03 0.35 < 0.004 < 0.003 0.111 1.6 

TS raw 0.061 114 0.14 556 0.29 164 < 0.05 0.07 1.69 0.148 0.055 6.5 2.8 

               
 

mg/kg mg/kg mg/kg mg/kg mg/kg mg/kg mg/kg mg/kg mg/kg mg/kg mg/kg mg/kg ug/kg 

RS dry 2.3 23900 7.0 22370 6.0 8523 < 3 3 115 0.7 2.4 276 237 

TS dry 2.8 5744 7.0 25650 5.0 7875 < 3 4 80.7 1.14 2.9 317 204 
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Figure B1: Overlapped chromatogram and mass spectrum for Imipenem (blue) and Imipenem-M solution (M= Mg (II) and Ca (II)) 

(M: L = 2: 1) 

 

 



198 
 

 

 

Figure B2: Mass spectrum of the identified Imipenem-Ca (II) complex [Ca (IMP)2]
2+ (m/z 319.0742) 
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Figure B3: Mass spectrum of the identified Imipenem-Mg (II) complex [Mg (IMP)2]
2+ (m/z 311.08595) 
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Figure B4: Overlapped chromatogram and mass spectrum for Imipenem (blue) and Imipenem-Fe (II) (orange) and Cu (II) (pink) 

solution (M: L = 2: 1) 

 



201 
 

 

Figure B5: Overlapped chromatogram and mass spectrum for Imipenem (blue) and Imipenem-Al (III) solution (pink) (M: L = 2: 1) 
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Figure B6: Proposed hypothetical structures for (a) IMP-M (2: 1) complex (M= Mg (II) or Ca (II)); and (b) IMP-Al complex (3: 2) 

 

 

M= Mg (II) and Ca (II)

a. b.
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Figure B7: (a) Growth curve for B. subtilis at different concentrations of Imipenem; (b) Average normalized CFU; and (c) Average 

%inhibition of B. subtilis in presence of Imipenem 
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Figure B8: (a) Growth curve for E. coli at different concentrations of Imipenem; (b) Average normalized CFU; and (c) Average 

%inhibition of E. coli in the presence of Imipenem 
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Appendix C: Mechanism of action and Metabolites of FLX 1 

  2 

List of Figures: 3 

C1 Mechanism of action of Fluoxetine (FLX) 

C2 ADME (Absorption, Distribution, Metabolism, Excretion) of FLX in human body 

 4 

 5 

Text 1: 6 

Fluoxetine (FLX) is a selective serotonin reuptake inhibitor (SSRI), i.e., acts on the central nervous 7 

system and inhibits the uptake of neurotransmitter serotonin (5-hydroxytryptamine or 5-HT) by 8 

the presynaptic neuron by blocking the serotonin transporters (or SERT) in the neural membrane. 9 

This prevents the re-uptake or serotonin, increasing its concentration in the synaptic cleft. This 10 

further increases the activation of pre- and post-synaptic receptors and increased 11 

neurotransmission, resulting in an anxiolytic effect 10,155,320 (as shown in Figure C1).  12 

In body, FLX is extensively metabolized in the liver by cytochrome P450 enzymes, resulting in an 13 

N-demethylated product known as Norfluoxetine. The elimination half-life of fluoxetine is 1-4 14 

days, while that of Norfluoxetine is 7-15 days 321. In addition to this, fluoxetine also undergoes 15 

glucuronidation, yielding fluoxetine glucuronide. Oxidative O-dealkylation of fluoxetine, 16 

facilitated by enzymes CYP2C19 and possibly CYP3A4, produces p-trifluoromethyl phenol 17 

(TFMP), which on further transformation results in hippuric acid, a glycine conjugate 321,322 18 

(Figure C2).  19 
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 20 

Figure C1: Mechanism of action of Fluoxetine (FLX) 21 
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Figure C2: ADME (Absorption, Distribution, Metabolism, Excretion) of FLX in human body
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Appendix D: Extraction and Detection of Fluoxetine from 

Wastewater and Wastewater sludge  

 

 

List of Figures: 

D1 Sample preparation for extractions of FLX from wastewater (WW) and wastewater 

sludge (WWS) 

D2 Solid Phase Extraction (SPE) for Fluoxetine from WW 

D3 Microwave-assisted extraction (MAE) of FLX from WWS 

D4 Recovery efficiency (%) for the extraction methods of FLX from WW and WWS 
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Text 1: Wastewater Sample collection, preparation, and extraction of Fluoxetine (FLX) 

Grab samples were collected in stainless steel containers from the Ashbridges Bay Wastewater 

Treatment Plant (WWTP), Toronto, Canada, in May 2023 and stored at 4 °C till further use. 

The facility has a capacity of 818 ML/day, with an average daily flow rate of 570.4 ML/day 

and serves a population of about 1,393,845 inhabitants. The treatment train includes 

preliminary treatment (grit and screening removal), primary clarification tanks, and secondary 

treatment through a biomass-activated sludge process in aeration tanks, followed by 

disinfection with sodium hypochlorite. The primary and waste-activated sludge (WAS) is 

further treated by anaerobic digestion, dewatering, and then hauled and pelletized. Samples 

were collected for influent (after primary screening), secondary effluent and secondary sludge.  

For wastewater (WW) samples (influent and effluent), extraction of FLX was performed by 

solid phase extraction (SPE), while microwave-assisted extraction (MAE) was employed to 

extract the analyte from wastewater sludge (WWS) (Figure D.1).  

Extraction of FLX from WW: For this, a small volume of wastewater was filtered through a 

Whatman filter paper (0.45um) to remove the suspended solids. After filtration, the samples 

were acidified to pH 2 with 0.1% formic acid, followed by SPE using an Oasis HLB cartridge 

(6 cc, 200 mg) (Figure D2). In brief, the cartridge was first conditioned and activated with 5 

mL methanol, followed by 5 mL water. Then, the acidified samples were loaded at a flow rate 

of 2 mL/min, before washing with 5 mL of 70% methanol in 2% ammonium acetate to remove 

the interferences. Finally, the analyte was eluted with 5 mL 70% methanol-acid (2% acetic 

acid) and analyzed using LC-MS. MilliQ water spiked with known concentration of FLX (5 

µg/L) was used as a control to determine the efficiency of the process. 
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Figure D1: Sample preparation for extractions of FLX from wastewater (WW) and wastewater sludge (WWS) 



211 
 

 

Figure D2: Solid Phase Extraction (SPE) for Fluoxetine from WW 
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Extraction of FLX from WWS: The sludge was centrifuged at 4000 rpm for 20 minutes to 

separate the sludge cake and water. The sludge cake was freeze-dried (-20 °C), followed by 

grinding and sieving to obtain homogeneity. Then, 1 g sludge was mixed with 60 mL solvent 

[methanol: water (1:3 v/v; 15 and 45 mL, respectively), vortexed for 30 s, and placed in the 

microwave for 30 min at a controlled ramp to 120 °C. After 30 minutes, the samples were allowed 

to cool to room temperature before centrifugation at 4800 rpm for 1 minutes and decantation to 

collect the solvent. The solvent (20 mL) was then diluted with 30 mL water and SPE was 

performed with an elution volume of 5 mL. Here, solvent (15 mL methanol + 45 mL milliQ water) 

spiked with known concentration of FLX (125 µg/L) was used as a control to determine the 

efficiency of the process. All the extractions were performed in duplicates and the results indicated 

are the average of the duplicates and error bars represent the standard deviation of the results.  

  

                

Figure D3: Microwave-assisted extraction (MAE) of FLX from WWS 

1 g sludge + Methanol: Water (1:3 v/v; 15 and 45 mL, respectively) 

Homogenization by vortex for 30 s

Microwave treatment for 30 minutes at 120 °C 
(30 minutes at a controlled ramp to 120 °C)

Cool to room temperature

Centrifuged (15 min, 4800 rpm) and decanted to collect the supernatant

Diluted with water and SPE performed
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Text 2: Recovery efficiency and Concentration of FLX in WW and WWS 

The efficiency of the extraction process by SPE in clean water and spiked wastewater was observed 

to be 89.53 ± 8.57% and 93.42 ± 0.72 %, respectively (Figure D4). Similarly, an extraction 

efficiency of 67.03 ± 15.29 % was achieved for the extraction of FLX from wastewater sludge 

using MAE. Using these extraction techniques, the concentration of FLX in WW influent and 

effluent was found to be 0.422 ± 0.0179 and 1.057 ± 0.121 µg/L, respectively. For the liquid and 

solid fractions of sludge, 1.089+ 0.037 µg/L and 1.64 ± 0.196 µg/kg were observed. 
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Figure D4: Recovery efficiency (%) for the extraction methods of FLX from WW and WWS  
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Appendix E: Fluoxetine and metals: A Case of Complex Formation? 

 

List of Figures: 

E1 Results for the titration of 100 µM FLX in 100 mM MES buffer (pH 6.5) using 20 

injections with metals (a.) Mg (II) and (b.) Ca (II). The upper panel shows the heat 

response given by each injection and the lower panel shows the integrated heat curve 

normalized per mole of injectant as a function of molar ratio. 

E2 Results for the titration of 100 µM FLX in 100 mM MES buffer (pH 6.5) using 20 

injections with metals (a.) Cu (II), (b.) Fe (II), and (c.) Al (III). The upper panel shows 

the heat response given by each injection and the lower panel shows the integrated heat 

curve normalized per mole of injectant as a function of molar ratio. 

E3 Comparison of the proton shifts (1H NMR) of FLX with different molar ratios of  

Fe (II) 

E4 Comparison of the proton shifts (1H NMR) of FLX with different molar ratios of  

Al (III) 

E5 Residual FLX concentrations in WW after equilibration with metals for 24 h 
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Text 1:  

The SSRI of interest, Fluoxetine (FLX), has been reported to induce indirect effects in the presence 

of metals, such as Zn (II), Ca (II), and Cu (II) 221,226,323. Although the studies reporting metal 

complexation of FLX are limited 324–326, FLX has been reported to coordinate with glycyrrhizic 

acid (GA), human serum albumin (HSA), and transferrin due to its high lipophilicity 327–329.  

However, the structure of the antidepressant also possesses a secondary amine (-NH), ether oxygen 

(-OCH2-) and aromatic π-system, which can serve as potential sites for metal coordination. For 

instance, a recent study suggested the coordination of FLX to Terbium (Tb3+) via secondary amine 

and ether oxygen to form the Tb (III)-FLX complex 326. The presence of metal cations can also 

facilitate the transfer of electrons from HOMO (localized on the secondary amine of FLX) to 

LUMO (the aromatic rings) via metal charge transfer 325. 

Therefore, interactions between FLX and metals are probable but have not been explored in an 

environmental context. In this sense, the potential of the formation of FLX-metal complexes 

(Metals= Mg (II), Ca (II), Cu (II), Fe (II), and Al (III)) were investigated using Isothermal Titration 

Calorimetry (ITC), Nuclear Magnetic Resonance (NMR), and Mass Spectrometry (MS). 

 

1. Isothermal Titration Calorimetry   

The potential of metal complexation of Fluoxetine (Metals= Mg (II), Ca (II), Cu (II), Fe (II), and 

Al (III)) was investigated by ITC performed using MicroCal ITC200, Malvern Panalytical and the 

data was analyzed using OriginPro software. The measurements were carried out at 298 K under 

the atmosphere of nitrogen, with a stirring speed of 350 rpm and a reference power of 11 µcal/sec. 

The reference cell was filled with ultrapure water (250 μL), sample cell with 100 μM FLX (250 

μL) in 100 mM MES buffer at pH 6.5, and the syringe with respective metal chloride solutions (5 

mM) in 100 mM MES (pH 6.5), prepared gravimetrically. The titration setup consisted of 20 

injections of 2 μL each with a spacing of 180 sec between injections to allow full return to baseline 

signal. The controls were performed by titrating each metal ion into buffer, and buffer into FLX 

cell for reference.  

The results for the titration of 100 µM FLX in 100 mM MES buffer (pH 6.5) using 20 injections 

with metals are shown in Figure E1. For alkaline earth metals, Mg( II) and Ca (II), the titration of 
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FLX exhibited the same heat at every injection, indicating no interaction between the metals and 

the SSRI at pH 6.5 (Figure E1 (a-b)).  

 

 

Figure E1: Results for the titration of 100 µM FLX in 100 mM MES buffer (pH 6.5) using 20 

injections with metals (a.) Mg (II) and (b.) Ca (II). The upper panel shows the heat response 

given by each injection and the lower panel shows the integrated heat curve normalized per mole 

of injectant as a function of molar ratio. 
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Likewise, no interactions were discerned during the titration of CuCl2 with FLX (Figure E2 (a)). 1 

Unlike other metals, the titration of Fe (II) with FLX was associated with the heat change, as shown 2 

in Figure E (b). Data fitting with a one-site model revealed the stoichiometry ratio (n, Metal: FLX) 3 

to be 0.5, that is, 1: 2, with negative enthalpy of interaction (exothermic). However, this peak 4 

intensity is similar to the intensity of the heat produced by the dissolution of FeCl2 into buffer (that 5 

is, control). This indicates that the heat of dissolution of Fe (II) overpowers the potential heat of 6 

binding to FLX, or no FLX interactions were observed with Fe (II) solution. 7 

On the contrary, the titration of Al (III) with FLX exhibited very strong absorption of heat 8 

(endothermic) upon each addition; however, no FLX-Al (III) interactions were observed (Figure 9 

E2(c)). To corroborate the results obtained by ITC, NMR studies were performed for FLX-Fe (II) 10 

and FLX-Al (III) binary systems. 11 

 12 

 13 

Figure E2: Results for the titration of 100 µM FLX in 100 mM MES buffer (pH 6.5) using 20 14 

injections with metals (a.) Cu (II), (b.) Fe (II), and (c.) Al (III). The upper panel shows the heat 15 

response given by each injection and the lower panel shows the integrated heat curve normalized 16 

per mole of injectant as a function of molar ratio. 17 

 18 
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2. NMR studies 19 

The interactions between FLX and metal ions (Fe (II) and Al (III)) were investigated using 1H 20 

NMR spectroscopy with a Bruker Avance III 700 MHz instrument. Initially, the 1H NMR spectrum 21 

of 100 µM FLX (600 µL in D2O) was recorded. FLX was then titrated with small aliquots of the 22 

metal solutions prepared in D2O, and NMR spectra were recorded to study different molar ratios 23 

for FLX to metal. The 1H NMR spectrum of the free ligand (FLX) was compared with that of the 24 

FLX-metal mixture to analyze the binding sites of the metal ions to FLX.  25 

The results for NMR measurements are shown in Figures D3 and D4. As shown in the figures, no 26 

prominent change was observed in the 1H NMR spectrum of FLX with the addition of metals Fe 27 

(II) and Al (III). The NMR experiments, thereby, showed no interaction of FLX- with the metal 28 

entities. 29 

 30 

Figure E3: Comparison of the proton shifts (1H NMR) of FLX with different molar ratios of  31 

Fe (II) 32 
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 33 

Figure E4: Comparison of the proton shifts (1H NMR) of FLX with different molar ratios of  34 

Al (III) 35 

 36 

3. Direct MS analysis 37 

 38 

Unlike a clean matrix like water, WW is a complex matrix where different parameters, such as 39 

ionic strength and the presence of promoters and inhibitors, play a crucial role in determining the 40 

behaviour of drugs towards metals. Therefore, in addition to ITC and NMR performed in the clean 41 

matrix, MS was used to study the formation of FLX-metal complex in wastewater collected from 42 

WWTP. For this, 100 ug/L (~1.62 µM) was spiked in collected filtered secondary wastewater, 43 

along with metals in a molar stoichiometric ratio of 1: 10 FLX: Metal. The metal: FLX ratio was 44 

deliberately maintained high to mimic real wastewater conditions and to enable accurate 45 

quantification using direct MS injection. The FLX-metal mixture was equilibrated for 24 h at room 46 

temperature, followed by MS analysis. 47 

 48 
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The results from MS analysis showed similar results. The concentrations of FLX after equilibration 49 

in WW spiked with metals (10 times the molar concentration of FLX) and were found to be similar 50 

to the control, where no metals were added (Figure E5). Further, a targeted analysis with expected 51 

FLX-metal complexes for different stoichiometric ratios yielded no results. Therefore, with ITC, 52 

NMR, and MS, it was confirmed that the formation of FLX-metal complex does not occur in both 53 

clean matrix like water or complex matrix like WW.  54 

 55 

Figure E5: Residual FLX concentrations in WW after equilibration with metals for 24 h 56 

 57 

Control Al (III) Cu (II) Fe (II) Ca (II) Mg (II)

0

100

200

300

400

500

600

[F
L

X
] 

(m
g

/L
)



221 
 

Appendix F: Supplementary Information for Chapter 8 58 

 59 

 60 

List of Tables: 61 

F1 Operating conditions for the steam- and CO2-activated biochar 

F2 Surface area, pore radius, elemental analyses and mineral composition of the 

synthesized biochar 

F3 FTIR spectral features for the selected biochar (CO2-1000-30-600-1) 

 62 

List of Figures: 63 

F1 Removal efficiency of (a.) Steam-activated (1-5), and (b.) CO2-activated biochar (6-10) 

for FLX concentrations of 0.5, 5, and 50 mg/L after 24 h 

F2 (a.) Comparison of kinetics of biochar 4 and 7 with 50 mg/L FLX for 24 h; (b) pHzc 
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F3 Pore size distribution of biochar 7 (CO2-1000-30-600-1) 
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(PFO) kinetic model, (b) Pseudo-second order (PSO) kinetic model, and (c) Intra-

particle diffusion model 
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 64 

 65 
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Text 1: Sample preparation for Biochar characterization 66 

a. Surface area analysis: The biochar samples were analyzed for their surface area with BET 67 

using surface area analyzer (NOVA 1200e) at Materials Characterization facility (MCF), 68 

Ontario Tech University, Canada. The sample preparation included degassing in a vacuum 69 

at 200 °C for 3 h before N2 gas physisorption analysis at 77 K.  The P/P0 range of >0.15 70 

was chosen for the DFT method to calculate the pore volume distribution. However, the 71 

samples, due to their low density, were too volatile and did not sit well at the bottom of the 72 

tube during analysis. The samples spread on the walls and gave a negative intercept on the 73 

BET plot. Therefore, the BET results were utilized only for optimization and comparison 74 

purposes.  75 

b. Elemental contents: The samples were prepared by the method mentioned elsewhere 76 

(McGrath and Cunliffe, 1985). Briefly, 1 mg of biochar sample was acid-digested with 6 77 

mL HCl and 2 mL HNO3 at 110 °C for 60 minutes. The mixture was cooled to room 78 

temperature before the second acid digestion with 10 mL 1.2% HNO3 at 80 °C for 30 79 

minutes. After the digestion, the samples were cooled again, volume made up to 20 mL 80 

with milliQ water, filtered and analyzed with ICP-OES Thermo Flash 2000 elemental 81 

analyzer. 82 

c. Cation Exchange Capacity (CEC): A compulsive exchange method with slight 83 

modifications was used to determine the cation exchange capacity (CEC) 330,331. A solution 84 

of 1 mg biochar was agitated at 200 rpm for 2 h with 5 mL 0.5 M BaCl2 solution, followed 85 

by filtration using a 0.45 µm syringe filter. The concentration of exchangeable bases (Mg, 86 

Na, Ca, Al, Mn, and Fe) was analyzed using ICP-AES Agilent 5110 Dual View. 87 
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d. Zeta (ζ) potential measurements: The zeta potential for the biochar samples were recorded 88 

with Zetasizer Nano Malvern, using 0.1 M NaCl as solvent. Briefly, 1 mg of biochar was 89 

bath sonicated in 0.1 M NaCl (5 mL) for 2 h to disperse the material. The suspension was 90 

then left undisturbed for 24 h, prior to the analysis.  91 

e. Point of zero charge (pHzc): The drift method, as reported elsewhere, with slight 92 

modification, was used to determine the pHzc for selected biochar sample (Liu et al., 2015; 93 

Xie et al., 2016). Briefly, 1 mg of biochar was added to 2 mL 0.1 M NaCl, initial pH values 94 

adjusted from 2-11 with 0.1 M NaOH or HCl. The difference between final and initial 95 

values of pH (pHfinal - pHinitial) was noted and plotted as a function of pHinitial. The pHzc is 96 

the point where pHfinal = pHinitial, or ΔpH (pHfinal - pHinitial) is zero.   97 

f. Surface functional groups: FTIR analysis for the selected biochar was performed using a 98 

KBr pellet Bruker Alpha-P, for wavelength 400-4000 cm-1 with a resolution of 2 cm-1 and 99 

number of scans 250. 100 

g. Scanning electron microscopy (SEM): The biochar samples were imaged using a Quanta 101 

FEG ESEM, operating at 20kV without gold coating to observe their superficial 102 

morphology. The samples were mounted on double-sided conductive carbon tape. EDS 103 

data were collected in high vacuum mode, while some higher magnification images were 104 

obtained in environmental (low vacuum) mode at 0.8 mB water vapour. The EDS data were 105 

acquired using an Oxford Inca system. 106 

 107 

 108 



224 
 

Text 2: Adsorption Isotherm and Kinetic Models 109 

Langmuir isotherm theory assumes ideal, irreversible, monolayer adsorption on a homogenous 110 

surface, and is characterized by the equation 295:  111 

𝐶𝑒

𝑞𝑒
=

1

𝑄0𝑏
+  

𝐶𝑒

𝑄0
      … equation (F1) 112 

where Ce is the equilibrium concentration of FLX (mg L-1), qe is the amount of FLX adsorbed per 113 

unit mass of adsorbent at equilibrium (mg g-1), b (L mg -1) is a constant related to the energy of 114 

adsorption (Langmuir constant), and Q0 (mg g -1) is the maximum monolayer adsorption capacity. 115 

These parameters are determined from the slope and intercept of the linear plot of Ce/qe vs Ce.  116 

While Freundlich isotherm accommodates non-ideal adsorption behaviour and describes 117 

multilayer adsorption on heterogeneous surfaces. The Freundlich parameters are characterized by 118 

the following linearized empirical equation 199: 119 

𝑙𝑛 𝑞𝑒 = 𝑙𝑛 𝐾𝐹 +
1

𝑛
 𝑙𝑛 𝐶𝑒     … equation (F2) 120 

 where KF (mg g-1 (L g-1) 1/n) is the Freundlich coefficient and n is the Freundlich exponent, 121 

representing adsorption capacity and strength, respectively, calculated from the linear plot of ln qe 122 

vs ln Ce. 123 

To further understand the kinetics of the adsorption, the experimental data was fit into the PFO, 124 

PSO, and IP models. The PFO kinetic model or Lagergren model for the adsorption of FLX onto 125 

biochar is described by 199,332:  126 

𝑙𝑛(𝑞𝑒 − 𝑞𝑡) = 𝑙𝑛 𝑞𝑒 −  𝑘1𝑡    … equation (F3) 127 

where qt and qe are the adsorbed FLX onto biochar at time t and at equilibrium (mg/g), and k1 is 128 

the rate constant (min -1). A plot of ln (qe – qt) vs t for different initial concentrations of FLX (1, 5, 129 
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10, 25, and 50 mg/L) was used to determine the rate constant for the adsorption. According to the 130 

PSO model, the rate of adsorption of analyte is proportional to the sites available on the adsorbent, 131 

and is given by equations 199,332,333: 132 

𝑡

𝑞𝑡
 =  

1

𝑘2 𝑞𝑒
2  +  

𝑡

𝑞𝑒
    … equation (F4) 133 

The parameters k2 (g/mg. min) and qe (mg/g) were determined from the slope and intercept of the 134 

linear plot of t/qt vs t.  135 

To determine diffusion and rate limiting step during adsorption, the experimental data was fit to 136 

IP diffusion model. Based on the presumption that adsorption of solute in a solution involves mass 137 

transfer of adsorbate (film or external diffusion), surface diffusion, and pore diffusion, the model 138 

is expressed by Weber-Morris equation 332: 139 

𝑞𝑡 =  𝐾𝑝√𝑡  +  𝐶    … equation (F5) 140 

 Kp is the intraparticle diffusion rate constant (mg/g. min0.5) and C (mg/g) is the boundary layer 141 

thickness, which determines the boundary layer effect- higher values, the greater the effect. If C=0 142 

(i.e., the plot passes through origin), IP diffusion controls the adsorption process; and if C ≠ 0 with 143 

multiple linear sections, these sections in the plot correspond to different mechanisms that control 144 

the adsorption process 199. The model parameters- C (mg/g) and rate constant (Kp), as determined 145 

from the intercept and slope of the linear plot of qt vs √t , respectively.  146 
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Text 3: Quantification of FLX using LC-MS 147 

The LCMS system comprised of Waters M-class UHPLC and a Sciex ZenoToF 7600. The 148 

chromatographic separation was achieved with Kinetex 2.6 µm XB-C18 100 Å, 50 X 0.3 mm 149 

column, maintained at a temperature of 50 °C, using gradient mobile phase (ultrapure water with 150 

0.1% v/v formic acid to Acetonitrile with 0.1% v/v formic acid). The other parameters were 151 

maintained as: positive ionization mode, flow rate 20 µL/min, injection volume 5 µL, curtain gas 152 

35 psi, CAD gas 7 psi, and spray voltage of 5500 V.   153 

154 
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Table F1: Operating conditions for the steam- and CO2-activated biochar 155 

 156 

Biochar ID Activation 

agent 

Flow   

(ml/min) 

P   

(bar) 

Activation 

temperature (ºC) 

Activation 

time   

(min) 

 

1 Steam 0.3 1 700 60 H2O-700-60-0.3-1 

2 Steam 0.3 1 800 60 H2O-800-60-0.3-1 

3 Steam 0.15 1 900 30 H2O-900-30-0.15-1 

4 Steam 0.07 1 900 30 H2O-900-30-0.07-1 

5 Steam 0.15 1 800 60 H2O-800-60-0.15-1 
       

6 CO2 300 1 900 30 CO2-900-30-300-1 

7 CO2 600 1 1000 30 CO2-1000-30-600-1 

8 CO2 600 >1 1000 30 CO2-1000-30-600-1 

9 CO2 600 1 800 30 CO2-800-30-600-1 

10 CO2 300 1 1000 15 CO2-1000-15-300-1 

 157 

 158 
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Table F2: Surface area, pore radius, elemental analyses and mineral composition of the 159 
synthesized biochar 160 

  Biochar ID  

 Parameters 1  2  3  4  5  6  7  8  9  10  

 Multipoint BET surf. area 

(m2/g) 
449  828  902  836 678  236  855 775  382  557  

 Single point (P/Po= 0.3) 

BET surf. area    

 (m2/g) 

458  829  907  830 692  221  804 721  377  549  

 DFT surface area (m2/g) 457  803  577  741 642  233  681 605  407  524  

 DA pore radius (Å) 6.1  6.8  7.4  7.8 7.2  8.2  6.6 6.3  7.1  6.5  

 Ca (mg/L) 2.20  1.96  3.10  2.20  2.10  1.92  2.30  2.60  1.71  2.30  

 K (mg/L) 3.90  5.50  13.0  5.90  7.00  5.60  8.50  10.1  3.40  4.50  

 Mg (mg/L) 0.310  0.360  0.470  0.370  0.340  0.390  0.370  0.380  0.300  0.340  

 Mn (mg/L) 0.003  0.005  0.010  0.004  0.004  0.003  0.005  0.005  0.003  0.003  

 Na (mg/L) 4.60  5.30  4.50  4.60  4.70  5.70  4.60  4.80  4.70  4.70  

 N % 0.72  0.28  0.25  0.29  0.39  0.41  2.42  0.47  0.42  0.54  

 C % 83.5  76.1  69.6  73.5  74.9  76.3  63.3  70.6  81.5  75.5  

 H % 1.79  2.09  2.60  2.00  2.02  1.36  1.44  2.17  1.42  1.54  

 S % 0.0  0.0  0.0  0.0  0.0  0.0  0.0  0.0  0.0  0.0  

O%  13.94  21.58  27.51  24.22  22.73  21.96  32.83  26.73  16.64  22.47  

O/C  0.167  0.284  0.395  0.33  0.304  0.288  0.519  0.378  0.204  0.298  

H/C  0.021  0.027  0.037  0.027  0.027  0.018  0.023  0.031  0.017  0.02  

(O+N)/C  0.176  0.287  0.399  0.334  0.309  0.293  0.557  0.385  0.209  0.305  

 161 

 162 
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Table F3: FTIR spectral features for the selected biochar (CO2-1000-30-600-1) 163 

Wavenumber (cm-1  ) Vibration and Functional groups 

3100-3800 O-H stretching 

2800-3000 Aliphatic C-H stretching (alkane/alkyl groups) 

2400-2250 C=O stretching for carbonyl functionalities 

1700-1760 C=O stretching (aldehyde, ketone, esters, and carboxylic acid) 

1500-1600 Aromatic C=C stretching 

1300-1400 O-H bending in phenols; C-O stretching from C-O-C groups, aryl ether 

1080-1300 Bending of phenolic C-O associated with lignin 

550-830 Aromatic C-H out-of-plane bending 

 164 

   165 
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Figures: 

 

 

Figure F8: Removal efficiency of (a.) Steam-activated (1-5), and (b.) CO2-activated biochar (6-10) for FLX concentrations of 0.5, 5, 

and 50 mg/L after 24 h 
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Figure F2: (a.) Comparison of biochar 4 and 7 kinetics with 50 mg/L FLX for 24 h; (b) pHzc and (c) FTIR spectrum of selected 

biochar 7 
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Figure F3: Pore size distribution of biochar 7 (CO2-1000-30-600-1) 
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Figure F4: Adsorption kinetic models for FLX adsorption onto biochar (a) Pseudo-first order (PFO) kinetic model, (b) Pseudo-second 

order (PSO) kinetic model, and (c) Intra-particle diffusion model. 
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Figure F5: Adsorption isotherm models for FLX adsorption onto biochar (a) Langmuir isotherm model, and (b) Freundlich isotherm 

model. 
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Figure F6: (a) % Desorption by various solvents, (b) % Removal and adsorption capacity of the regenerated biochar for subsequent 

adsorption cycles with 25 mg/L FLX after 2 h, and (c) TGA of raw and regenerated biochar 
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Appendix G: Supplementary Information for Chapter 9 
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Text 1: Sample Preparation for Biochar and CuO characterization 

a. Surface area analysis: Biochar and CuO particles were analyzed for their surface area and 

pore size distribution with BET analysis using NOVA 1200e surface area analyzer 

(Materials Characterization Facility, Ontario Tech. University, Canada). The samples were 

degassed in vacuum for 3 h at 200 °C, followed by N2 gas physisorption analysis at 77 K 

using a static volumetric method. That is, the amount of N2 that adsorbs on the surface was 

measured at varying relative pressures and the surface area was calculated using the linear 

plot of 1/[(W(P0/P -1))] vs P/P0 (also called the BET plot), with P/P0 varying from 0.05 to 

0.3. The specific surface area was calculated from the BET plot sample surface, cross 

sectional area of the adsorbed gas (16.2 Å2 for N2), and the mass of the analyte powder 

(BC and CuO). For pore size distribution using DFT, P/P0 > 0.15 was chosen.  

b. Elemental contents: The CHNS analysis of BC was performed using ICP-OES Thermo 

Flash 2000 elemental analyzer. For this, BC was acid-digested with HCl and HNO3 at 110 

°C for 1 h, followed by second acid digestion with 1.2% HNO3 at 80 °C for 30 minutes and 

colling to room temperature.  

c. Surface functional groups: FTIR analysis for both BC and CuO was performed using KBr 

pellet with Bruker Alpha-P, for a wavenumber range 400-4000 cm-1, resolution of 2 cm-1, 

and number of scans 250.  

d. X-Ray Diffraction (XRD): The XRD for CuO powder was recorded at room temperature 

(25 °C) with Bruker D8 eco Advance equipped with a source delivering Cu Kα radiation 

(λ = 1.54056 Å) with a step size of 0.02 and 2θ range of 20-75°.   

e. UV-Visible Diffuse Reflectance Spectroscopy (DRS): The DRS measurements were 

performed with Shimazdu UV-2600 Spectrophotometer DRS via two-detector integrating 

sphere with the wavelength ranging from 200 to 1400 nm. The baseline (Rstandard) was 

measured using a reference BaSO4.  

f. Zeta potential: The zeta potential of synthesized CuO particles was measured with 

Zetasizer Nano Malvern using milliQ water as the dispersant.  

g. Scanning electron microscopy (SEM): The samples (BC and CuO) were mounted on a 

conductive copper tape and imaged without gold coating using Hitachi FlexSEM 1000 II.  
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Text 2: Data fitting suing Pseudo-Second Order (PSO) kinetic model 

For data fitting, the data was fit to the PSO model using the following equation: 

𝑡

𝑞𝑡
=  

1

𝑘2 𝑞𝑒
2 + 

𝑡

𝑞𝑒
 … (equation G1) 

Where k2 (g/mg. min) is the rate constant, t (min) is time, and qt and qe (mg/g) is the adsorption 

capacity at time t and at equilibrium, respectively. The k2 and qe were determined from the slope 

and the intercept of the linear plot of t/qt vs t.  

 

Figures: 

 

Figure G1: FTIR spectra for biochar (BC) and synthesized CuO particles 
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Figure G2: Zeta Potential of synthesized CuO particles 

 

 

Figure G3: UVC irradiance versus distance from the source 
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Figure G4: Calibration curve for Fluoxetine (FLX) using UV-Visible spectroscopy (λ = 226 nm) 

 

Figure G5: Removal efficiency for FLX (25 mg/L, 50 mL) for five cycles of catalysts reuse  
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Figure G6: MS spectra of transformation products (TPs) formed during photocatalytic treatment 

at reaction times of 30 s, 2 min, and 5 min 
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Tables:  

Table G1: Composition of simulated wastewater effluent  

Composition Concentration (mg/L) 

Glucose  1000 ± 7.43  

(NH4)2SO4 235.7 ± 3.65  

KH2PO4 61.463 ± 1.5  

MgSO4 23.12 ± 0.56  

CaCl2•2H2O 14.67 ± 0.6  

FeCl3 7.76 ± 0.82  

Na2CO3 285.74 ± 3.5  

CoSO4· 7H2O 0.32 ± 0.03  

Na2MoO4•2H2O 0.07 ± 0.08  

MnSO4•H2O 0.08 ± 0.001  

ZnCl2 0.15 ± 0.05  

pH 6.6 ± 0.2 
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Table G2: Elemental analysis of CO2-activated olive stone biochar (CO2-1000-30-600-1) 

Material Parameter Value 

Biochar  

(CO2-1000-30-600-1) 

C % 63.3 

N % 2.42 

H% 1.44 

S % 0 

O % 32.83 

O/C 0.519 

H/C 0.023 

(O+N)/C 0.557 

 

 

Table G3: Superficial parameters obtained from N2 adsorption and desorption of CO2-activated 

olive stone biochar (BC) and CuO before and after treatment 

Material Multipoint BET Surface area 

(m2/g) 

DA pore radius (Å) 

Before 

treatment 

After 

treatment 

Before 

treatment 

After treatment 

BC 855 154.5 6.6 11.5 

CuO 7.0 23.2 15.6 15.9 

BC + CuO 210.8 149.0 9.3 13.6 
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Table G4: FTIR spectral features for BC and CuO 

Material Wavenumber (cm-1) Vibration and Functional groups 

Biochar 

(CO2-

1000-30-

600-1) 

3100-3800 

2800-3000  

2400-2250 

1700-1760  

1500-1600 

1300-1400 

 

1080-1300 

550-830 

O-H stretching 

Aliphatic C-H stretching (alkane/alkyl groups)  

C=O stretching for carbonyl functionalities 

C=O stretching (aldehyde, ketone, esters, and carboxylic acid) 

Aromatic C=C stretching 

O-H bending in phenols; C-O stretching from C-O-C groups, 

aryl ether 

Bending of phenolic C-O associated with lignin 

Aromatic C-H out-of-plane bending 

CuO 3400-3500 

2800-2900 

1380-1430 

400-600 

O-H stretching 

Aliphatic C-H stretching 

C-H bending; carboxylate groups 

Cu-O  
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Table G5: Characteristics of TPs and their predicted lethal (LC50), effective (EC50), and chronic doses (ChV) for fish (F), Daphnid 

(D) and green algae (GA) using EPI Suite  

Compo

und  
m/z  Chemical

  

formula  

SMILES code  Chemical and physical 

properties*  
Acute toxicity*  Chronic 

toxicity*  

Molecular 

weight   

(g mol–1) 

Water 

solubility 

(mg L–1) 

Log Kow LC50 EC50 ChV 

FLX  310  C17H18F3

N

O  

CNCCC(C1=CC=C

C=C1)OC2=CC=C(

C=C2)C(F)(F)F  

309.33  60.28  4.65  F96h = 1.06  
D48h = 0.771  

GA96h = 1.578  F = 0.139  
D = 0.148  

GA = 0.712  

TP1  166  C10H15NO

  
OC(CCNC)C1=CC

=CC=C1  
165.24  9.62 e+004  0.98  F96h = 148.71

  
D48h = 15.74

3  

GA96h = 16.42

7  
F =12.432  
D =1.152  

GA =5.006  

TP2  163  C7H5F3O  OC1=CC=C(C(F)(F

)F)C=C1  
162.11  993.9  2.48  F96h = 49.785

  
D48h = 29.53

8  

GA96h = 26.38

6  
F = 5.125  
D = 3.255  

GA = 7.620  

TP3  164  C10H13NO

  
O=C(CCNC)C1=C

C=CC=C1  
163.22  6.89 e+004  1.16  F96h = 762.32

4  
D48h = 400.5

34  

GA96h = 216.4

72  
F = 67.997  
D = 31.474  

GA = 47.693  

TP4  182  C10H15NO

2  
OC1=C(C(O)CCNC

)C=CC=C1  
181.24  7.885 e+005  0.50  F96h = 3318.8

19  
D48h = 1640.

550  

GA96h = 688.9

81  
F = 275.475  
D = 108.784  

GA = 132.513  

TP5  180  C10H13NO

2  
OC1=C(C(CCNC)=

O)C=CC=C1  
179.22  1.227 e+005  1.46  F96h = 453.10

1  
GA96h = 148.1

04  
F = 41.743  
D = 20.751  

GA = 34.684  
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D48h =244.67

9  

TP6  148  C10H13N  CNC/C=C\C1=CC=

CC=C1  
147.22  8589  2.30  F96h = 64.712

  
D48h = 37.78

4  

GA96h = 31.59

0  
F = 6.537  
D = 3.983  

GA = 8.803  

TP7  164  C10H13NO

  
OC1=C(/C=C\CNC)

C=CC=C1  
163.22  7.118 e+004  1.82  F96h = 193.66

8  
D48h = 108.1

75  

GA96h = 75.29

2  
F = 18.567  
D = 10.078  

GA = 19.010  

TP8  165  C7H7F3O  OC1C=CC(C(F)(F)

F)C=C1  
164.13  3834  2.04  F96h = 123.97

1  
D48h = 70.65

6  

GA96h = 53.45

4  
F = 12.171  
D = 6.963  

GA = 14.116  

TP9  143  C7H4F2O  O=C(C=C/1)C=CC1

=C(F)/F  
142.11  5552  1.37  F96h = 429.90

7  
D48h = 230.3

01  

GA96h = 134.8

57  
F = 39.233  
D = 19.100  

GA = 31.023  

TP10  179  C7H5F3O2

  
OC1=C(O)C=C(C(F

)(F)F)C=C1  
178.11  4225  2.00  F96h = 147.65

4  
D48h = 83.80

5  

GA96h = 62.32

2  
F = 14.426  
D = 8.164  

GA = 16.306  

TP11  115  C2HF3O2  OC(C(F)(F)F)=O  114.02  9.745 e+004  0.50  F96h = 20725.

350  
D48h = 10248

.305  

GA96h = 4309.

894  
F = 1720.957  
D = 680.191  

GA = 829.545  

TP12  326  C17H18F3

NO2  
CNCCC(OC1=CC=

C(C(F)(F)F)C=C1)

C2=C(O)C=CC=C2  

325.33  92.97  4.17  F96h = 3.018  
D48h = 2.094  

GA96h = 3.568  F = 0.374  
D = 0.356  

GA = 1.459  
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TP13  342  C17H18F3

NO3  
CNCCC(OC1=CC=

C(C(F)(F)F)C=C1)

C2=C(O)C=C(O)C=

C2  

341.33  191.8  3.69  F96h = 8.548  
D48h = 5.672  

GA96h = 8.048  F = 1.004  
D = 0.854  

GA = 2.982  

TP14  358  C17H18F3

NO4  
CNCCC(OC1=C(O)

C=C(C(F)(F)F)C=C

1)C2=C(O)C=C(O)

C=C2  

357.33  653  2.95  F96h = 41.016

  
D48h = 25.42

8  

GA96h = 27.24

0  
F = 4.447  
D = 3.167  

GA = 8.675  

TP15  374  C17H18F3

NO5  
CNCCC(OC1=C(O)

C=C(C(F)(F)F)C=C

1O)C2=C(O)C=C(O

)C=C2  

373.33  1341  2.47  F96h = 115.67

5  
D48h = 68.60

4  

GA96h = 61.18

2  
F = 11.903  
D = 7.552  

GA = 17.653  

TP16  308  C17H19F2

NO2  
CNCCC(OC1=CC=

C(C(F)(F)O)C=C1)

C2=CC=CC=C2  

307.34  192.7  3.24  F96h = 19.323

  
D48h = 12.30

6  

GA96h = 14.73

2  
F = 2.162  
D = 1.652  

GA = 4.981  

TP17  286  C17H19NO

3  
O=C(O)C(C=C1)=C

C=C1OC(CCNC)C2

=CC=CC=C2  

285.35  13.43  3.57  F96h = 9.182  
D48h = 6.025  

GA96h = 8.162  F = 1.064  
D = 0.879  

GA = 2.950  

TP18  296  C16H16F3

NO  
FC(F)(F)C1=CC=C(

OC(CCN)C2=CC=

CC=C2)C=C1  

295.31  35.7  4.18  F96h = 2.660  
D48h = 1.847  

GA96h = 3.166  F = 0.330  
D = 0.316  

GA = 1.299  

TP19  134  C9H11N  NC/C=C\C1=CC=C

C=C1  
133.19  2.457 e+004  1.84  F96h = 153.43

6  
D48h = 85.81

6  

GA96h = 60.05

7  
F = 14.733  
D = 8.025  

GA = 15.208  

* Estimated by ECOSAR software ; Log Kow = Octanol-water partition coefficient; LC50 = lethal concentration of a substance that can 

cause death in 50% of a test group; EC50 = expected concentration of a substance that can cause a specific adverse effect in 50% of a 

test group; ChV = chronic values; NES = no effects at saturation, reported when the effect level exceeds water solubility. 
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